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Abstract

Inland waters play an important role in the transport, transformation, loss and storage of
carbon (C) and nitrogen (N) in the pathway between terrestrial and marine systems. Inland
waters can act as both sources to the atmosphere through evasion of GHGs such as CO,, CH,
and N,0O, but also as sinks through C burial in sediments. To date, there are no major studies
on GHG release from reservoirs in the UK, despite drinking water provision being heavily
reliant on peatland-fed reservoirs. The overall aim of this thesis was therefore to quantify,
compare and understand C and N dynamics, both spatially and temporally, within 30
temperate reservoirs in North Wales (n = 15) and Scotland (n = 15). Chapter 3 presents a broad
overview of these 30 reservoirs, where the role of catchment characteristics in determining
spatial variation of reservoir biogeochemistry is investigated. Three of the Scottish reservoirs
included in Chapter 3 were also selected for greater in-depth sampling at weekly to fortnightly
intervals to provide greater temporal understanding of C and N, and become the two
remaining data chapters of this thesis. Chapter 4 quantifies GHG export from the catchments
of Baddinsgill (moorland) and Black Esk (forested) reservoirs, whilst Chapter 5 determines the

importance of water level drawdown on GHG emissions from Waltersmuir reservoir.

In Chapter 3, results show that the 30 sampled reservoirs were overall, oversaturated in CO,,
CH, but to a lesser extent in N,O, largely reflecting differences in catchment land cover and
soil types. Large temporal and spatial differences in C and N concentrations were also
observed, with seasonal differences occurring between reservoirs in Scotland and North
Wales. Influx of CO, was occasionally seen, with one reservoir showing overall negative

evasion which was linked to the presence of cyanobacteria.

Chapter 4 revealed that GHG evasion from inlets was higher than the reservoirs at both
Baddinsgill and Black Esk, emphasising the need for integrated, catchment wide monitoring
across stream and reservoir systems. Annual and areal Fluvial C and N fluxes were calculated
for both catchments, and the input-output balance also calculated to determine whether the
reservoirs were net C and N sources or sinks. Results revealed both reservoirs as overall net
sinks for C and N, apart from at Baddinsgill, which was a net CH, source. Dissolved inorganic
carbon (DIC) was the largest C input to both reservoirs, whilst nitrate (NO3') was the largest N

input.

All agquatic systems experience natural fluctuations in water level, this is often more extreme
in reservoir environments due to seasonal demands or operational maintenance. Chapter 5

determines the impact of a controlled water level drawdown on GHG emissions from both
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sediments and the surface water area at Waltersmuir reservoir. As the water level drops and
sediments become exposed to the air and begin to dry out, biogeochemical processes are
temporarily altered. Results showed pulses of GHG fluxes from the reservoir during the
drawdown period. Such episodic events were indicative of physical displacement of
accumulated sediment gases, which can contribute significantly to total reservoir emissions.
The three month drawdown period at Waltersmuir reservoir contributed disproportionately to
total annual emissions (66% of CO, equivalent-weighted emissions). This study adds to a
growing body of evidence that suggests reservoir drawdown zones are active areas of

biogeochemical cycling and can stimulate CO,, CH, and N,O release.

Conclusively, this thesis shows that GHG concentrations and fluxes from UK reservoirs are
highly temporally and spatially variable, with magnitudes comparable to other studies in
temperate and boreal regions. Fluctuating water levels can regulate emissions and should be
considered in budget studies, with the relative importance expected to increase under climate
scenarios. Future studies which aim to quantify GHG dynamics from UK reservoirs should focus
on integrated catchment wide monitoring (i.e. including any inflows, the reservoir itself, and
outflows) to gain fuller understanding of the reservoir impact on C and N, and also potential
impacts of catchment management on fluxes. Such monitoring is resource intensive so it is
recommended that future efforts focus on reservoirs across different tropic states (i.e.

oligotrophic to eutrophic) covering both lowland and upland catchments.
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1 Introduction

Scientific debate has been ongoing surrounding the role freshwater reservoirs play in the
global carbon cycle, and they are now considered significant contributors to atmospheric
greenhouse gas (GHG) emissions (Barros et al., 2011; Bastviken et al., 2011; Deemer et al.,
2016; DelSontro et al.,, 2018; Prairie et al., 2017; Rudd et al., 1993; St. Louis et al., 2000;
Tremblay et al., 2005). Reservoirs are anthropogenic aquatic systems that vary from natural
lakes in terms of morphometry, biological zones, external loadings and management
objectives (Zhen-Gang, 2008). Water storage and regulation are the primary functions of
reservoirs, where they are used for drinking water supply, aquaculture, hydroelectricity
generation, flood control, irrigation, navigation and recreation (Barros et al., 2011; St. Louis et
al., 2000; Tremblay et al., 2005; Zhen-Gang, 2008). Reservoirs are widely distributed globally
and numbers are steadily increasing due to growing economies and related water needs,
primarily linked to growth in agriculture, domestic use and power generation. Impoundments
are likely to increase in area at a rate of ~1-2% per annum, from ~400,000 km? to ~1 million
km? by 2050 (Downing et al., 2006). The hydrological cycle has been impacted by reservoir
creation (Barros et al., 2011; Bastien and Demarty, 2013; Mendonca et al., 2012), for example,
a total of ~10,800 km® of water has been impounded, reducing the magnitude of global sea
level rise by ~¥30 mm, at an average rate of ~0.55 mm per year during the past half century

(Chao et al., 2008).

Inland waters are important to the global carbon cycle, both as carbon sinks due to organic
carbon (OC) burial in sediments, and as carbon sources from carbon dioxide (CO,) and
methane (CH,) emissions to the atmosphere (Cole et al., 2007; DelSontro et al., 2018; Sobek et
al., 2012; Tranvik et al., 2009). Rivers naturally emit CO, due to terrestrial organic matter
decomposition (Cole et al., 2007; Tranvik et al., 2009) but turbulent flow retains high oxygen
conditions, meaning CH, emissions are less likely (Abril et al., 2005) apart from in organic-rich
systems (Lima, 2005). The terrestrial vegetation surrounding rivers typically functions as a CO,
sink as photosynthesis often exceeds respiration (Mendonga et al., 2012). Reservoir creation
from river damming results in the flooding of this terrestrial vegetation which can no longer
perform photosynthesis. The organic matter stored in vegetation and flooded soils becomes
available for bacterial decomposition, resulting in release of CO, and CH, — the flooded area
shifts from being a net sink to a net source of carbon to the atmosphere (Kelly et al., 1997,

Mendonca et al., 2012; St. Louis et al., 2000). Reservoir creations leads to increased water



volume, which in turn can increase water residence time from less than a day to several years
in some larger impoundments (Mendonga et al.,, 2012). With extended residence time,
internal processes such as stratification and nutrient fluxes can influence reservoir water
quality but if residence time is short, inflow from tributaries can have greater water quality
impacts (Zhen-Gang, 2008). Water velocity is also reduced in reservoir headwaters resulting in
reduced sediment carrying capacity and the retention of particulate matter transported by
rivers (Mendonca et al., 2012). Terrestrial derived organic matter is continuously flushed into
reservoir systems as they are typically constructed at the lower end of large drainage basins to
ensure optimal inflow (Kahn et al., 2014; Mendonga et al., 2012). Due to this excessive
availability of decomposable organic matter, reservoirs typically produce and emit greater
emissions than natural systems, particularly in the first twenty years after flooding (Barros et

al., 2011).

A key study in the quantification of GHG release from reservoirs was by St. Louis et al. (2000)
where they examined an existing GHG flux dataset from the surface of 21 temperate and
tropical reservoir sites worldwide and concluded that the reservoirs were in general, sources
of CO, (average 220 — 4460 mg m* d) and CH, (average 3 — 1140 mg m” d) to the atmosphere.
The potential for GHG production was shown by St. Louis et al. (2000) to differ from site to
site, especially when comparing temperate with tropical reservoirs. Such high variability in
GHG emissions is dependent on a variety of factors: i) between reservoirs e.g. reservoir
morphology, catchment characteristics, latitude, and climate; ii) within reservoirs e.g. along
longitudinal gradients from tributaries to the dam, and downstream of the dam; and iii) over
time e.g. reservoir age, diurnal and seasonal variability, changes in anthropogenic related
catchment activities, and with dam operation depending in precipitation and supply (Zhe Li et
al., 2014; Mendoncga et al., 2012; Tranvik et al., 2009). This has lead to an irregular database of
a large range of fluxes, primarily CH,;, with both potentially important areas and entire
continents receiving limited study (Deemer et al., 2016; Diem et al., 2012; St. Louis et al., 2000;
Sturm et al., 2014). For example, the temperate climate zone accounts for ~40% of total
reservoirs (Barros et al., 2011) but quantification of reservoir emissions by number is limited
(e.g. Deemer et al., 2016; DelSontro et al., 2010) and studies are focused on specific regions
(e.g. USA, Canada, China, Brazil). The first global analysis of all three GHGs emitted from both
lakes and impoundments found lake size and productivity to be important emission drivers
(DelSontro et al., 2018). They also showed upscaled GHG emissions (1.25-2.30 Pg of
CO,-equivalents annually) were equivalent to ~20% of global fossil fuel CO, emissions (9.3 Pg

_1 . . . . . .
C-CO, yr 7). There also is still loose understanding and more research is needed on emissions



from the drawdown area, degassing from reservoir structural features (turbines and
spillways), and the stream reach below the dam (Li and Zhang, 2014; Prairie et al., 2018).
Consequently, due to significant knowledge gaps, emissions from reservoirs have been
excluded from national GHG inventories (Bastien and Demarty, 2013; Forster et al., 2008;
Sturm et al., 2014). Another large knowledge gap is the issue of carbon burial and how to
determine the fraction that could be potentially considered an offset to GHG emissions from
reservoirs (Prairie et al., 2018). Over the next century, aquatic productivity is expected to
increase due to climate change and population growth, which in turn is expected to cause an
increase in aquatic CH, emissions. In a recent paper by Beaulieu et al. (2019) eutrophication of
lentic waters under different nutrient loading scenarios was stimulated and results showed
that enhanced eutrophication will substantially increase CH, emissions (+30-90%) over the
next century. Research presented in this thesis aims to quantify, compare and understand
carbon and nitrogen concentrations and dynamics within temperate freshwater reservoirs
across Scotland and North Wales. The overall aim is to improve understanding of temperate
reservoir systems and determine how significant CO,, CH, and N,O concentrations and
emissions are from reservoirs in Scotland and North Wales, particularly from peatland draining

systems where C exports can be high.

1.1Climate change and greenhouse gases

The climate system is warming, with many changes in physical and biological systems being
seen, for example: ocean and atmospheric warming, global mean sea level rise, diminished ice
and snow extents, and increasing concentrations of GHGs (Stocker et al., 2013). The
atmosphere’s radiative properties are strongly influenced by the abundance of well-mixed
GHGs, mainly CO,, CH, and N,O. Altogether, CO,, CH; and N,0O amount to 80% of the total
radiative forcing from GHGs, and these gases also have different radiative properties which
alter the degree of warming. The Global Warming Potential (GWP) is a metric used to quantify
the different absorption capacities, scaling the warming potential of each gas relative to that
of CO, (Forster et al., 2008; Stocker et al., 2013). For example, over a 100-year time horizon,
CH; and N,O have a GWP 34 and 298 times that of CO,, respectively. Atmospheric
concentrations of CO,, CH, and N,O in 2011 exceeded the range recorded in ice cores during
the past 800 kyr (Stocker et al., 2013). The observed concentrations from these gases result
from the dynamic balance between anthropogenic emissions, and the perturbation of natural
processes that leads to their partial removal from the atmosphere (Ciais, P. et al., 2013).
Biogeochemical cycles of CO,, CH, and N,0 and the physical climate system are coupled, with

emissions occurring from natural aquatic systems (e.g. rivers, lakes, wetlands, estuaries),



terrestrial systems (e.g. soils, forests) (Figure 1.1), and from anthropogenic sources (Cole et al.,

1994; Tremblay et al., 2005).

Global CH, emissions can be biogenic, thermogenic or pyrogenic in origin, with sources from
both natural processes and human activities (Ciais, P. et al., 2013). Most relevant in this thesis
are biogenic sources which are produced in the final stages of organic carbon degradation, and
are particularly prevalent in anoxic sediments of reservoirs and lakes (Emilson et al., 2018;
Eugster et al.,, 2011; Hertwich, 2013). In a recent global synthesis of GHG emissions from
reservoir surfaces, estimated total CH, fluxes are 13.3 Tg CH,-C yr* (Deemer et al., 2016).
Reservoirs are of particular concern as they tend to be of a higher trophic status (St. Louis et
al., 2000). In terms of carbon units compared to CO, emissions (220 — 4460 mg m* d), inland
water CH, emissions (3 — 1140 mg m? d) are smaller (data from the surface of 21 temperate
and tropical reservoir studies compiled by St. Louis et al. (2000). However, given the 34 times
greater GWP of CH,, studies quantifying reservoir emissions should include CH, (Sobek et al.,
2012). Lakes and reservoirs may also act as sources or sinks of N,O (Tranvik et al., 2009) but
globally, only 58 reservoirs (Deemer et al., 2016) have data available on N,0 emissions despite
having a much higher GWP than CH, (Guérin et al., 2008; Sturm et al., 2014; Tremblay et al.,
2005). Studies have also shown that aquatic systems can be important N,O sources, suggesting
more research needs to integrate N,O emissions (Beaulieu et al., 2015; Rosamond et al.,
2012). In a first-order approximation of global N,O emissions by inland waters using an
upscaling approach, it is suggested that lakes and impoundments could be emitting 0.63 Tg of

N,O-N per year (Soued et al., 2015).
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Figure 1.1 Diagram of the global carbon cycle, with numbers representing ‘carbon stocks’ in Pg
C and the annual carbon exchange fluxes in Pg C yr'. Red arrows and numbers represent
annual anthropogenic fluxes averaged over 2000-2009, whilst black numbers and arrows

indicate reservoir mass and exchange fluxes estimates prior to c. 1750 (Ciais, P. et al., 2013).

1.2Inland waters and the carbon cycle

At the regional scale, inland waters affect the climate through heat and water exchange with
the atmosphere (Krinner, 2003). They also play a major role in the global carbon cycle (Figure
1.1) despite occupying a small surface area of the Earth (Cole et al., 2007; Hertwich, 2013). The
Global Water Bodies database contains ~27 million water bodies larger than 0.01 km” which is
approximately 3.5% of Earth’s nonglaciated land surface area (Verpoorter et al., 2014). Inland
waters have been estimated to receive approximately 1.9 Pg C yr* from the terrestrial
landscape, where approximately 0.23 Pg is buried in sediments, 0.75 Pg is returned to the
atmosphere, and the remaining 0.9 Pg is transported to the oceans (Cole et al., 2007).
Uncertainty in such numbers exist with a similar study estimating that freshwaters receive 2.9
Pg C yr™, where 0.6 Pg goes to sedimentation and 1.4 Pg is emitted to the atmosphere (Tranvik
et al., 2009). Reservoirs have been recognised as important carbon cycling ‘hotspots’, with
some being important sinks for terrestrial-derived organic carbon, and a source of CO, from
mineralisation (Abril et al., 2005; Dai et al., 2013). Reservoirs have also been predicted to be

responsible for ~20% of total inland water CH,; emissions (Bastviken et al., 2011). It is



recognised that GHG emissions are highest in early years and decrease as the initially present
labile biomass and soil organic carbon degrades (Barros et al., 2011; Hertwich, 2013; Kelly et
al.,, 1997; Rudd et al.,, 1993). Given the large amounts of carbon being processed, it is
important to continue to improve the quantification of these fluxes to understand the global
carbon cycle and climate system (Prairie et al., 2018; Tranvik et al., 2009). Carbon sources
found in reservoirs are typically from i) submersion of soil and decayed plant materials
following impoundment; ii) continual vegetation decay from water level fluctuation; and ii)

organic matter input through catchment runoff (Dai et al., 2013; Tranvik et al., 2009).

There are also three major pathways of allochthonous and autochthonous carbon loss in
reservoirs and lakes, the relative importance of each determining whether a given aquatic
system is a GHG source or sink (Dai et al., 2013; Karlsson et al., 2007; Tranvik et al., 2009): i)
dissolved organic carbon (DOC) and particulate organic carbon (POC) are transported from the
water column to the sediment via organic carbon flocculation, integration into biological
material, and sedimentation of particulate organic matter (POM); ii) photochemical and
microbial processes degrade DOC and POC, leading to organic carbon mineralisation to CH,
and CO,; and iii) carbon compounds flowing downstream to other aquatic systems (Figure 1.2).
Exceptions are highly eutrophic reservoirs which are CO, sinks regardless of age or latitude

(Beaulieu et al., 2019; Roland et al., 2010).
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Figure 1.2 Possible biogenic CO, and CH4; emission pathways from reservoirs (Hertwich, 2013;

Kumar, A. et al.,, 2011).

Commonly the world’s inland waters are supersaturated with dissolved CO, and CH, (Cole et
al., 1994; Z. Li et al., 2014; Pighini et al., 2018; St. Louis et al., 2000), resulting from the balance

of GHGs transported in and out of the aquatic system (Cole et al., 2007). Evasion of these



gases from water surfaces may represent a significant pathway for carbon loss (Hope et al.,
2004; Kling et al., 1991) which is controlled by the gas transfer velocity (K) and gas
concentration gradient (Cole et al., 1994). Estimates of CO, evasion from running waters varies
widely, for example in Scottish peatland streams, estimates are between 21-806 pg m™> s*
(Billett and Harvey, 2013; Dinsmore et al., 2010; Hope et al., 2001; Jovana. Kokic et al., 2015).
In terms of total catchment budgets, stream and river CO, evasion contributions have been
estimated to equal up to 70% of net annual carbon accumulation for peatlands (Hope et al.,

2001).

Typically, GHG emissions rapidly increase after flooding, after which emission rates begin to
reduce to values typical of natural aquatic systems (Demarty and Bastien, 2011; Kelly, 2001;
Teodoru et al., 2011; Tremblay et al., 2005). In a study of flooded boreal reservoirs between
1991 and 2004, Tremblay et al. (2005) found GHG fluxes were typically 3-10 times higher than
those in natural lakes at their maximum, usually 2-5 years after impoundment. They also
showed emissions declined about 10 years post-impoundment. Galy-Lacaux et al. (1999)
estimated that emissions would reach a steady state after ~20 years. In addition, a significant
relationship between GHG emissions and age has been shown for temperate reservoirs (St.

Louis et al., 2000) and for reservoirs globally (Barros et al., 2011).

Continual organic matter inputs from inflowing tributaries, phytoplankton production and
plant regrowth during drawdown periods may become the main sources of organic carbon and
subsequent emissions as reservoirs age (Fearnside, 2005; Hertwich, 2013; Roland et al., 2010).
(Mendonga et al. (2012) found GHGs emitted from reservoir surfaces are not always produced
within the system, as tributaries can export significant amounts of GHGs to reservoirs.
Reservoirs are intrinsically linked to the rivers and streams that feed them (Baxter, 1977) in
which water and sediment inputs are functions of catchment land-use (Burford et al., 2007;

Kelly, 2001; Jovana Kokic et al., 2015).

In the UK, peatlands comprise a large proportion of the total soil C pool (~¥2302 Mt C), with
most extensive areas in cooler and wetter (mainly upland) regions (Billett et al., 2010).
Peatlands can also export carbon, mainly DOC, downstream to lakes and reservoirs through
runoff (Evans et al., 2013; Jovana Kokic et al.,, 2015). Reservoirs located downstream of
peatlands, especially those affected by erosion, accumulate organic matter in the sediments
(Evans et al., 2013). DOC can be transported long distances downstream, whereas most fluvial
CO, is rapidly lost to the atmosphere by evasion (Billett and Harvey, 2013). There are large

uncertainties over the fate of DOC as well as its source within peatland ecosystems (Evans et



al., 2014). Streams and rivers associated with peatland systems have also been found to be
supersaturated in CO, and CH, (Dinsmore and Billett, 2008; Hope et al., 2001; Wallin et al.,
2011) which provides an indication of the aquatic system degassing potential (Billett et al.,
2015). Although N,O supersaturation is less common, due to the large GWP, even small
evasion losses could contribute significantly to catchment GHG budgets (Dinsmore et al., 2013)
gases are lost from the aquatic pathway as surface water gas concentrations gradually
equilibrate with lower atmospheric concentrations (Billett et al., 2015). In addition to fluvial
inputs from the catchment area, CO, can also enter lakes and reservoirs through direct
groundwater inputs (Striegl and Michmerhuizen, 1998). The location of soil types within the
catchment also influence stream water concentrations, for example, biogenic CO,
concentrations are generally higher where organic soils, rather than mineral, form alongside

stream channels (Wallin et al., 2011).

Streams and lakes have been studied separately due to limited integrated research, and
because physical atmospheric gas exchange and oversaturation drivers are usually system
specific (Jovana. Kokic et al., 2015). Such lack of connectivity between studies deters
understanding of inland water C dynamics at landscape scales. Past research has focussed
more on lakes and reservoirs since they cover a larger area of Earth’s surface (Algesten et al.,
2004) but recently, studies have provided evidence that streams also have a significant
influence on C dynamics (Crawford et al., 2013; Lundin et al., 2013; Marescaux et al., 2018).
For example, fluvial stream networks have been found to be important for CO, evasion in the
U.S. (Butman and Raymond, 2011) and for small-order streams (Raymond et al., 2013). Wallin
et al. (2013) showed that stream CO, evasion in a boreal catchment surpassed fluvial
downstream DOC and DIC transport. Even at small spatial scales, Jovana Kokic et al. (2015)
showed that CO, evasion from headwater systems of a boreal lake catchment can be the
dominant C loss pathway in the aquatic continuum. Streams of the Lake Gaddtjarn catchment
covered ~0.1% of the catchment area but were responsible for an atmospheric C loss greater
than the sum of all C losses from the lake, which includes CO, evasion and DOC/DIC export via
the outlet. Higher stream evasion rates can often be explained by higher turbulence from the
flowing water, increasing the gas exchange ability (Teodoru et al., 2011). At the global scale,
streams and rivers have been estimated to evade up to six times more CO, to the atmosphere
than lakes and reservoirs (Raymond et al., 2013). However, small low-order streams are
difficult to integrate into global CO, evasion estimates as knowledge of their area and K is

limited (Cole et al., 2007; Jovana Kokic et al., 2015). It has become increasingly important to



integrate and compare studies, which investigate C dynamics at small spatial scales for

reservoirs, lakes and streams.

DOC influences water quality through the transport of metals and nutrients, and also affects
pH. Water supply companies have been known to remove DOC to meet drinking quality
standards (Clark et al., 2007; Driscoll et al., 1989; A. Stimson et al., 2017). DOC input has also
been found to positively correlate with reservoir CO, and CH, emissions (Barros et al., 2011).
POC typically represents a small proportion of the total aquatic flux (Dinsmore et al., 2013),
reaching less than 100 g C m yr! in eroding systems (Evans et al., 2006; Pawson et al., 2012).
In terms of export rates, typically POC fluxes are episodic and highly variable (Dinsmore et al.,
2010) due to linkages with high flow events, creating quantification difficulties (Dinsmore et
al., 2013). Dissolved inorganic carbon (DIC) is mainly derived from the bedrock-soil system and
controlled by processes such as drawdown, weathering, organic matter decomposition, root
respiration, or produced in-stream from either terrestrial or aquatic-derived substrate

decomposition (Billett et al., 2007; Hope et al., 2004; Johnson et al., 2007).

1.2.1 Greenhouse gas emission pathways
There are several possible fates of GHGs produced in reservoirs (Figure 1.2) and it is important

to quantifying reservoir emissions from all pathways (Hertwich, 2013; Prairie et al., 2018;
Tranvik et al., 2009).Emissions can occur through molecular diffusion at the water-air interface
of reservoir surfaces (e.g. Mosher et al., 2015; Roland et al., 2010). Diffusive fluxes of CO,, CH,
and N,O are dependent on a concentration gradient and on gas solubility in water, which
according to Le Chatalier’s principle, is negatively related to temperature and positively
related to pressure (Mendonca et al., 2012). Therefore, GHG emissions through diffusion tend
to be greater in reservoirs located at lower altitudes and in warmer regions. Diffusion is also
dependent on wind speed and rainfall (Hertwich, 2013). Reservoir surfaces are typically
dominated by diffusive CO, fluxes due to oxidation of diffusive CH, by methanotrophic
bacteria above the anoxic-oxic layer interface (Barros et al., 2011). CH,, and any other gases
can also be emitted via diffusion through plant stems but this pathway has also received little
attention in reservoir studies(Bastviken et al., 2011; Bolpagni et al., 2017; Tranvik et al., 2009).
It is also important to consider waterbodies inflowing to the reservoir as they can add
considerable amounts of dissolved GHGs to the epilimnion, which influences diffusive surface

fluxes (Diem et al., 2012; Kokic et al., 2015).

Bubbles (ebullition), is a second major emission pathway, produced at the anoxic sediment-
water interface where they migrate through the water column and into the atmosphere

(Beaulieu et al.,, 2017; DelSontro et al.,, 2016; Hertwich, 2013). Ebullition is related to
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temperature and the hydrostatic pressure in the water column (Harrison et al.,, 2017,
Hertwich, 2013) and is dominated by CH, due to its low water solubility (DelSontro et al., 2010;
McGinnis et al., 2016). The bubbles can be of varying sizes but typically 2-8 millimetres. In
deeper systems (>40 meters), bubbles usually dissolve during the rise through the water
column due to oxidation exposure by aquatic methanotrophs (Harrison et al., 2017; McGinnis
et al., 2016; Sobek et al., 2012). Methane ebullition is commonly captured when released from
shallow sediments (<10 meters) as aquatic CH, oxidizers are bypassed, resulting in high
atmospheric CH, emissions. In addition, studies have also demonstrated that ebullition can
occur from deeper regions of reservoirs (DelSontro et al., 2010; Harrison et al., 2017; Rosa et
al., 2004)Factors controlling CH, ebullition release in aquatic systems are relatively well
understood (Bastviken et al., 2011, 2004) but ebullition quantification remains underestimated
largely due to its stochastic nature (Beaulieu et al., 2017; DelSontro et al., 2011; Harrison et al.,
2017). This is a result of numerous environmental factors influencing its spatial and temporal
variability (Eugster et al., 2011), for example, temperature and levels of organic carbon input
directly impact methanogenesis rates and therefore, most likely control the probability of
ebullition occurring (Bastviken et al., 2004). Lake Wohlen is a small temperate (2.5 km?),
shallow (9m mean depth), run of the river Swiss hydropower reservoir (constructed in 1920)
that has been extensively studied (e.g. DelSontro et al., 2010; Eugster et al., 2011; Sobek et al.,
2012). Lake Wohlen on average emits ~86 mg CH, m ™~ d* via ebullition alone (DelSontro et al.,
2010; Sobek et al., 2009). Lake Wohlen has been found to typically exceed ebullition in boreal,
tropical and other temperate reservoirs (St Louis et al., 2000; Abril et al., 2005; DelSontro et
al., 2010). Globally, temperate reservoirs are often an overlooked source of CH,, particularly
since larger reservoirs are more commonly located in tropical regions where temperatures
support year round methanogenesis (St Louis et al., 2000; Sobek et al., 2009). For example, the
global synthesis study Deemer et al. (2016), ebullition measurements were included at only 75

(out of 267) reservoirs worldwide, 11 of which were in Europe and 23 in North America.

The science of reservoir GHGs has considerably matured in recent years, but there are still
fluxes that are only loosely constrained and for which active research is required, such as in
the following pathways (Prairie et al., 2018). Downstream of the reservoir dam, GHGs can be
emitted by turbulent degassing as water passes through turbines, becoming a GHG source,
though more common in hydropower reservoirs (Mendonga et al.,, 2012; Rosa et al., 2004;
Tremblay et al., 2005). The water inlet and spillway depths are generally located in lower to
medium depths of the reservoir, where large amounts of CH, are produced in anoxic

environments. As water is drawn from deeper layers, the process of CH, oxidation in the water
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column is evaded (Rosa et al., 2004; Abril et al., 2005; Tranvik et al., 2009). There is a sudden
drop in hydrostatic pressure as CH, rich water emerges from the turbines and spillway, with
much of the gas dissolved in the water being rapidly released to the atmosphere (Rosa et al.,
2004; Tranvik et al., 2009; Mendonca et al., 2012). In addition, diffusive flux and ebullition of
CO, and CH, also occur across the air-water interface in the river outflow or spillway

downstream of the dam (Mendonca et al., 2012; Tranvik et al., 2009; Tremblay et al., 2005).

In many systems, water-level fluctuations leave periodically exposed surface areas known as
drawdown zones. A growing number of studies are now reporting GHG emissions from these
zones (Deshmukh et al., 2018; Harrison et al., 2017; Li et al., 2016a; Yang et al., 2015) but it is
important to continue to quantify emissions, especially if flooding and droughts are expected
to become more frequent from climate change (Prairie et al., 2018). Enhanced emissions can
occur when the hydrostatic pressure is reduced, a result of current-induced bottom shear
stress from the lowering of water storage levels (Ostrovsky et al., 2008). The reported
measurements have shown large variation in fluxes, for example, CH, can range from small to
significant sources (Serca et al., 2016; Yang et al., 2012), and even CH, sinks (Li et al., 2016).
High emissions could potentially be minimised by preventing prolonged exposure of reservoir

sediments to the atmosphere during drawdown periods (Evans et al., 2013).

1.2.2 Mineralisation, Sedimentation and GHG emissions

River segmentation and disruption from the creation of dams change bed load, suspended
particle and organic matter transport, leading to an accumulation behind the dam wall (St
Louis et al., 2000; Maeck et al., 2013). Covering only 3% of continents, inland waters bury
~50% more carbon than the oceans and emit ~1.4 Pg of C yr' in gaseous form to the
atmosphere (Tranvik et al., 2009). Reservoir sediments were estimated to accumulate 0.16-0.2
Pg of organic carbon annually (Dean and Gorham, 1998) which is more than what is buried in

lakes (Cole et al., 2007).

Organic-rich sediments in reservoirs and lakes are ‘hotspots’ for methanogenesis since
conditions are typically anoxic below the surface layer. They show low concentrations of
electron acceptors for anaerobic respiration, and receive a continuous supply of particulate
organic matter from terrestrial sources and internal primary production (Bastviken et al.,
2004). Once organic matter is in reservoir sediments, it can become i) mineralised by aerobic
or anaerobic bacteria and released as CO, and CH, in the water column; ii) re-suspended; or iii)

remain buried (Aberg et al., 2004; Mendonca et al., 2012; Sobek et al., 2012; Emilson et al.,
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2018). Each of these processes is system-specific and will influence whether the reservoir is an

overall net sink or source of atmospheric GHGs (Mendonga et al., 2012).

Aerobic mineralisation is limited to the upper sediment layer (Mendonga et al., 2012), where
the layer thickness varies depending on factors such as: hypolimnetic oxygen concentrations,
the oxygen diffusion coefficient at the sediment-water interface, and oxygen consumption
rates during organic matter mineralisation. Below this top oxygenated layer, anaerobic
processes dominate sediment metabolism, which produce both CH, and CO,. These gases
accumulate in the sediment pore-water and are typically released to the water column (Abril
et al.,, 2005; Mendonca et al.,, 2012; Sturm et al., 2014; Emilson et al., 2018). In stratified
reservoirs, O, consumption from organic matter mineralisation in bottom layers is no longer
offset by water exchange from the top oxygenated layers (Mendonga et al., 2012). This
gradually causes bottom water layers to become anoxic. Under these conditions
methanogenic bacteria metabolise organic compounds, hydrogen and CO, into CH,
(methanogenesis), which leads to high CH, concentrations in reservoir bottom layers (Abril et
al., 2005; Sturm et al., 2014). Zones within a reservoir may also contain large gradients in
dissolved oxygen availability, for example the metalimnion under stratified conditions or the
upper layers of shallow sediments, and promote oxidation of dissolved CH, via
methanotrophic bacteria (Guérin and Abril, 2007) which can significantly reduce diffusive
emissions from the reservoir surface (Sturm et al., 2014). The extent of CH, oxidation is

dependent on oxygen availability so can be higher in deeper reservoirs (Lima, 2005).

In organic-rich sediments, high mineralisation rates combined with the hydrophobic
characteristics of CH,;, can result in ebullition and rapid atmospheric emission release
(Bastviken et al., 2004). Mendonga et al. (2012) found that GHG production is small overall in
reservoir water columns compared to production in sediments. There have been recent
advances in understanding organic carbon fate in freshwater sediments but significant
knowledge gaps remain (Sobek et al., 2009; Sobek et al., 2012; Emilson et al., 2018). For
example, the proportion of sediment organic carbon converted to CH, and released to the
atmosphere is difficult to predict (Sobek et al., 2012) as CH, is emitted by diffusion but also
ebullition which is stochastic (Bastviken et al., 2004). Despite the importance of sediment for
organic matter mineralisation and GHG production, more research is still required for

sediment fluxes (Abe et al., 2005; Aberg et al., 2004; Emilson et al., 2018).

Production and consumption of N,O is also linked to zones where large dissolved oxygen

gradients occur (Sturm et al., 2014). Under oxic conditions, N,O is mainly produced as a by-
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product of nitrification. At the oxic-anoxic boundary, N,O is produced by denitrification.
Denitrification products are N,O and N,, and their emission ratios depending on the redox
status of the system, with increasing N, production as O, concentrations decline (Mengis et al.,
1997). This oxic-anoxic boundary can be found in the water column of stratified reservoirs. In
well-mixed systems or at shallower sites, dissolved oxygen can reach the sediment surface,
resulting in N,O production in either the water column or the upper sediment layers (Sturm et

al., 2014).

1.2.3 Additional factors driving C dynamics and GHG emission processes

There are a variety of additional factors which can also influence GHG emissions from
reservoirs. Thermal stratification is triggered by water density differences, which leads to
water layer formations, the epilimnion (top), metalimnion (middle) and hypolimnion (bottom)
(Mendonga et al., 2012). Once these layers form, there is no mixing between the top and
bottom unless stress such as wind, increased inflows or temperature shifts, can break water
column stability. Stratification affects oxygen dynamics and thus reservoir GHG emissions. In
reservoirs, velocity, suspended matter and available nutrients gradually decrease downstream,
whilst light penetration, vertical stratification and internal nutrient cycling increases (Zhen-
Gang, 2007). Changes in light penetration to depth are also a direct effect of high water
colour. Photosynthesis in reservoirs is typically performed by light-limited phytoplankton due
to the deep water column. For example, in eutrophic reservoirs (high nutrient concentrations
and phytoplankton production) photosynthesis can greatly reduce CO, concentrations causing
the reservoir to become an atmospheric CO, sink (Mendonga et al., 2012). Barros et al. (2011)
observe this in reservoirs across the globe but reservoirs acting as carbon sinks are very few

compared to those acting as CO, sources.

In addition to vertical stratification, reservoirs can display significant longitudinal gradients in
water quality and hydrodynamic variables due to upstream inflows and a downstream outflow
(Zhen-Gang, 2007). Generally, reservoirs have three distinct zones: i) the riverine zone is
typically narrow but well mixed, with greater advection and where the flow can still transport
substantial quantities of suspended particles; ii) the transition zone sees the water surface
slope decreasing resulting in reduced velocities and suspended particles settling, and
buoyancy forces become more significant due to density differences between inflows and lake
waters; and iii) the lacustrine zone has characteristic lake-like conditions, particularly in the
fore bay behind the dam, where buoyancy forces dominate flow patterns and suspended
particles are generally low due to low flow velocities and deep waters (Zhen-Gang, 2007;

Zheng et al., 2011; Mendoncga et al., 2012).
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Furthermore, precipitation, temperature and wind influence reservoir spatial and temporal
variability, which in turn influences the rate of gas exchange from the water-atmosphere
interface (Eugster et al., 2011; Mendonga et al., 2012; Bastien and Demarty, 2013; Hertwich,
2013). Wind is an important control on water movement within reservoirs and lakes; it can
create turbulence, surface and internal waves, and horizontal and vertical currents (Zhen-
Gang, 2007; Mendonga et al., 2012). Such processes are influenced by a variety of factors,
including: morphological basin characteristics, surrounding terrain, fetch, wind direction and
temperature. Reservoirs can develop complex circulation patterns due to their dendritic
geometry, for example, dissolved compounds can be transported by deep water circulation
(Mendonga et al., 2012). In summer months, reservoirs are highly temperature stratified and
weakly forced by wind, whereas in spring and winter, higher wind velocities can enhance

mixing processes.

Precipitation can vary annually in frequency and intensity and can also produce diverse
seasonal patterns that alter water residence time and shift the intensity of environmental
processes occurring within the water column (Mendonga et al., 2012). Previous studies have
also shown that lateral aquatic carbon export is biased towards high flow events (Dinsmore
and Billett, 2008; Dyson et al., 2011). Increases in storm frequency or intensity are also likely
to impact total CO, export from soils to surface waters (Dinsmore et al., 2013). Understanding
stormflow GHG dynamics has become increasingly important to accurately quantify and

predict catchment carbon losses via the aquatic pathway.

Temperature changes can directly and indirectly affect processes involved in reservoir GHG
production, consumption and emission (Mendonga et al., 2012). For example, primary
production (Flanagan et al., 2003) and respiration (Sand-Jensen et al., 2007) are considerably
influenced by temperature. Damming can also cause increased surface water temperatures,
providing an opportunity for biomass growth and nutrient absorption (Hertwich, 2013).
Reservoirs in warmer latitudes typically have higher GHG emissions (Barros et al., 2011) linked
to greater mineralisation and less carbon burial in sediments (Gudasz et al., 2010). It is likely,
especially in colder and temperate regions, that reservoir GHG emissions will increase based

on IPCC global temperature change scenarios (Mendonca et al., 2012).

1.3 Emission estimates from previous research

Early GHG emission studies focused on CO, and CH, surface fluxes from hydroelectric
reservoirs (e.g. Rudd et al., 1993; Kelly et al., 2001;) as they were broadly regarded as carbon-

free energy sources. Research has focused on reservoirs in Canada (e.g. Rudd et al., 1993),
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Brazil (e.g. Fearnside, 2005) and more recently, Finland (Bergstrom et al., 2007; Huttunen et
al., 2002), Switzerland (e.g. Diem et al., 2012) and China which has some of the world’s largest
reservoirs (Chen et al., 2009; Li and Zhang, 2014; Wang et al., 2006; Zheng et al., 2011). Table

1.1 displays a variety of flux and ebullition results from some reservoir and lake studies.

In an early study by Rudd et al. (1993), it was hypothesised that reservoir GHG production was
not zero and could be dependent on the amount of organic carbon flooded during reservoir
creation. This initiated the Experimental Lakes Area Reservoir Project (ELARP), which aimed to
create a reservoir in a controlled manner and quantify net change in GHG fluxes as a result of
flooding (Kelly et al., 1997; St Louis et al., 2000). Results showed that on average, the wetland
was a carbon sink of 6.6 g C m? yr' before the flooding. After flooding, it became a large
carbon source of 120g CO, m2yr™* and 9g CH, m?yr* (Kelly et al., 1997). Similarly, in Canada,
three boreal upland areas with varying amounts of organic carbon stored in vegetation and
soils were flooded for five years via the Flooded Upland Dynamics Experiment (FLUDEX)
(Matthews et al., 2005). During the first three years, the flooded soils and forests became net
sources of both CO, and CH, to the atmosphere, with a peak in CH, ebullition in the third year

and net DIC production declined noticeably over the five years.

St Louis et al. (2000) published the first global estimate of GHG emissions from the surface of
reservoirs at approximately 321 Tg C m2yr™ (273 Tg CO, m?yr* and 48 Tg CH, m2yr™). When
the GWP of CH, is considered, these emissions correspond to 2600 Tg CO,-eq yr'* (Mendonca
et al., 2012). Average fluxes of 1400 mg m™ d™ of CO, and 20 mg m” d™* of CH, were also
estimated from 21 temperate reservoirs across Canada, US and Finland which ranged widely in
age (1-73 years) and size (0.2-2500 km?) (St Louis et al., 2000). In another key assessment of
GHG emissions compiled from 85 hydroelecric reservoirs (covering ~20% of the global area
occupied by hydroelectric reservoirs), it was estimated that globally emissions were 51 Tg C yr*
(48 Tg CO, yr* and 3 Tg CH, yr* or 288 Tg CO,-equ yr™') (Barros et al., 2011). Compared to the
estimate by St Louis et al. (2000), this figure is lower but can be explained by the smaller area
occupied by hydroelectric reservoirs (350,000 km? compared to the 1,500,000 km? from all
reservoir types) and the bias of more limited data. Barros et al. (2011) also showed emissions

to correlate with latitude and reservoir age, with highest emission rates in the Amazon.

In a revised assessment of GHG emissions from hydropower reservoirs through consideration
of the drawdown zone, surface area and downstream degassing, total CO, emissions were
estimated at 301.3 Tg CO, yr™ (Li and Zhang, 2014). This is 1.7 times higher than Barros et al.
(2011) but approximate to Hertwich (2013) at 278.7 Tg CO, yr™. Total CH, emissions were
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estimated at 13.3 Tg CH4 yr™* (Li and Zhang, 2014), which is three times higher than the Barros
et al. (2011) estimate. The sum of downstream and drawdown emissions were thought to
represent 42% of CO, and 67% of CH, total emissions, both of which are generally overlooked.
Such results suggest more data are required on drawdown and downstream emissions for

greater accuracy in reservoir GHG emission quantification (Li and Zhang, 2014).

In a recent global synthesis of GHG emissions from reservoir surfaces, estimated total fluxes
were 13.3 Tg CH,-C yr™, 36.8 Tg CO,-C yr* and 0.03 Tg N,O-N yr* (Deemer et al., 2016). This
study estimated that GHG emissions from reservoir water surfaces account for 0.8 (0.5-1.2) Pg
CO, equivalents per year, with the majority of this forcing due to CH,. Factors linked to
reservoir productivity were also found to better explain emission predictors than e.g. age and
latitude as per the study by Barros et al. (2011). As previously mentioned, aquatic systems are
also considered a source of N,O emission, however estimates are mainly from streams and
rivers (Venkiteswaran et al., 2014) and knowledge still remains limited on lake and reservoir
N,O emissions (Beaulieu et al., 2015; Guérin et al., 2008). A first-order approximation of global
N,O emissions by inland waters using an upscaling approach suggested that lakes and

impoundments could be emitting 0.63 Tg of N,O-N per year (Soued et al., 2015).

Across temperate European studies, Deemer et al. (2016) also found a total of 31 reservoirs
(out of 267 reservoirs worldwide) to have GHG emission estimate data. Despite a growing
spatial coverage of GHG flux measurements, they identified that in many regions, few
measurements remain and that there are currently threefold and fourfold more reservoirs
with CO, estimates than for CH, (ebullition and diffusion) and N,O, respectively. For example,
no studies were identified for UK reservoirs so their contribution as GHG emitters is not
recognised. Emission studies here would shed light on this underappreciated region, which is

important for inclusion in global GHG estimates.

Most recently, DelSontro et al. (2018) presented the first global analysis of all three GHGs
emitted from both lakes and impoundments, and found lake size and productivity to be
important drivers of emissions. They also showed that the upscaled GHG emissions (1.25-2.30
Pg of CO,-equivalents annually) are equivalent to ~20% of global fossil fuel CO, emissions (9.3
Pg C-CO, yr''). With continued eutrophication, emissions are expected to rise further,
DelSontro et al. (2018) estimated this could lead to a 5-40% increase in the GHG effects to the
atmosphere i.e. adding the equivalent effect of another 13% of fossil fuel combustion. Over
the next century, aquatic productivity is expected to increase due to climate change and

population growth, which in turn will cause an increase in aquatic CH, emissions. In a recent
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paper by Beaulieu et al. (2019), eutrophication of lentic waters under different nutrient
loading scenarios was stimulated and results showed enhanced eutrophication will
substantially increase CH, emissions (+30—90%) over the next century. Such an increase in CH,
emission has an atmospheric impact of 1.7-2.6 PgC-CO,-eqy™", equivalent to 18-33% of

annual CO, emissions from fossil fuel burning.

Studies also began taking a more holistic approach, incorporating emission pathways from
turbines and downstream of the dam (Mendonga et al., 2012). More research is still required
to estimate the magnitude of downstream emissions from reservoirs, especially those that are
stratified (Prairie et al., 2018). For example, Galy-Lacaux et al. (1997) began a 10-year emission
study of the tropical Petit Saut reservoir and showed downstream degassing can represent a
major CH, pathway. Temperate reservoirs have also been found to have high emissions
downstream of the dam but there remains scope for further study on this point (Abril et al.,
2005; Roehm and Tremblay, 2006; Soumis et al., 2004). An increasing number of studies have
also shown that streams have important landscape scale impact on C budgets (e.g. Crawford
et al., 2013) but integrative inland water studies which combine GHG measurements across
lentic and lotic systems still remain limited (e.g. Kokic et al., 2015, Marescaux et al., 2018).
Aquatic ecosystems have a unique dual role in that they can simultaneously act as a carbon
source to the atmosphere while accumulating and storing carbon in sediments. Another large
knowledge gap is the issue of carbon burial and how to determine the fraction that could be

potentially considered an offset to GHG emissions (Prairie et al., 2018).

A variety of studies also focused on quantifying CH, emissions from reservoirs, for example,
total CH,; emissions from an old temperate reservoir, Lake Wholen in Switzerland, were
estimated at 43 g C m™ yr ™', mostly in the form of ebullition and a strong correlation was also
found with temperature (DelSontro et al., 2010). This is approximately an order of magnitude
higher than the range of CH, emissions reported from temperate reservoirs (4.6-5.5 g C m™
yr') (Bastviken et al., 2011; St. Louis et al., 2000), lakes (3.2 g C m™* yr'!) (Bastviken et al.,
2011) and within the range reported from tropical reservoirs (37-82 g C m™ yr ) (Bastviken et
al., 2011; Soumis et al., 2004, St. Louis et al., 2000). This suggests that temperate reservoirs
can be an important but overlooked source of atmospheric CH, (DelSontro et al., 2010). In a
later study by Sobek et al. (2012), it was discussed that Lake Wholen acts as a strong organic
carbon sink and CH, source because of very high sedimentation rates supplying reactive
organic matter to deep, anoxic sediment layers, stimulating methanogenesis and CH,

ebullition from the sediment.
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The science of reservoir GHG has considerably matured in recent years, however, there are
still fluxes that are only loosely constrained and for which active research is required. In many
systems, water-level fluctuations leave periodically exposed surface areas known as
drawdown zones. A growing number of studies are now reporting GHG emissions from the
drawdown zones (e.g. Yang et al., 2015, Li et al., 2016, Harrison et al., 2017, Deshmukh et al.,
2018). The reported measurements have shown large variation in fluxes, with CH, ranging
from small to significant sources (Yang et al., 2012, Serca et al., 2016), and in some studies,
even CH, sinks (Li et al., 2016). Studies on the Three Gorges Reservoir in China have also
included drawdown zone N,0O emission measurements; for example, mean sediment N,O flux
has been estimated at 3.6 mg m™” d? (Li et al., 2016). It is important to continue measuring
emissions from drawdown zones, especially if predicted changes in precipitation patterns from
global warming, will affect both the frequency and magnitude of extreme events like droughts

and flooding, influencing the C and N balance of aquatic systems.
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Table 1.1 CO,, CH, and N,0 fluxes from the surface of temperate and boreal reservoirs. Values stated are either mean and/or (range) of flux.

Location

Canada

Reservoir/Lake

La Grande-2

3 Québec lakes
224 Québec lakes

Eastmain-1,

Québec

Robert-Bourassa,

Québec

Riviere-des-

Prairies, Québec

26 Ontario/Québec

reservoirs

15 British Columbia

Year

Flooded

1978

2006

1979

1929

1927-
1998

1911-

Diffusive flux (mgm>d™)

CO,

2313 (100-
11,966)

2426 (-4-19,676)

661 (45-6509)

665 (-234-9380)

1508 (-3408-
16,720)

198 (-1786-3666)

CH,

(0.5-53)

2-49 (0.04-246)

0.77 (-0.04-8.18)

0.14 (-0.09-2.56)

0.49 (-0.05-6.38)

8.8 (-25.7-724.9)

42.1(-6.8-347.7)

19

N,O Diffusive

flux

(ugm?2d™)

100 (-1380-
1570)

50 (-1220-

CH, Ebullition

flux (mg
CH,m2d™?)

17.6

References

Duchemin et al. (1995)

DelSontro et al. (2016)

Rasilo et al. (2015)

Demarty et al. (2009)

Demarty et al. (2009)

Demarty et al. (2009)

Tremblay et al. (2005)

Tremblay et al. (2005)



Location

Poland

Switzerland

Reservoir/Lake

reservoirs

Solina

Rzeszéw

Wilcza Wola

Lokka

Porttipahta

Lake Wohlen

Lake Klontal

Lake Wohlen

Lake Gruyere

Year

Flooded

1979

1968

1973

1988

1967

1970

1920

1920

1947

Diffusive flux (mgm=2d™)

co,

-914.5-648.26

2042.5-7152

3894-4162.4

1972.8 (-672-
6120)

1536 (1512-3456)

962.33 (276-
1558)

979

CH,4

(737.63-3860)

(31.92-452.72)

33.3 (-6.2-244)

3.5(-2.0-7.6)

1.5 (0.1-4)

1.7-2.2

1.53

0.15

20

N,O Diffusive CH, Ebullition
flux flux (mg
(lgm™d’)  CHm~d7)
1390)
0.16-2.27
0-3.84
92.6 (-14-507) 46.4 (0-186)
115.25(-260-
0.8 (0-8.0)
173)
1000 (0-5758)
72

References

Gruca-Rokosz et al. (2011)

Gruca-Rokosz et al. (2011)

Gruca-Rokosz et al. (2011)

Huttunen et al. (2002)

Huttunen et al. (2002)

DelSontro et al. (2010)

Sollberger et al. (2017)

Diem et al. (2012)

Diem et al. (2012)



Location

US.A

Reservoir/Lake

Lake Lungern

Lake Zeuzier

Lake Santa Maria

Douglas Lake

Fontana

Guntersville

Hartwell

Watts Bar

Harsha Lake

6 Pacific N\W

Reservoirs

F.D. Roosevelt

Dworshak

Year

Flooded

1920

1957

1968

1943

1944

1939

1962

1942

1978

1942

1973

Diffusive flux (mgm=2d™)

co,

242

(236- 18,806)

994

1796

1168

2760

-462 (-852-251)

-1195 (-2278 to -

CH,4

0.13

0.065

0.316

(0-0.95)

21

23

48 (9.4-162)

3.2(1.6-8.2)

4.4 (0.6-14.8)

21

N,O Diffusive

flux

(ugm>d7)

50

CH, Ebullition
flux (mg
CH,m2d™)

775

42 (0-719)

References

Diem et al. (2012)

Diem et al. (2012)

Diem et al. (2012)

Mosher et al. (2015)

Bevelhimer et al. (2016)

Bevelhimer et al. (2016)

Bevelhimer et al. (2016)

Bevelhimer et al. (2016)

Beaulieu et al. (2017)

Harrison et al. (2017)

Soumis et al. (2004)

Soumis et al. (2004)



Location

China

Germany

Reservoir/Lake

Wallula

Oroville

New Melones

Three Gorges

Reservoir

Three Gorges

Reservoir

Nihe

Baihua

Rappbode and

Hassel Reservoirs

Year

Flooded

1954

1968

1979

2008

2008

1960

1959-
1960

Diffusive flux (mgm=2d™)

co, CH,
720)
-349 (-1629-
9 (3.5-17.0)
1060)
1026 (266-2430) 4.2 (1.1-10.5)
-1186 (-3415 to -
7.1(2.7-6.4)
275)
6.24 (-2.4-53.5)
4268 7.22
173.6
1056 (-352.1-
3388.7)

(-1056.2-4268.92)

22

N,O Diffusive

flux

(ugm>d7)

0.529

CH, Ebullition
flux (mg
CH,m2d™)

References

Soumis et al. (2004)

Soumis et al. (2004)

Soumis et al. (2004)

Chen et al. (2009)

Zhao et al. (2013)

Li et al. (2015)

Wang et al. (2006)

Halbedel and Koschorreck (2013)



Location

France

UK

Reservoir/Lake

5 River Saar

reservoirs

Eguzon reservoir

Priest Pot (natural

lake)

Year

Flooded

1976-
2000

1926

Diffusive flux (mgm=2d™)

co, CH,
4.71
16.68
1760.38 (172-

6.42 (0.963-22.5)
4488.97)

23

N,O Diffusive
flux

(ugm>d7)

779

CH, Ebullition
flux (mg References
CH,m2d™)
127 Maeck et al. (2013)
Descloux et al. ( 2017)
192.5 (0.00-
Casper et al. ( 2000)
1739)



1.4 Conclusions and future research needs

Inland waters play an important role in landscape C budgets by acting as both C sources to the
atmosphere through evasion of GHGs such as CO,, CH, (and N,0), but also as sinks through C
burial in reservoir and lake sediments (Bastviken et al., 2011; Kling et al., 1991; Tranvik et al.,
2009). In lakes, reservoirs and streams, the terrestrial load of organic matter fuels microbial
processes, affects stratification, light penetration and oxygen, and thus further modulates the
mineralisation and C outgassing processes (Bastviken et al., 2004; Sobek et al., 2005). Despite
evidence of GHG emissions from reservoirs, there is still debate over their real impact and
contribution to the global C cycle, with data remaining sparse and fragmentary (Barros et al.,
2011; Eugster et al., 2011; Dai et al., 2013; Deemer et al., 2016). The variety of studies and
estimates for C sources from freshwaters is attributing to the complexity of the C cycle in
different freshwater systems. Studies typically measure diffusive fluxes, but knowledge gaps
still remain for terrestrial material transported in and out, carbon accumulation in reservoir
sediments, the impact of drawdown, and downstream emissions (Barros et al., 2011; Deemer

et al., 2016; Prairie et al., 2018) and should be the focus of future research efforts.

1.5Research aims, objectives and overview of thesis structure

This research aims to quantify, compare and understand carbon and nitrogen concentrations
and dynamics within temperate freshwater reservoirs across Scotland and North Wales. The
overall aim of this PhD is to improve understanding on temperate reservoir systems and
determine how significant CO,, CH, and N,0 concentrations and emissions are from reservoirs
in Scotland and North Wales, particularly in systems draining peatlands as they are known to
export carbon, especially DOC, downstream to lakes and reservoirs (Evans et al., 2013; Kokic et
al., 2015). Knowledge is particularly limited on the role UK reservoirs play in inland water GHG

emissions. In order to achieve this, a number of specific objectives were investigated:

e To quantify and understand spatial and seasonal dissolved CO,, CH, and N,O
concentrations and emissions via evasion from freshwater reservoirs across Scotland
and North Wales. To determine what catchment and reservoir characteristics drive
differences in GHG concentrations across sampled reservoirs. To determine whether
there are regional spatial differences between concentrations in Scotland and North
Wales (Chapter 3).

e To quantify and understand spatial and temporal C and N concentrations and fluvial

export to and from the Baddinsgill and Black Esk reservoir catchments in South
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Scotland. To produce annual CO,, CH, and N,O balances for the reservoirs and
determine factors regulating export. To evaluate the differences in GHG
concentrations and export from catchments with different managed land uses,
moorland and coniferous forestry, commonly found in upland reservoirs in Scotland
(Chapter 4).

e To investigate the production of CO,, CH, and N,O fluxes from exposed reservoir
sediments during a period of water level drawdown. To determine controlling
environmental drivers of water and sediment fluxes. To determine the overall impact

drawdown has on total annual reservoir emissions (Chapter 5).

Going forward, this thesis is divided into three main results chapters from field based studies
that address the objectives listed above (Figure 1.3). They are self-contained studies with their
own introduction, methods, results, discussions and conclusions. An overview of key methods
and their underlying theory used to generate the data are presented in Chapter 2, with study

specific details provided in the respective results chapters.

Chapter 3 — The first part of this research presents baseline results from a synoptic spatial
sampling survey that aims to quantify aquatic C and N concentrations from a variety of
temperate freshwater reservoirs (n = 30) in Scotland and North Wales. Sampling took place
seasonally over a one-year period from September 2015 to October 2016 to determine
concentrations of dissolved CO,, CH,, N,O, DOC, DIC, NH,", NO5;” and NO,". GIS-based analysis
allowed catchment and reservoir characteristics to be determined to assess their impact on
reservoir C and N concentrations. Quantifying GHG concentrations and evasion from
reservoirs in Scotland and Wales will better constrain GHG budgets, which is particularly
important for CH, and N,O due to limited data. Greater understanding of catchment controls
on inland water GHG dynamics could also inform potential responses of reservoir systems to

future pressures.

Chapter 4 — The second component of this research investigates spatial and temporal patterns
of aquatic C and N concentrations and fluxes within two temperate reservoir catchments that
have different land uses (coniferous forest and moorland) in Scotland, UK. Both study sites
were also included in the spatial sampling survey outlined in Chapter 3, above. This chapter
reports on 18-25 months of CO,, CH, and N,O concentrations measured at fortnightly intervals
using the headspace method, fluvial fluxes of DOC and DIC and other characterising

measurements taken from inlets, outlets and main body of the reservoirs. Consideration is
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also given to the wider implications for climate change, water treatment and catchment

management.

Chapter 5 — The final stage of this project reports on a year of weekly-to-fortnightly field
measurements from a Scottish reservoir, focussing on a three-month period of water level
drawdown. Many reservoirs undergo drawdown seasonally or for operational maintenance
and thereby temporarily alter the biogeochemical processes in previously submerged
sediments as they dry out. It is proposed that the drawdown zone, currently poorly
understood, will contribute disproportionately to GHG emissions from the reservoir system as
a whole. Dissolved CO,, CH, and N,0 concentrations and their fluxes from exposed sediments
together with DOC, DIC, NH,", NO;, NO, concentrations and physicochemical parameters
were measured over a one year period from Waltersmuir Reservoir, Scotland, UK. Evasion
rates from the water surface were calculated before, during and after drawdown. Using an
estimate of the areal extent of exposed sediment from a UAV survey during maximum
drawdown, the total annual emissions attributed to drawdown were calculated. This reservoir

was also included in the analysis and interpretations of the spatial study in Chapter 2.

Chapter 6 — Finally, this chapter brings together the main findings from the above studies to
address the overall thesis aim, whilst placing results in context of other temperate lakes and
reservoirs. Recommendations for future research directions in the context of continual
understanding of UK reservoir emissions are made. Suggestions discuss how to reduce C and N
loading to the reservoir from a catchment management perspective. This research may be of
particular interest to the water industry, catchment management professions, or those

working on land use, land use change GHG inventories.
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Chapter 1: Research introduction and context

Is GHG release significant from reservoirs in North Wales and Scotland?

v

Chapter 2: Materials and methods

Overview of field Field Lab General data
sites methods methods analysis
Spatial (n = 30) Dissolved GHGs, GHGs Headspace, evasion,
DOC, DIC, DIN, Nutrients fluxes, GIS, mixed
In-depth (n = 3) water quality Sediment effects models

!

Chapter 3, 4 & 5: Results and analysis

Chapter 3: The role of catchment characteristics in determining spatial
variation of reservoir biogeochemistry

v v

Chapter 4: Carbon dioxide, Chapter 5: The importance of
methane and nitrous oxide water level drawdown on
export from moorland and greenhouse gas emissions from
forested reservoir catchments in a temperate UK reservoir
Scotland, UK

Chapter 6: General discussion and conclusions

i) Synthesis of results and analysis

ii) Recommended future research and catchment management

iii) Contributions to the wider-knowledge base

Figure 1.3 Overview of thesis chapters and subsections, including interlinks between the
separate chapters.
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2 Materials and methods

This chapter provides an overview of the thirty study catchments used in this research and
details the underlying theory behind methods of particular importance. Additional study
specific field and laboratory methods are presented in individual Chapters 3-5 and an overview

is provided in Table 2.1, below.

Table 2.1 Variables measured and methods used in each chapter.

Variable Field method Laboratory method Chapter

| I ]|
Reservoir Water
Dissolved CH,, CO, Headspace sampling Gas chromatography X X X
and N,O
DOC and DIC Water sample LabTOC analyser X X X
NO,, NO; and NH,"  Water sample SEAL AQ2 X X X
Water Temperature, Hanna Probes X X X
pH, Dissolved
Oxygen and
Conductivity
Discharge/Stage Velocity-area method X
height calibration with Electromagnetic

flow meter/rating curve
Reservoir Sediment
Sediment CH,, CO, Static chambers Gas chromatography X
and N,O emissions
Sediment EGM-4 with static - X
respiration & chamber
temperature
Sediment Temperature probe X
temperature
Sediment moisture Theta probe --- X
Water table depth Dip well -—-- X
Sediment pH Sediment sampling with  Solution with X
soil auger deionised water/pH
meter

Sediment Sampling with soil auger  Extraction with

deionised
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extractable DOC water/LabTOC X

analyser
Sediment Sampling with soil auger  Extraction with X
extractable NO,, KCL/SEAL AQ2
NO; and NH," analyser
Sediment Dry Sediment sample Oven drying X
Weight
Sediment % TCand  Sediment sample Elemental analyser X
TN

2.1Field site selection and characteristics

This research incorporates thirty reservoir catchments that vary in location, size and
catchment characteristics, across Scotland and North Wales (Figure 2.1, Table 2.2). As
identified in Chapter 1, reservoir GHG emissions are highly variable and dependent on a
variety of factors, for example: i) between reservoirs e.g. catchment characteristics,
morphology, latitude and climate; ii) within reservoirs e.g. along longitudinal gradients from
inputting tributaries to the dam; and iii) over time e.g. reservoir age, seasonal variability,
changes in catchment activities and dam operation (e.g. Tranvik et al., 2009; Mendonca et al.,
2012; Barros et al., 2013). Reservoirs were therefore selected in coordination with associated
water companies to exhibit a wide variation in water quality and upland catchment
characteristics, including elevation, precipitation gradients, soil (particularly peatland
percentage), geology and land use types using GIS derived data (Table 2.2). Information was
also provided by Water companies on whether DOC and colour concentrations were low,
moderate or high which assisted in selecting reservoirs with varying carbon gradients. Due to
the remoteness of many of the reservoirs, consideration also had to be made for access,

health and safety, costs and time associated with reaching the sites.

Reservoirs in the UK are primarily used for public water supply, the production of hydroelectric
power, and the provision of compensation water. Much of the UK water supply infrastructure
was developed at the end of the 19" century when impounding reservoirs were constructed in
upland locations to provide a direct supply of water to urban areas (Henderson-Sellers, 1979).
Most of these early dams and reservoirs were constructed in the uplands, along the west of
the country, in Wales, the Lake District and Scotland. Reservoirs were typically located where
the catchment received little or no disturbance. The selected reservoirs in Scotland and Wales

therefore represent typical upland UK drinking water catchments. Despite many reservoirs
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located in forested and peatland catchments in the UK uplands, there are no in-depth studies
considering GHG emissions in and out of lakes or reservoirs, with only a handful of studies
focussing on DOC export (e.g. Evans et al, 2017; Stimson et al.,, 2017) or reservoir
sedimentation (e.g. Holliday et al., 2008). Lowland reservoirs in the UK are more commonly
associated with pumped storage reservoirs and thus contain water abstracted at a point
downstream, where pollution levels may be high. Many UK lowland water bodies are enriched
with higher phosphorus and nitrogen concentrations, with eutrophic waters more typical of
the lowlands of southern and eastern England. Due to logistical reasons, it was not practical to
sample such lowland reservoirs in the South of England, however, a couple of lower lying
reservoirs were selected on the Isle of Anglesey (Wales) in catchments with agricultural whilst
other sampled reservoirs had problems with cyanobacteria and eutrophication (e.g. Cefni, Plas
Uchaf and Dolwen reservoirs). Despite a small geographic area, a range of catchment and

water quality characteristics were sampled across the 30 reservoirs.

As funding for this thesis was provided by Scottish Water, focus was placed on Scottish
reservoirs in both the spatial and in-depth studies. Other already established carbon research
collaboration projects with Welsh Water, permitted access to reservoir sites and background
data for this research. The sites in North Wales (n = 15) also provided an opportunity to
evaluate GHG release from a relatively small but diverse area which represented a range of
catchment characteristics e.g. from the lower nutrient rich reservoirs on Anglesey, to the
undisturbed high elevation but wet catchments in Snowdonia National Park, to catchments

with high peatland percentage such as Llyn Conwy.

A number of the Scotland sites (n = 10) are located in the region of the Southern Uplands
which has a predominantly mild climate, dominated by a frontal system resulting in a west-
east rainfall gradient. In the west of the region, deep peats have formed on extensive areas of
gently sloping land at altitudes of 100-300 m. The vegetation is dominated by semi-rough
grassland used for low intensity grazing for sheep and cattle and another major land-use is
forestry plantations. The other Scottish reservoir sites (n = 5) are located in the Central
Lowlands region which extends across Scotland between the Highlands and the hills of the

Southern Uplands.

The in-depth study sites selected for Chapter 4, Baddinsgill and Black Esk, are drinking water
reservoirs owned and operated by Scottish Water. These reservoirs were selected as they
provide contrasting catchment land use (coniferous forestry vs. moorland, Figure 2.9) and

nutrient status (oligotrophic vs. mesotrophic). The sites were also identified by Scottish Water
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for having problems with natural organic matter which can cause issues with the water
treatment process as it affects colour, taste and odour and increases usage of treatment
chemicals and energy. This led to Scottish Water increasing water quality and catchment
monitoring at both sites which also provides greater background data to supplement data

collected during this research project.

The third in-depth site, Waltersmuir reservoir (Chapter 5), has been actively used as an
aquaculture holding facility for Atlantic salmon (Salmo salar) smolt and is owned and operated
by Howietoun Fishery, University of Stirling. It was selected as it is a local reservoir that is
subject to an annual drawdown event, providing access to exposed sediments for flux
measurements in a controlled and safe manner. Aquaculture is commonly found in reservoirs
across the UK and other parts of Europe so this is also not an unusual activity for reservoirs.
The reservoir also has only one inflow stream, allowing improved quantification of C and N in
and out of the system, thus allowing inferences to be made about the effect of the drawdown

period on overall GHG emissions.

At each site, sampling was carried out over a minimum of four seasons to a maximum of two
years and two months, in order to capture a range of seasons and hydrological conditions.
Within each field site, sampling locations were chosen to ensure spatial variability in C and N
concentrations were captured. The following sections provide an overview of the
characteristics of the reservoirs included in the seasonal sampling campaign (Chapter 3), with
greater details provided of the three catchments selected for in-depth monitoring in Chapters

4 and 5.
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Figure 2.1 Location map of the thirty reservoir catchments in Scotland and North Wales that
were used in this research. The highlighted Scottish catchments (dashed lines), Waltersmuir,
Baddinsgill and Black Esk, were sampled more in-depth (1 year, 1.5 years and 2 years 2

months, respectively) and presented in Chapters 4 and 5.
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Table 2.2 Overview of reservoir and catchment characteristics of all thirty field sites in Scotland and North Wales. Asterisks* indicate reservoirs also

included in-depth sampling. Intensive agriculture is the combined area percentage of improved grassland and arable. HOST — Total peat refers to the

Hydrology of Soil Types which is further explained in Chapter 3.

Scotland Coniferous Moorland Intensive HOST
cotlan . . . .
. . . Forestry Agriculture Total Dominant Bedrock (%) Dominant Soil Types
Location (Latitude/Longitude) (%) (%) (%) Peat (%)
Arklet N 56° 14', 51”7, W 04° 36’ 18" 1 33.5 0.6 89 Sandstones (99.2) Podzols, gleys
Baddinsgill* N 55° 47',24”, W 03° 23’ 24” 1 924.1 0 84.7 Sandstones (56.8) Gley, podzols, peat
Mudstones and
* o ! ” o ! 4
Black Esk N 55°15'36”, W 03° 15’0 95.9 0.4 0 89 Sandstones (74.3) Blanket peats, gleys, podzols
Dindinnie N 54° 54’ 0”, W 05° 05’ 24" 0 0 88.3 6.5 Sandstones (100) Gleys, brown earths
M
Finglas N 56° 15'0”, W 04° 22’ 48" 3.1 13 0.6 29.5 udstones and Podzols, brown earths
Sandstones (81.4)
Glenkiln N 55° 04’ 48”, W 03° 48’ 36" 24.5 3.4 7.5 82.4 Sandstones (100) Brown earth, podzols, peat
Katrine N 56° 15’ 0”, W 04° 28' 12" 2.2 23.3 0.5 54.5 Sandstones (46.2) Podzols, gleys
Lochenkit N 55° 03’ 36”, W 03° 52’ 12” 4.8 0.2 0 100 Sandstones (100) Peat, podzols
o mor ran o ner Mudstones and
Megget N 55° 28’ 48”, W 03° 18’ 0 0.1 0.8 0 72.5 sandstones (99.2) Podzols, blanket peat, gleys
Penwhirn N 54° 59’ 24”, W 04° 56’ 24" 44.6 8.8 0 95 Sandstones (100) Blanket peats, podzols, gleys
Mudstones and
Mary' N 55° 29’ 24”, W 03° 11’ 24" . 1.1 . 73.7 B hs, gl Is, blank
St Mary's 55°29 , W03 6.3 0.9 3 Sandstones (96.2) rown earths, gleys, podzols, blanket peats
Mudstones and
Tall N 55° 28’ 48”, W 03° 24’ 0" 8.1 0.5 0.2 47.7 Podzols, gl
alla ! Sandstones (99.7) 00z0ls, gleys
Thorters N 55° 55’ 51”, W 02° 37’ 48” 4.4 28.6 12.3 59.2 Sandstones (100) Brown earths
Waltersmuir* N 56° 10’ 54”, W 03° 55’ 11” 9.3 2.2 19.7 53.1 Basalts (55.5) Brown earths, gleys
Whiteadder N 55° 51’ 36”, W 02° 33’ 0” 0.4 78.7 0 75.5 Sandstones (89.8) Podzols, brown earths
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HOST

Location (Latitude/ Coniferous Moorland Intensive Total
North Wales . Forestry Agriculture Dominant Bedrock (%) Dominant Soil Types
Longitude) (%) (%) (%) Peat
(1) (1) (%)
Alaw N 53° 21’ 0”, W 04° 25’ 12” 0 0.1 88.6 2.9 Mudstones(;;c:g)Sandstones Acid loamy, clayey, blanket peat
AledIsaf N 53°07' 12”, W 03° 37’ 48" 0 0.2 88.3 0 Mudstones and Silts (100) "Vt 3cid with pe;ct)‘é surface, blanket
W id with f lank
Alwen N 53° 04’ 12”, W 03° 34’ 48” 29.8 9.1 0.6 91.8  Mudstones and Silts (96.1) et acid wit pe;;‘g's“r ace, blanket
Brenig N 53° 04’ 48”, W 03° 31’ 48" 44.5 223 86 827  Mudstones and Silts (99.8) /et acid with pe;;‘g’ surface, blanket
Cefni N 53° 16’ 12”7, W 04° 19’ 48” 7.4 8.9 7.5 73.3 Metamorphic (52.2) Acid loamy and clayey
Cwellyn N 53° 04 12”, W 04° 09’ 0" 0 306 29 100 Fine grained acidic igneous Acid loamy, cIaer floodplain, peaty
(74.3) soils
Cwm Dulyn N 53° 01’ 12”, W 04° 15’ 0" 0 10 0 100 Mudstones and Silts (59.4) Acid loamy, wet peaty surface
Cwmystradll -\ 50 58197 W 04° 08’ 247 17 11 9.2 0 Sandstones (68.3) Blanket peat; acid loamy, wet peaty
yn surface
Dolwen N 53°13’12”, W 03° 32’ 24” 0 1.5 0.5 100 Mudstones and Silts (99.2) Acid loamy, clayey
Ffynnon N 53° 09’ 0”, W 03° 57 36" ’6 18 0 0 Medl.um/coarse grained Acid loamy, wet pgaty surface; peaty
Llugwy igneous (30.5) soils
Liyn Aled N 53° 06’ 0”, W 03° 37" 12” 73 3.9 0 100 Fine grained acidic igneous Blanket bog, wet upland acid with
(58.7) peaty surface
Llyn Conwy N 53° 00’ 0”, W 03° 49’ 12” 0 0 0 100 Mudstones and Silts (97.3) Blanket peat
Ll Blank ; acid |
v N 52° 57 36”, W 03° 52’ 48" 0 45.6 0.9 100 Sandstones (51.8) anket peat; acid loamy, wet peaty
Morwynion surface;
Marchl Aci il id |
archivi N 53° 08’ 247, W 04° 04’ 48” 0 25.2 2.2 100 Mudstones and Silts (88.9) 1 \Cid Peaty soils, acid loamy, wet peaty
Bach surface
Plas Uchaf N 53° 13’ 48”, W 03° 33’ 0” 0 0 0.2 100 Mudstones and Silts (99.2) Acid loamy
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Catchment area Mean Mean Annual average . 3 Water
Scotland catchment catchment slope . Age Capacity (m°) Surface Area
(ha) . o rainfall (mm)
elevation (m) (°) (ha)
Arklet 1832 320 17 >3000 1914 12,283,000 226
Baddinsgill* 962 420 9 800-1000 1930 2,250,270 25
Black Esk* 1813 331 8 1500-2000 1962 3,147,000 34
Dindinnie 126 133 5 1000-1250 1908 491,400 7
Finglas 3877 412 17 >3000 1965 19,048,075 143
Glenkiln 1314 249 8 1250-1500 1934 1,618,376 28
Katrine 9527 334 17 >3000 1859 64,610,000 1334
Lochenkit 333 252 8 1250-1500 1938 196,000 10
Megget 4042 529 7 1500-2000 1982 63,600,000 247
Penwhirn 1834 208 4 1000-1250 1954 2,591,000 54
St Mary's 10922 466 14 1500-2000 1985 2,990,000 255
Talla 2516 552 18 1500-2000 1905 12,728,800 129
Thorters 398 295 9 600-700 1900 286,363 7
Waltersmuir* 1169 352 9 1000-1250 ~1950 113,636 3
Whiteadder 4584 363 8 600-700 1968 7,955,000 79
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North Wales Catchment area Mean catchment Mean catchment Annual average Age Capa;:ity Water Surface
(ha) elevation (m) slope (°) rainfall (mm) (m3) Area (ha)
Alaw 4068 63 2 1000-1250 1966 7,638,000 68
Aled Isaf 3339 63 3 800-1000 1918 14,564,200 314
Alwen 2432 407 5 1000-1250 1915 14,564,200 149
Brenig 2225 419 6 1000-1250 1975 61,500,000 371
Cefni 2081 357 16 1000-1250 1950 1,548,000 91
Cwellyn 1143 408 5 2000-3000 1979 1,687,000 30
Cwm Dulyn 503 341 17 1250-1500 1901 704,016 41
Cwmystradllyn 358 217 9 1500-2000 1961 3,640,000 4
Dolwen 232 794 17 700-800 1905 221,000 14
Ffynnon Llugwy 226 237 7 >3000 1919 1,754,000 7
Llyn Aled 225 736 25 800-1000 1934 1,725,000 17
Llyn Conwy 166 389 3 2000-3000 ~1963 3,074,000 46
Llyn Morwynion 137 468 7 2000-3000 1879 621,970 39
Marchlyn Bach 105 668 22 >3000 1969 352,000 5
Plas Uchaf 59 416 12 700-800 1870 225,500 12
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Black Esk Waltersmuir

Figure 2.2 Selection of field photographs showing diversity in reservoir characteristics in North

Wales (a) and Scotland (b).

2.1.1 In-depth study sites: Black Esk, Baddinsgill and Waltersmuir reservoirs

Of the thirty field sites, three were selected for more in-depth sampling — Black Esk, Baddinsgill
(Chapter 4) and Waltersmuir (Chapter 5) reservoirs. Both Baddinsgill and Black Esk are drinking
water reservoirs owned and operated by Scottish Water. These reservoirs were selected as
they provide contrasting catchment land use (coniferous forestry vs. moorland, Figure 2.9) and
nutrient status (oligotrophic vs. mesotrophic). The sites were also identified by Scottish Water
for having problems with natural organic matter which can cause issues with the water
treatment process as it affects colour, taste and odour and increases usage of treatment
chemicals and energy. This led to Scottish Water increasing water quality and catchment
monitoring at both sites which also provides greater background data to supplement data
collected during this research project. Waltersmuir reservoir has been actively used as an
aquaculture holding facility for Atlantic salmon (Salmo salar) smolt and is owned and operated
by Howietoun Fishery, University of Stirling. It was selected as it is subject to an annual

drawdown event, providing access to exposed sediments for flux measurements.

2.1.1.1 Black Esk

Black Esk (BE) reservoir is located ~5km from Eskdalemuir, Dumfries and Galloway, south-west
Scotland (N 55° 15’ 36”, W 03° 15’ 0”). The climate is temperate, with mean maximum annual
temperature of 11.2 °C, mean minimum annual temperature of 3.9 °C and mean annual

rainfall of 1742 mm (1981 — 2010; Eskdalemuir station 7 km north east of the reservoir dam,
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Met Office, 2016). Monthly rainfall and temperature data from this station during the
sampling period is presented in Figure 2.3. Constructed in 1962 and managed by Scottish
Water, Black Esk supplies drinking water to Lockerbie and surrounding areas. During 2014, the
height of the dam was raised by 2.5 m to increase the reservoir’s storage capacity from 2,280
million litres to 3,147 million litres and improve the security of water supply. This led to the
felling of trees and removal of vegetation around the reservoir shoreline to accommodate the
rise in water level. The felled tree trunks and roots were left standing and partially submerged
in the newly flooded areas of the reservoir, while a handful of trees at the upper end of the
reservoir (furthest from the dam) were not removed after felling so were left floating (Figure

2.5).

The spillway sits inside the main reservoir body so water is drawn from the surface. Black Esk
reservoir has a surface area of 404,900 m?, and maximum depth of 17.3 m. The reservoir
catchment is 18.13 km? and has a mean elevation of 331 m (range of 247-536 m). The
catchment has overall gentle slopes (mean = 7.6°) with the majority of slopes north-west
facing (mean aspect = 145°). Black Esk has seven inlets and one outlet, with the main inlet
being the River Black Esk, a 4™ Strahler-order stream where its headwaters are located ~6.2
km away from the reservoir. Measurements were made at five of the main inflows (BE1-5;,)
(due to vegetation obstruction and drying out during summer months, two small inflows were
excluded) and the outflow (BE.y). The river and streams ranged from 1* to 4™ order, the
channels were 0.5 to 6 m wide, and bed sediment was a mixture of boulders, pebbles and soft

sediment. Fieldwork was carried out between June 2015 and July 2017.

The catchment land cover of Black Esk is dominated by coniferous forestry (96%) (Figure 2.9)
plantations (Castle O’er forest). Felling was also active throughout the sampling period (Figure
2.4) and was not directly located near the sampling locations however activity is within the
headwaters of the main inflow, the River Black Esk. Sitka spruce (Picea sitchensis) and Norway
spruce (Picea abies) are the dominant tree species. The catchment also has small areas (<2%)

of rough grazing (acid grassland) and moorland (heather grassland).

Harvesting activity resulted in extensive areas of brash mats near sampling locations, which
are the above-ground parts of the tree composed of branches, tree tops and needles not
normally removed from site after thinning and clear felling operations and typically used to
protect soils from heavy machinery. If brash is poorly sited, it can affect water quality through
leachate from decomposing brash entering water courses, whilst inadequate brash mat

coverage can result in soil erosion and a risk of sediment entering water courses (Stevens et
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al., 1995). Brash contains a significant proportion of the above-ground content of nutrients in
plants, with an estimated 219-300 N kg ha™ in Sitka spruce (Stevens et al., 1995) and 280 N kg
ha™ in Norway spruce (Hyvonen et al., 2000) Buffer strips were present along the inflows
running through these brash mat areas. Restocking of broadleaf trees was also evident during
the spring 2017 sampling period in these same areas surrounding the reservoir and inflows

(Figure 2.4).

The main catchment soil type is peaty podzols (72%) and peaty gleys (26%). Based on the
Hydrology of Soil Type (HOST) classification system (Boorman et al., 1995) which classifies UK
soils into 29 groups based on hydrological characteristics, classes 19 (11%), 15 (89%) and 29
(<1%) are dominant in the catchment. This suggests that the majority of the catchment (89%)
has wet, peaty topped upland soils over relatively free draining permeable rocks. In terms of
catchment geology, the bedrock was comprised of metasandstones and mudstones (74%),
wacke (25%) and quatz-microgabbro (<1%), with superficial deposits of diamicton (51%), peat

(9%) and silt, sand and gravel (5%) (Figure 2.9).
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Figure 2.3 Monthly rainfall and temperature data from Eskdalemuir weather station near Black

Esk reservoir during the sampling period.
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Figure 2.4 Felling locations in Black Esk catchment during sampling period, courtesy of Forestry

Commission Scotland. Field photograph of broad leaf tree planting in Spring 2017.
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Figure 2.5 Photographs of sampling locations of inlets (blue), outlet (orange) and reservoir

(purple) at Black Esk. BE1,.s and BE2,. show the decomposing felled trees within the reservoir.

2.1.1.2 Baddinsgill

Baddinsgill (BA) is an upland mesotrophic reservoir located in the Pentland Hills near West
Linton, in the Scottish Borders region of Scotland, UK (N 55° 47’ 24”, W 03° 23’ 24”). It is also
managed by Scottish Water and provides water supply to the West Lothian local authority
area. This area has a temperate climate, with a mean minimum and maximum annual
temperature of 4.2 °C and 11.8 °C, respectively and a mean annual rainfall of 980 mm (1981 —

2010; Penicuik station, 13 km north west of Baddinsgill dam, Met Office, 2016).

Baddinsgill reservoir has a catchment area of 9.6 km?, surface area of 0.25 km?and a maximum
depth of 22.6 m. The mean catchment elevation is 420 m, ranging from 314 to 565 m. The
catchment slopes are of a gentle rolling to hilly topography (mean 9°), with the majority of
slopes facing to the south (mean 167°). The catchment land use is predominately moorland
(heather and heather grassland, 94%), with small areas of rough grazing (acid grassland 2%),
coniferous woodland (1%) and improved grassland (<1%) (Figure 2.9). The main catchment soil

type is peaty podzols (59%), peaty gleys (20%) and non-calcareous gleys (18%). Based on the
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Hydrology of Soil Type (HOST) classification system (Boorman et al., 1995), classes 24 (15%)
and 15 (85%) are the most dominant. This suggests that 85% of the catchment has
permanently wet, peaty topped upland soils over relatively free draining permeable rocks,
where class 24 areas are slowly permeable, seasonally waterlogged soils over impermeable
clay substrates with no storage capacity. The catchment bedrock is composed of sandstones
(57%), conglomerates (35%), mudstones and silts (6%) and has small areas (2%) of igneous
rocks (quartz-diorite and mafite). Diamicton (25%), peat (22%) and small areas of clay, silt,

sand and gravel make up the superficial deposits.

Baddinsgill has five main inflows and one outflow, with the main inflow being the Lyme Water,
a 4™ order stream where its headwaters are located ~3 km north of the reservoir dam.
Measurements were made at all five inflows (BA1-5;,) and the outflow (BA,.). The streams
ranged from 1% to 4™ order, the channels were 0.6 — 3.5 m wide, and bed sediment was a
mixture of boulders, pebbles, gravel and soft peaty sediment (Figure 2.9). Fieldwork was

carried out between July 2015 and January 2017.

The catchment has a long history of hill sheep farming and at time of sampling, was populated
by ~1400 sheep and a small fold of Highland cattle. Baddinsgill is also a shooting estate where
managed burning (muirburn) of heather is practiced. During the sampling period, muirburn did
not occur (it occurred during time of write up in October 2018) but burn scars across the
hillside are visible. The catchment also has ~0.9 km? of mixed woodlands which are actively
managed by the estate, for example, small-scale areas were harvested for timber products and
wood fuel during the sampling period in the east of the catchment. Old drainage ditches in-
filled with vegetation were also evident across the moor, particularly between Hareshaw and
Lymewater inlets. There are also numerous areas of exposed and eroding peatland, and peat
hags also present near three of the main inflows. Exposed peat is likely a result of trampling by
sheep and cattle, with tracks seen across the catchment and near peat hags next to water

courses and through past muirburn activity where the soil is beginning to erode.
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Figure 2.7 Field photographs and locations of inlet (blue), outlet (orange) and reservoir
(purple) sampling locations at Baddinsgill reservoir.
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Figure 2.8 Inlet, reservoir and outlet sampling sites and location of Baddinsgill and Black Esk

reservoirs in Scotland.
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Figure 2.9 Sub-catchment characteristics at Baddinsgill and Black Esk reservoirs of land cover

(a), geology (b) and soil (c).

2.1.1.3 Waltersmuir

The study was conducted from January 2016 to January 2017 at Waltersmuir reservoir, near
Dunblane, Central Scotland (N 56° 10’ 54”, W 03° 55’ 11”) (Figure 2.1). The climate is
temperate maritime, with an average annual rainfall of 1019 mm, monthly average maximum
air temperature of 12.9°C and monthly average minimum temperature of 5.6°C for the period
1981-2010 (Met Office, 2015). The reservoir is situated in a sheltered area surrounded by trees

which contributes to low wind speeds and wave height.

Waltersmuir was constructed as a drinking water reservoir in the 1950s, but since 1993 has

been actively used as an aquaculture holding facility for Atlantic salmon (Salmo salar) smolt,

45



and is owned and operated by Howietoun Fishery, University of Stirling. During the sampling
period ~160,000 smolt aged 0+ to 1+ were stocked. Howietoun aim to have the reservoir
stocked by the last week in August and then removed from mid to late March, with all fish
being removed before the start of April. During the stocking period fish were fed on a
commercial EWOS (EWOS Ltd, Westfield, Near Bathgate, Scotland) diet (EWQOS Micro LR 15P
and 40P with average phosporous = 1.4%, nitrogen = 7.9% and carbon = 45.2%), and a total of
~12 tonnes was used during the whole production time from August-April. No other product
or supplements were added to the reservoir during the sampling period. Since 1998,
Waltersmuir reservoir has been subject to an annual drawdown event. During 2016, the
reservoir was drained from the bottom outlet valve on the dam for an extended period of time
(11 weeks) to allow maintenance work at the dam. This provided an opportunity to access the

reservoir sediments to measure biogeochemical properties of the exposed sediment.

At full capacity, Waltersmuir reservoir has a surface area of 32,600 m?, a maximum depth of
12 m, mean depth 4.4 m, and storage capacity of 123,900 m>. The reservoir catchment is 1169
ha with an elevation range of 171-460 m (mean 352 m) above sea level. The mean slope across
the catchment is 9° (gently rolling topography) and slopes are on average, easterly facing.
Waltersmuir reservoir has one outlet and one main inlet, the Wharry Burn, which is 10.33 km
in length, and is classified as having ‘high’ ecological status according to the Water Framework

Directive (Nutt and Perfect, 2011).

The catchment land cover is comprised of rough grazing (68%) for sheep, alongside improved
grassland (19%), coniferous (9%) and broadlead (1%) woodlands, moorland (2%) and arable
(1%). The vegetation surrounding the reservoir consists of shrubs, grasses, sedges, bryophytes
and lichens amongst managed woodland of Betula pendula, Quercus petraea, Fagus sylvatica,
and Sorbus aucuparia. Directly downstream of the dam, the outlet flows through Kippenrait

Glen a Site of Special Scientific Interest (SSSI) designated for its ancient woodlands.

The underlying geology of Waltersmuir catchment is predominantly Early Devonian Old Red
Sandstones (28%), with basaltic lavas (basaltic-andesite and olivine basalt) in the catchment
headwaters (56%) and areas of conglomerates (15%). Overlain are superficial Quartenary
glaciofluvial and river terrace deposits (clay, silt, sand and gravel) with small areas of peat
(4%). The surface soils overlying these superficial layers are peaty podzols (31%), non-
calcareous gleys (23%), brown forest soils (22%) and blanket peats (19%) in the headwaters of
the Wharry Burn. The dominant HOST classes occurring in the Waltersmuir catchment are 15

(31%), 18 (26%), 29 (22%) and 24 (14%). Classes 15 and 29 correspond to peaty soils which
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suggest these areas are waterlogged, with classes 18 and 24 corresponding to slowly

permeable soils with seasonal waterlogging that have moderate storage capacity.

Figure 2.10 Field photographs at Waltersmuir reservoir during a high flow event at the a) inlet
and b) outlet. Photograph c) shows the exposed reservoir sediment during drawdown and d)

the typical reservoir water level outside the drawdown period.

2.2 Field and laboratory methods

2.2.1 Dissolved CO,, CH4 and N,O concentrations — headspace method

The headspace method was originally developed by Kling et al. (1991) to determine the
concentration of gas dissolved in a liquid and has since been widely used in aquatic
biogeochemistry (e.g. Billett et al., 2004; Dinsmore et al., 2010, Wallin et al., 2011). The
method involves equilibrating a known volume of water with a ‘headspace’ of air taken from
the surrounding atmosphere (Hope et al., 1995). For this research, a 40 mL water sample
(collected from approximately 10 cm water depth) was equilibrated with 20 mL ambient air at
water temperature by shaking vigorously underwater for one minute in a luer-lock syringe
with attached 3-way tap. Duplicate headspace samples were collected at each sampling point
(percentage differences in duplicate samples are shown in Table 2.4. The headspace samples,
along with a separately collected sample of ambient air from the sampling location are then
immediately transferred into 12 mL pre-evacuated Exetainer® vials (Labco, Lampeter, UK)

using a small needle for later analysis using gas chromatography.

Headspace samples from 16/06/2015 to 17/01/2016 were analysed on an HP5890 Series Il gas

chromatograph (Hewlett-Packard, Palo Alto, CA USA) with a flame ionisation detector (FID)
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and attached methaniser. Detection limits were 7 ppmv for CO,, 84 ppbv for CH, and <0.2
ppmyv for N,O. Samples collected from 27/01/2016 to 07/06/2017 (end of field period) were
analysed on a 7890B gas chromatograph (Agilent Technologies) with flame ionization detector
(FID) for CH, and attached methaniser for CO,, and the micro electron capture detector (LECD)
for N,O. These detectors were set up in parallel allowing simultaneous analysis of all three
GHGs. Peak detection and integration was performed using the OpenLAB CDS ChemStation
software (Agilent Technologies). A set of four certified standards (BOC Special Gases, UK) were

used for calibration for each gas during each analysis run (Table 2.3).

The dissolved concentrations of CO,, CH, and N,O in the water column from the ambient and
headspace concentrations were then calculated (Equation 2.1) based on Henry’s Law (Dawson,
2000; Hope et al., 1995) GHG4q is the original gas concentration in the water sample (mg L),
P; and P are the initial and final partial pressure of the gas in the syringe (atm), corrected for
the head of water and atmospheric pressure at time of sampling, B, is the total ambient
pressure (atm) at the depth of sampling, with Y; the concentration in the equilibrated
headspace (ppmv), and Y; is the concentration of the headspace prior to equilibration (ppmv)
(Equations 2.2, 2.3) Ky is Henry’s law constant i.e. the solubility coefficient, Vs is the
headspace volume (L), V,, is the water volume (L), r is the universal gas constant (0.082057)
and T is the stream or reservoir temperature (°K). Gas solubility in water is dependent on both
temperature and salinity, and the values of K are adjusted for temperature according to
(Weiss and Price, 1980), (Wiesenburg and Guinasso, 1979) and (Weiss, 1974) for CO,, CH, and
N,O, respectively. Air temperature and barometric pressure were obtained using a hand-held
weather meter (Kestrel 2500, accuracy 3% of reading) at ~1 m above the water surface from

each sampling location.

GHGraq = [ x (Ku+ (32) x () x7)| = [ x (32) x () x7] @)
Pr = Yr X Ryq (2.2)

P,=Y; xP, (2.3)
l L wa
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Table 2.3 Concentrations of certified standards used during GC analysis.

Standard | CO, (ppm) | CH; (ppm) | N,O (ppb)
1 200 1.26 199.5

2 344 1.83 285

3 678 5.16 490

4 4941 101.1 975

Table 2.4 Overall percentage differences between collected duplicate headspace samples for

each sampling campaign and chapter across all three GHGs.

Location and chapter Mean | Median
Scotland (Chapter 3) 8.4% 4.8%
Wales (Chapter 3) 17% 6.4%
Baddinsgill (Chapter 4) 11% 4.8%
Black Esk (Chapter 4) 16% 5.9%
Waltersmuir (Chapter 5) | 11% 6.6%
All headspace samples 13% 5.5%

2.2.2 CO,, CH4 and N,0 emissions — static chambers

Measurements of CO,, CH, and N,O fluxes were made from the sediment of Waltersmuir
reservoir over a three month period using the static chamber method (Clayton et al., 1994;
Livingston and Hutchinson, 1995). The sediment-atmosphere flux is calculated by measuring
the concentration change over time in a known volume of air inside a closed chamber. There
are a variety of chamber types and measurement protocols across the literature (e.g. Clayton
et al.,, 1994). Consideration also needs to be made in terms of the number of chambers
deployed, layout across the study site, measurement frequency and time of day
measurements are taken. The chambers used in this study are based on a design by Clayton et

al. (1994) and have been extensively tested and used in other research (Cowan et al., 2016;

Dinsmore et al., 2009; Drewer et al., 2010) and a full description is presented in Chapter 5.

49



In total, nine chambers were positioned along a transect from the middle of the reservoir to
the bank edge to cover a range of areas of different slope and sediment moisture regimes.
Due to wetness of bottom sediment from water level drawdown, locations of deployment
were restricted to a certain side of the reservoir for health and safety concerns. Throughout
the sampling period, measurements were carried out within a 1 hour window between 10:30
and 15:00. During flux measurements, the lids were placed onto circular stainless steel collar
bases and fastened with 4 clips. The collars had been were inserted approximately 5 cm into
the sediment two days before the first sampling event and were left in situ for the remainder
of the study period (Figure 2.11). Wooden pallets were also used to reach three chambers
positioned in very soft wet sediment in order to avoid the inadvertent release of gases during

flux measurements

All static chamber gas samples were analysed on the 7890B gas chromatograph (Agilent
Technologies) with FID and YECD (see above). The flux was calculated by measuring the
concentration change (AC) over time (At), relative to the chamber volume (V) and surface

area (A) (Equation 2.4).

VAC
Flux = Yy (2.4)
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Figure 2.11 Static chamber transect installation at Waltersmuir reservoir during first week of

water-level drawdown.

2.2.3 Water quality sampling procedure

Both reservoir and stream water samples were collected by drawing up 60 ml of water at ~10
cm depth using a syringe which was pre-rinsed three times between sites. Samples were
filtered in the field by injection through 0.45 pum syringe-driven filters (Whatman®) and stored
in 30 ml Nalgene® water bottles that had been pre-soaked in Decon® solution and rinsed
thoroughly with deionised water. The bottles were also rinsed three times with filtered sample
water in the field before a sample was taken. Samples were kept cool and dark in a cool box
whilst in the field. On return (typically less than 5 hours), one filtered water sample was placed
immediately in the refrigerator at 4-5 °C for DOC and DIC analysis within two weeks of
collection whilst the other filtered sample was placed in the freezer at -18 to -21 °C for analysis

of ammonium, nitrite and nitrate (NH,", NO, and NO3) at a later date.

2.2.3.1 Determination of DOC and DIC concentrations

There are three forms of carbon commonly identified in freshwater; i) particulate carbon, ii)
dissolved, i.e. dissolved organic carbon (DOC), bicarbonate (HCO5') or carbonate ions (CO;*) or
iii) gaseous such as free CO, or CH, (Dawson et al., 2004). Although gaseous CO, and CH, are a
form of dissolved inorganic carbon (DIC), for clarity they have been separated throughout the
thesis due to the different methods of calculating concentrations; therefore any reference to

DIC in the remainder of the text does not include CO, or CH,.

DOC and DIC concentrations were determined for sediment, stream and reservoir water
samples using a LabTOC TOC analyser (Pollution & Process Monitoring Ltd., UK) connected to a
PPM PSA auto sampler. The detection range was 0.1-4000 mg L™ and concentrations were
calculated based on a three-point calibration curve with standard of 50 mg L. It has a limit of
detection equivalent to 1% of the calibration standard concentration (50 mg L™). This
instrument converts the sample to CO, using UV promoted persulphate oxidation and the CO,
is then analysed by an infra-red gas analyser (IRGA). The method combines the samples with
an acid solution (5% sodium persulphate and 5% orthophosphoric acid in deionised water),
lowering the pH. Acid sparging with N, allows removal of acidified inorganic carbon and
organic constituents to be determined. DIC is then determined from the Total Carbon (TC)
minus the Total Organic Carbon (TOC) concentrations, with DIC being determined as CO2
released from the sample by acidification followed by sparging. As all water sampled were in-

field filtered (0.45 um) prior to analysis, the particulate organic carbon (POC) is removed and
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therefore the LabTOC instrument outputs for TC and TOC are therefore interpreted as the
dissolved portion only as they do not include POC, e.g. the TOC output constitutes the DOC
component. For further quality control, the 50 ppm standard solution and ultra pure deionised

water were placed at the start and the deionised water also placed in the middle and end of

each run to monitor potential instrument drift.

Figure 2.12 LabTOC analyser with autosampler.

2.2.3.2 Colorimetric analysis

Concentrations of NH,", NO,"and NO5” in the water and sediment extracts (only NH,"and NO3)
were measured using a SEAL AQ2 discrete analyser (SEAL Analytical, Southampton, UK) fitted
with a cadmium coil. The widely used phenol-hypochlorite (for NH,") and sulfanilamide (NO, &
NO;™ after cadmium coil reduction) methods were used to provide the relevant colorimetry
reactions (EPA 350.1 v2 and EPA 353.2 v2, USEPA, 1993). Detection limits are 0.002 mg N LY
0.0005 mg N L™ and 0.003 mg N L?, for NH,", NO, and NOj,, respectively. For further quality
control within each analytical batch, standards and deionised water samples were added at

the start and end of each analysis run.

52



: o
\"lllllll“ \ S+
v h.....--n“

Figure 2.13 Water samples being run on the SEAL AQ2 discrete analyser for determination of

nitrogen species.

2.2.3.3 General water chemistry

Simultaneously to dissolved gas sampling, dissolved oxygen (DO), pH, temperature and
electrical conductivity (EC) were measured in situ using handheld multi-meters (Hanna
Instruments HI-9145, HI-9124, HI-0933). The meters were calibrated every two weeks using

their recommend calibration solutions.

2.2.4 Stage height, river discharge measurements and export

2.2.4.1 Formation of stage-discharge relationships

An estimation of discharge (volume per time, ‘Q’) in rivers and streams at Baddinsgill and Black
Esk catchments was required to determine input and export (mass per time) of aquatic C and
N concentrations to and from the reservoirs. Rates of flow were measured over a range of
water levels at all major inlets (n= 5) and outlets (n = 1) at both Baddinsgill and Black Esk
reservoirs to provide data for the construction of stage-discharge calibration curves (Carter
and Davidian, 1989; Turnipseed and Sauer, 2010). A number of small drainage channels were
not sampled due to time and cost constraints, and practicalities in that they often ran dry
throughout much of the year due to their small size and were difficult to sample due to in-
channel vegetation. Reliable estimates of the amount of water entering the reservoir from
these channels would have been difficult to quantify. Cross-sectional area of the stream
channel is calculated using the ‘mid-section’ method (Turnipseed and Sauer, 2010). Flow
velocity measurements are generally made at each segment using a two-point method where

the depth of water column is >0.76 m and using a six-tenths depth method where the depth is

53



<0.76 m, the latter of which was applicable to all streams at Baddinsgill and Black Esk

reservoirs.

A Valeport Ltd. 801 single axis flow meter was used to measure water velocity. Stream flow
was determined using the velocity (V), area (4) method. Firstly, the cross sectional area (CSA)
of the river reach was divided into one to four segments depending on the width of the
stream. The mean velocity at 0.6 of the water depth and the CSA of the stream channel was
measured (Equation 2.5). The stream flow at each segment was calculated as the product of V
and A (Equation 2.6). Total flow was the sum of the flows in each segment. A ratings curve was
then constructed using measures of stream flow regressed against gauge height at the time of
measurement. Discharge rates were then used to create individual stream rating curves by
plotting a series of concurrent measurements of stage height and discharge, across the various
flow conditions. The relationship between stage height and discharge was expressed by
applying a line of ‘best-fit' either power or order-two polynomial, to the observed
measurements (Appendix 1). The resulting relationship allowed an estimation of discharge

when only stage data was available.

CSA = ZTD X d (2.5)

Where:

CSA = cross sectional area of channel, m?.
D = water depths bounding segment, m. (e.g. D1+D2, D2+D3 etc).
d = distance between depth measurements, m.

Q=V XA (2.6)

Where:
Discharge (Q) = stream flow, m> sec™,
V = average water velocity in channel, m sec™.

. 2
A = cross section area of channel, m”.
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Figure 2.14 Example of a discharge-stage relationship curve for Black Esk inlet (BE5;,),
alongside goodness of fit and the equation used to describe the relationship between stage

height and discharge. Rating curves for other inlets and outlets are displayed in Appendix .

2.2.4.2 Export and flow weighted concentrations

In order to calculate annual C and N loads in the inlets and outlets of Baddinsgill and Black Esk
reservoirs, ‘Method 5’ of (Walling and Webb, 1985) (Equation 2.7) was followed. Daily fluxes
were estimated based on the dissolved concentrations, on sampling day, multiplied by the

mean stream discharge, on sample day.

KY'_1(CiQ) »

Total load = S o Q, (2.7)

K = Conversion factor to take account of period of record.

C; = Instantaneous concentration associated with individual samples.
Q; = Instantaneous discharge at time of sampling.

Q.- = Mean discharge for record period.

n = Number of samples.

The standard error of flux estimates based on ‘Method 5’ was calculated following Equation
2.8 (Hope et al., 1997), where F is the total annual discharge and Cr is the flow-weighted mean

concentration.
SE =F X /var(Cr) (2.8)
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The variance of Cr (varCr) is estimated from Equation 2.9 (Hope et al., 1997), where Q,, is the

sum of all individual Q; values.
var(Cp) = [Z(Ci— €)? x & x [£0?/03] (2.9)

2.3 Data analysis

Various stages of data processing, quality checks and statistical analysis, were required to
produce and analyse the data during this study. R Studio statistical software was used for the
all final statistical analysis, calculation of p-values, f-values, standard errors and histograms.
Both ArcGIS and QGIS were used for catchment analysis and map making, with study specific

details provided in the associated Chapters, 3-5.

2.3.1 Reservoir and stream evasion flux calculations

Evasion from the water surface of the reservoirs was calculated indirectly using wind speed to
predict gas transfer velocity, combined with the partial pressure difference across the air-
water interface. The method is based on established relationships between wind speed and
gas transfer velocity (Wanninkhof, 1992; MaclIntyre et al., 1995). This method is based on
evasion from lake or ocean surfaces and is not applicable to fast flowing streams where
stream banks shelter the water surface and turbulence is generated primarily from stream-
bank and stream-bed friction. Gas fluxes (FCO,/FCH,/FN,0O) are calculated using Equation 2.10,
Fick’s first law, as described in Borges et al. (2004), where k is the gas transfer velocity (cm h’
1), a is the solubility coefficient and A Dgas is the difference in partial pressure between the
surface water and the atmosphere. The solubility coefficient a is temperature and salinity
dependent. Values of a for CO,, CH, and N,0O were derived from Weiss (1974), Weisenburg
and Guinasso (1979), and Weiss and Price (1980), respectively. The transfer velocity k is a
function of turbulence, the kinematic viscosity of the water and the molecular diffusion
coefficient of the gas. In Equation 2.11 (Cole and Caraco, 1998), wind speed (m s™) at 10 m
above the water surface U, is used to describe turbulence, and the Schimdt number Sc is a
function of the latter two terms. k(600) refers to the transfer velocity normalised to
Sc = 600, the Schimdt number of CO, at 20°C in freshwater. This is then adjusted using the
Schmidt number for the particular gas in freshwater at measured temperature using figures
from Table 3.1 in Maclntyre et al. (1995) and then using Equation 2.12. The exponent in
Equation (2.10) varies from —§ to —% as wind speed increases and waves become present

(Jahne et al., 1987). The exponent of —% was selected due to the onset of wave action within
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the reservoirs. Wind speed at 10 m (U;) is calculated using Equation 2.13 (Erkkild et al.,

2018).

E}as = kaApgas (2.10)

k(600) = 2.07 + 0.215u101'7 (2.11)
_1

k = k(600) (=) (2.12)

Stream evasion was calculated following largely the same procedure as reservoir evasion but
with a different procedure to calculate k(600). A number of measurements of stream width,
depth and flow velocity were taken across different field visits to cover a range of flow
conditions. As per section 2.2.4.1, discharge-stage relationship curves were established, and
these were used to infer flow velocity and discharge for dates at which only depth
measurements were available. The flow velocity and stream slope (calculated using GIS) were
then used to find the gas transfer coefficient at a Schmidt number of 600 (i.e. k(600) (Butman
and Raymond, 2011; Magin et al., 2017; Raymond et al., 2012) using Equation 2.14, where S is

the stream slope and v is the flow velocity.
k(600) = 2841.6 x S X v + 2.03 (2.14)

In the Uy, model, wind is the only factor considered for causing water turbulence and driving
the gas exchange (Erkkila et al., 2018). One shortcoming of this model is that it does not
consider buoyancy flux driven turbulence during periods of cooling e.g. buoyancy flux is
positive when the lake is heating and negative when cooling. Erkkild et al. (2018) evaluated
different models for calculating gas transfer velocity (k) and found that including the effect of
lake cooling improves flux estimates but the models are not as simple to use as the wind-
speed-based models and requires data which was not available for this study e.g. mixing layer

depth, moisture, radiation data.

2.3.2 Statistical analysis

The normality of data is examined throughout the thesis with appropriate transformations
made if required for particular statistical tests. Multiple linear regression analysis is applied in
Chapters 3 and 4, which attempts to model the relationship between multiple explanatory
variables and a response variable (e.g. CO,, CH, and N,0) by fitting a linear equation to the
observed data. This approach is typically used in the thesis to investigate relationships

between water quality and catchment characteristics, and dissolved greenhouse gas
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concentrations. Multiple linear regression was conducted on statistical software R (3.3.4,
2016) using the ‘Im’ function. Linear mixed effects modelling is applied in Chapter 5 to
determine drivers of both aquatic and sediment GHG concentrations and fluxes. Mixed effects
models have both fixed effects (i.e. influences the mean of y) and random effects (i.e.

influences the variance of y).

Mixed effects models take care of non-independence of errors by modelling the covariance
structure introduced by grouping the data. They are also useful when there is temporal and/or
spatial pseudoreplication (e.g. repeated measurements) in the data as was the case here.
Separate linear mixed effects model was built for each GHG, due to the different processes
driving their production. Variables which would form terms in the model were identified, and
an exploratory analysis carried out to identify appropriate transformations, and to highlight
obvious relationships or potential problems for statistical analysis such as collinearity that can
lead to artificially inflated p-values. GHGs in particular exhibited a high degree of positive
skew, and were transformed by taking the log or principal cube root, which has a similar effect
to log-transformation but accounts for the presence of zero and negative values. For each
GHG, a small number of independent models were fitted, each using a subset of predictors
and the maximal random effect structure justified by the design. Care was taken to fit

uncorrelated random slope and intercept for each variable.

After a maximal model was fitted, an iterative procedure similar to that proposed by Bates, et
al. (2015) was used to simplify it. Fixed and random effects were removed one-by-one, starting
with high-order interactions and later guided by visualisation of the model and dataset. At
each stage, an F-test based on the Kenward-Roger approximation was used to determine the
significance of the removed terms, and whether they should remain in the model. All
statistical analysis was carried out in R 3.2.3, using Ime4 (Bates et al., 2015) to fit linear mixed
effects models, pbkrtest (Halekoh and Hgjsgaard, 2014) to perform the Kenward-Roger
approximate F-test, and MuMiIn (Barton, 2018) to compute conditional and marginal

coefficients of determination ('pseudo-R*) for the final models.
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3 The role of catchment characteristics in determining spatial
variation of reservoir biogeochemistry

3.1Introduction

Globally, inland waters are well known sources of greenhouse gases (GHG) to the atmosphere
(Cole et al., 2007; Prairie et al., 2017; Tranvik et al., 2009), and in relation to their area, are
important zones of nitrogen (N) and carbon (C) cycling (Whitfield et al., 2011). Biogeochemical
processes in lakes and reservoirs are closely linked to their surrounding catchment as they
receive allochthonous C and nutrient inputs via catchment runoff, streams and groundwater
(Huttunen et al., 2003). Reservoirs are usually viewed as systems that are more tightly coupled
with their catchment than most natural lakes due to relatively short residence times
(Straskraba et al., 1993; Rinke et al., 2013). Reservoir GHG production rates are spatially and
temporally variable, and are dependent on a wide variety of factors: i) between reservoirs e.g.
catchment characteristics, latitude, altitude, lake morphology; ii) within reservoirs e.g.
dissolved organic matter quantity and quality, water temperature, nutrient and pH levels, and
along environmental gradients from inputting tributaries to the dam; and iii) over time e.g. as
reservoirs age, seasonal variability, and change in catchment activities and dam operations
(e.g. Sobek et al., 2003; Soumis et al., 2004; Tranvik et al., 2009; Barros et al., 2011; Mendonga
et al., 2012; Prairie et al., 2017)

Inland water bodies are typically supersaturated with carbon dioxide (CO,), leading to net
emissions (Tranvik et al., 2009), particularly for those with large allochothonous C inputs or
dissolved inorganic carbon (DIC) from carbonate weathering (Del Giorgio et al., 1999; Gémez-
Gener et al., 2016). Many surface waters also emit methane (CH,) which is mainly produced by
microbes in anoxic sediments. Surface water CH, emissions vary depending on factors such as
methanogenic and methanotrophic activities, in addition to dissolved oxygen concentrations
(Rich and Wetzel, 1978), temperature (DelSontro et al., 2010; Ostrovsky et al., 2008), and
organic and nutrient inputs. In-reservoir processes are important for gas consumption and
production, and are regulated by factors including C sources and concentrations, N
concentrations, as well as sediment type and lake morphology (Striegl and Michmerhuizen,
1998; Wang et al., 2006). Spatial variation also occurs within reservoirs along longitudinal
gradients. GHG production, particularly CH, ebullition, is more common in shallower regions
e.g. in littoral zones or in upper deltaic river environments rather than in deeper water zones
near the dam (Bastviken et al., 2008; Beaulieu et al., 2014; Galy-Lacaux et al., 1999). Emissions

of GHGs also vary spatially among reservoirs distributed along wide geographical gradients
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(Mosher et al., 2015). Reservoir age affects organic matter and nutrient supplies, where (Kelly
et al.,, 1997) found GHG emissions to negatively correlate with reservoir age as newer
reservoirs often contain larger pools of labile organic C derived from freshly inundated
terrestrial vegetation. This can drive both autochthonous and bacteria production, which can
promote oxygen consumption and sediment anaerobic metabolism (Huttunen et al., 2003).
Regional climate also influences GHG dynamics via differences in temperature, rainfall and
wind speed. Mean annual air temperature has been found to affect GHG emissions, with low-
latitude tropical reservoirs typically emitting more GHGs per unit area than high-latitude
boreal and temperate systems (Barros et al.,, 2011). Temporally, reservoir GHGs also vary
among seasons and years due to changes in temperature, hydrology, nutrient dynamics and

stratification turnover dynamics (Beaulieu et al., 2014; Kankaala et al., 2006).

A growing body of work is highlighting the importance of nutrient status and associated
primary productivity play in determining reservoir GHG dynamics (Deemer et al., 2016). For
example, Li et al. (2015) found a negative correlation between nutrient enrichment, primary
productivity and CO, fluxes. Supplementary nutrients support atmospheric C sequestration by
increased photosynthesis which leads to accelerated organic C sedimentation and burial
(Deemer et al., 2016). Eutrophication can also support greater CH, emissions by increasing
organic matter quality and reducing reservoir bottom water oxygen concentrations. Despite
greater uncertainty around reservoir nitrous oxide (N,O) controls, strong positive correlations
have been found between nitrate (NO;) concentrations and N,O concentrations across
aquatic systems (Baulch et al., 2011; Beaulieu et al., 2015). Current evidence suggests that
there are different drivers for the production of different GHGs, for example, in a recent study
by Deemer et al. (2016), CH, emissions were positively correlated with air temperature and
chlorophyll a concentrations. CO, emissions were positively correlated with mean annual
precipitation, while N,O emissions were positively related to NO;™ concentrations. Rantakari
and Kortelainen (2005) observed precipitation flushing terrestrial C into surface waters, which

in turn enhanced CO, concentrations and emissions by degradation of organic matter.

Catchment land-use has also been found to impact aquatic systems. For example, areas with
agriculture are often sites of N,O emissions (Seitzinger and Kroeze, 1998) as production is
stimulated via fertilization with mineral and organic N compounds (Whitfield et al., 2011).
Rawlins et al. (2014) found partial pressure of CO, (pCO,) values in streams draining
agricultural catchments to be greater than those in less managed or semi-natural
environments. Similarly, Beaulieu et al. (2014) found reservoir GHG variation to be linked to

catchment nutrient loading, particularly water bodies that received drainage from agricultural
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areas versus natural land-cover. Land-use has also been strongly related to area-normalised C
fluxes in a variety of catchments across the US (Butman and Raymond, 2011). Inland waters
show positive correlations between CO, and allochothonous dissolved organic carbon (DOC)
concentrations (Premke et al., 2016). High DOC concentrations are particularly associated with
catchments containing large proportions of peat (Aitkenhead et al.,, 1999). Significant
correlations have been found between DOC and nitrate concentration in upland streams
(Harriman et al., 1998), along with percentage wetland cover and sub-catchment drainage
area (Frost et al., 2006). Catchment slope can account for GHG variation as it influences

contact time between soil and water percolation (Rawlins et al., 2014).

Given the global variation in reservoir age, size, geomorphology and catchment characteristics,
there is a growing need for additional studies, to provide insight into factors that drive the
differences in GHG dynamics among reservoir type and locations. Identifying both spatial and
temporal GHG drivers within and among reservoirs is an important step in developing a
predictive framework that could be used to forecast future GHG emissions of both existing
reservoirs as well as ones being constructed or planned (Mosher et al., 2015). Identification of
environmental drivers of GHGs requires data from geographic regions and environments that
lack current study. For example, the temperate climate zone accounts for ~40% of total
reservoirs (Barros et al., 2011) but quantification remains sparse (DelSontro et al., 2010;
Soumis et al., 2004) with only a couple of studies investigating UK reservoir GHG dynamics.
Such studies do exist for other aquatic systems such as natural lakes, rivers, streams and
peatland systems. In addition, very few studies have concurrently investigated the three major
biogenic GHGs (CO,, CH,, N,0), critical for understanding the net role of reservoirs in GHG
balances (C. Whitfield et al., 2011).

Here we present baseline results from a synoptic sampling survey that aims to quantify
aquatic C and N concentrations from a variety of temperate freshwater reservoirs (n = 30)
within geographically distinct regions of the UK. Quantification of GHG concentrations and
evasion from reservoirs in Scotland and Wales are needed to better constrain GHG budgets,
which is particularly important for CH, and N,O due to limited data. We specifically aim to
improve understanding of catchment controls on aquatic GHGs, in order to elucidate how
pressures in the future may impact these systems (Whitfield et al., 2011). Accordingly, the
specific objectives of this research were threefold: 1) to quantify aquatic C and N
concentrations, and estimate emissions via evasion from Welsh and Scottish reservoirs; 2) to

explore the influence of catchment and reservoir morphological and biophysical characteristics
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on observed GHG concentrations; and 3) to determine whether there are regional spatial

differences between concentrations.

3.2 Methods

The UK experiences a humid maritime climate, which is moderated by the North Atlantic
Ocean. The 30 year (1981-2010) annual average temperature is 14.3 °C (Met Office, UK),
ranging from 0.9-6.4 °C in January to 10.9-19.4 °C in July. Average annual UK precipitation
(1981-2010) is 1154 mm, ranging between 70 mm in May to 122 mm in January and with
highest precipitation levels observed at higher elevations. For the 2015-2016 sampling period,
the majority of months were at least slightly warmer than average for the UK, most notably
September, with both April and November cooler than average, and most places were within
10% of the yearly average for rainfall. For both 2015 and 2016, Wales had a higher mean
temperature (9.5°C and 9.7°C, respectively) than Scotland (7.6 °C and 7.8 °C, respectively).
Yearly rainfall for 2015 was higher in Wales (1493 mm) than in Scotland (1250 mm), whilst
2016 saw higher rainfall in Scotland (1499 mm) than Wales (1370 mm) (Met Office, 2016,
2015).

To capture spatial variability in water physico-chemistry, nutrient and GHG concentrations, 30
reservoirs were selected in coordination with associated water companies to exhibit a wide
variation in catchment properties, including elevation, precipitation, soil, geology and land
use. The majority of the reservoir catchments are located in remote upland locations in
Scotland and Wales but some are affected by anthropogenic disturbances such as forestry,
agriculture and sheep grazing. The catchments were generally characterised as having rough
grazing and moorland land cover, dominated by podzols and peaty gleys, with numerous

catchments also having areas of deeper blanket peat.

Four field campaigns were conducted seasonally over a one year period between September
2015 and October 2016 where 30 drinking water reservoirs in Scotland and North Wales were
sampled for diffusive greenhouse gas concentrations and water chemistry variables (Figure
3.1). Seasons were defined in accordance to the hydrological year (autumn = September to
November; winter = December to February; spring = March to May; Summer = June to
August). Reservoirs were sampled over a two week period per season between 0830 and 1830
GMT each day with a precise time recorded at each site. The location and elevation of the
sampling sites were recorded using a global positioning system (Garmin™). Sampling took
place at two locations per reservoir, with samples being taken in duplicate (n = 4). Locations

were determined based on the following criteria: i) away from feeder inlets where incoming
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water might be more concentrated as it is not properly mixed with reservoir water; ii) avoiding
isolated bays or narrow inlets of the reservoir as they way also be poorly mixed and contain
water of a different quality; iii) where possible, sampling from opposite ends of the reservoir
where wind could influence spatial water quality concentrations; and iv) as access was via
foot, safety was also an important consideration and locations were scoped out on Ordnance
Survey (OS) maps beforehand and adjusted in the field if necessary. Water samples were
collected in areas that were free of littoral and/or macrophyte vegetation, apart from in one
Welsh reservoir, which could not be avoided due to the reservoir also being surrounded by

wetland, trees or thick vegetation limiting access.

3.2.1 Reservoir characteristics and field sampling

—

Scotland

Figure 3.1 Catchment locations of sampled reservoirs in Scotland and North Wales.

3.2.2 Measurement of water physico-chemistry, nutrient and GHG concentrations

Surface water and headspace samples (including replicate and ambient) were collected from
two locations on each of the thirty reservoirs. Dissolved CO,, CH, and N,0O gas samples were
collected using the headspace technique which is fully described by Kling et al. (1991), Billett
et al. (2004) and Dinsmore et al. (2010). A 40 ml water sample, collected from ~10 cm water
depth, was equilibrated with 20 ml headspace of ambient air in a 60 ml polypropylene syringe

at water temperature by shaking vigorously underwater for one minute. The equilibrated 20
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ml headspace was then injected into a 12 ml pre-evacuated gas-tight borosilicate Exetainer’
(Labco, Lampeter, UK). Ambient air samples (20 ml) were collected from a height of ~¥2 m and
stored in Exetainers’ from each sampling point. Septum-capped Exetainer’ vials have been
proven to be suitable for long-term storage and transport (Bastviken et al., 2004; Glatzel and
Well, 2008). Wind speed, air temperature and barometric pressure were also obtained from
each sampling location with a Kestral 2500 hand-held weather meter (KestrelMeters.com,

Pennsylvania, USA, accuracy 3% of reading) at 1 m above the water surface.

Headspace and ambient samples were analysed on a 7890B gas chromatograph (Agilent
Technologies, UK Ltd, Stockport, UK) with flame ionization detector (FID) and attached
methaniser for CH, and CO,, and micro electron capture detector (LECD) for N,0. These
detectors were setup in parallel allowing the analysis of the GHGs at the same time. The peak
detection and integration were performed using OpenLAB CDS ChemStation (Agilent
Technologies). Dissolved concentrations of CO,, CH, and N,O in the reservoir surface water
were calculated (as per Chapter 2, section 2.2.1) from the headspace and ambient
concentrations according to Henry’s Law using temperature dependent solubility (Weiss,
1974; Weiss and Price, 1980). The Bunsen solubility coefficient, corrected for temperature and
salinity (Yamamoto et al.,, 1976), was used for dissolved CH, concentrations. Equilibrium
concentrations were also calculated with the solubility equations using measured air
concentration, barometric pressure and water temperatures for individual reservoirs. In order
to evaluate the overall importance of the three GHG in terms of global warming potential
(GWP) over the 100 year horizon, concentrations of CH; and N,0 were multiplied by 34 and
298, respectively (IPCC, 2014). Excess partial pressure values are also used, where the term
‘ep’ refers to the partial pressure of the gas in solution divided by the partial pressure in
equilibrium with the atmosphere; hence an ‘ep’ of >1 suggests the reservoir surface water was

consistently oversaturated with respect to the atmosphere.

Evasion rates were calculated (as per Chapter 2, section 2..3.1) indirectly using wind speed to
predict gas transfer velocity, combined with the partial pressure difference across the air-
water interface, using established relationships between wind speed and gas transfer velocity
(Wanninkhof, 1992; Maclintyre et al., 1995). Evasion gas fluxes were then calculated following
Billett and Moore (2008); Borges et al. (2004). The solubility coefficient values for CO,, CH, and
N,O were derived from Weiss (1974), Weisenburg and Guinasso (1979), and Weiss and Price
(1980), respectively. Wind speed at 10 m above the water surface was calculated according to

(Cole and Caraco, 1998) and Erkkila et al. (2018).
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Duplicate water samples were collected from the two locations chosen on each reservoir to
optimise spatial coverage (n = 4). Samples were collected using a 60 ml syringe at ~10 cm
depth in the water column and filtered in the field by passing through 0.45 pum syringe-driven
filters (Watmann®). They were stored in 30 ml and 100 ml Nalgene bottles that were
thoroughly cleaned (Decon soaked and rinsed with deionised (DI) water) before being taken
into the field, and were further rinsed with the filtered sample. The samples were kept in a
dark cool box during transport, and on return to the field base all samples were refrigerated at
~4°C. On return to the Centre for Ecology & Hydrology (CEH) in Edinburgh, the 30 ml water
samples were immediately placed in a refrigerator at ~4°C for DOC and DIC analysis within one
week of collection whilst the 100 ml samples were frozen at -18 to -21 °C for nutrient analysis
at a later date. At the same time as water sample collection, dissolved oxygen (DO), pH,
temperature and electrical conductivity (EC) were measured in-situ using handheld multi-
meters (Hanna Instruments HI-9145, HI-9124, HI-0933 respectively). The multi-meters were
calibrated each time before being taken into the field using water saturated air, buffer
solutions (pH 4 and 7) and a conductivity standard with thermometer. The refrigerated sample
was analysed for DOC and DIC on a PPM LabTOC (Pollution& Process Monitoring, UK) and a
PPM PSA auto sampler. Organic carbon in the sample was converted to CO, by UV-persulphate
oxidation and then measured using an infrared detector. Samples were reacted with a solution
of 5% sodium persulphate, 5% orthophosphoric acid in DI water. Detection range is 0.1-4000
mg L™ and concentrations were calculated based on a three point calibration curve with a
maximum of 50 mg L™ (analytical accuracy of the instrument is 1% of standard concentration
i.e. £ 0.5 mg C L™ for the 50 ppm standard). For further quality control within each analytical
batch, standards (50 ppm) and blank DI samples were added at the start and end of a run. The
filtrate from the frozen sample bottle was analysed for ammonium (NH,") by phenate
colorimetery, nitrite (NO,’) by reaction with N-(1-Naphthyl)ethylenediamine and sulfanilamide
and measurement of absorption at 540 nm, and nitrate (NO3’) using the Cd-reduction method
on a Seal AQ2 Discrete Analyser (SEAL Analytical, Itd) following Methods: EPA 350.1 v2 and
EPA 353.2 v2 (USEPA, 1993). The instrument was calibrated immediately before analysis and
verified for quality using analysis of laboratory duplicates, fortified blanks and method blanks.
Freezing of samples was necessary because of the time required between collection and
analysis. However, freezing has been shown to reduce concentrations (Fellman et al. 2008).
Short-term cold storage in a refrigerator has similar effects as single freezing and thawing

(Hudson et al. 2009), hence stronger long-term effects of cold storage were avoided by
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freezing and thawing the samples only once and processing them identically. It is therefore

assumed that this impacted all samples similarly and minimally.

3.2.3 GIS and statistical analysis

Geographic Information Systems (GIS) was used to quantify catchment characteristics based
on catchment boundaries obtained from the UK Lakes Portal and inland water bodies
downloaded from EDINA Digimap. Land cover was derived from the Land Cover 2015 map
(Centre for Ecology & Hydrology), where the 15 broad habitat classes occurring in the
catchments were re-coded into 9 classes following (Porter et al., 2017): coniferous woodland,
broadleaf woodland, arable, improved grassland, rough grazing, bog, moorland, freshwater

and suburban.

A digital database of Hydrology of Soil Types (HOST; Boorman et al. 1995) which classifies UK
soils into 29 groups according to their hydrological characteristics was also used. Of the 29
HOST classes, 16 classes were present across the reservoir catchments. Following Chiverton et
al. (2015), four different HOST groups were created based on the depth to the gleyed layer
(reduced from the 16 occurring HOST classes). HOST no gleying is the % of catchment made up
of classes 4-7 & 17; HOST gleyed between 40 cm and 100 cm is the % of catchment made up of
classes 18-19 & 22; HOST gleyed within 40 cm is made up of classes 14 & 24-25. HOST peat
total is the % of catchment made up of peat (classes 11, 12, 15 & 26-29). These were re-coded
further to identify what catchment percentage was made up of peaty gleys (classes 11, 12, 15,
26), peaty rankers (class 27) and blanket peats (class 29). HOST class 98 representing lakes
were not identifiable by GIS analysis for every catchment (Figure 3.4) and this category was
excluded from further statistical analysis. Underlying catchment geology was also downloaded
(British Geological Survey 50k Bedrock map; EDINA Digimap) where bedrock classes were
aggregated to form new groups as shown in Figure 3.3. Each land cover, geology and HOST
class was then expressed as a percentage of its respective catchment area using QGIS.
Elevation, slope and aspect summary statistics were derived from a Digital Terrain Model (OS
Terrain 5 DTM; EDINA Digimap). Slope was calculated using the Zevenbergen Thorne formula
within QGIS (Zevenbergen and Thorne, 1987). Summary statistics (min, max, average, median
and standard deviation (SD)) were calculated for slope and elevation, with a directional

average computed for aspect.

Statistical analysis
Principal component analysis (PCA) was carried out to identify the main parameters that

explain data variation of the observed groupings at the reservoir sites. The analysis aimed to
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link the observed variability in dissolved GHG concentrations with the water quality,
geomorphic and biophysical variables. PCA is a data reduction technique that transforms the
variables into principle components (uncorrelated/independent variables that are linear
combinations with observable variables) which explain the variance observed in the original
data. As concentrations were used for the analysis, water temperature was excluded as
temperature is attributed to gas solubility. Reservoir sites were grouped considering
similarities in water quality and catchment characteristics using hierarchical cluster analysis
(CA) with Ward method of association (Chiverton et al., 2015; Ward, 1963). The distance
between two groups depends on the sum of the sum of the squares of the analysis of

variance, resulting in a dendrogram that summarised the clustering processes.

A comprehensive suite of water quality (pH, conductivity, dissolved oxygen, EC, DIC, DOC, CH,,
CO,, N,0, NO,, NO3, and NH,"), geomorphic (reservoir area, catchment area, elevation, slope,
reservoir area: catchment area ratio) and biophysical landscape variables (percentage HOST,
geology and LCM classes) were tested for correlation with dissolved gas concentrations using
multiple linear regression models. The majority of the HOST, geology and land use percentage
data was sparse and did not meet assumptions of normality so was excluded from linear
regression models. To improve normality, variables were natural log transformed and cubed-
root transformed (Table 3.3). Due to the non-normal nature of the non-transformed data,
medians, 1% and 3™ quartiles (25" and 75" percentiles) representing the interquartile range
(IQR) since means and standard deviations would not be robust. All statistics were performed
in R 3.4.4 (R Core Team, 2018) using the tidyverse package, kruskal.test, wilcox.test and Im(),

hclust(), prcomp() and ggbiplot() functions.

3.3 Results

3.3.1 General reservoir water quality and catchment characteristics

The studied reservoirs represent a large gradient in environmental and geographic factors,
showing spatial variability across the reservoirs (Table 3.1). The majority of the study
catchments were located above 360 m, with gentle slopes of a rolling to hilly topography
(median 8.3°) (Table 3.1). There was a wide range in both reservoir (4 to 1330 ha; median 40
ha) and catchment areas (106 to 10900 ha; median 1241 ha). Reservoir area significantly

correlated to catchment area (Pearson’s r =0.70; p < 0.001, n = 30).

The dominant catchment land cover were ‘rough grazing’ (0-93%; median = 52%, occurring

across n = 30 catchments), ‘moorland’ (0-94%; median = 6%, occurring across n 27

catchments) and ‘coniferous woodland’ (0-96%; median = 2%, occurring across n 21
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catchments) (Figure 3.2). ‘Arable’ was present in a number of catchments (n = 10) but at <3%
maximum coverage. Similarly, ‘suburban’ also had low maximum coverage (<2%) across

catchments (n =9).

The dominant bedrock geology in the catchments were sandstones (0-100%; median = 12%,
occurring across n = 23 catchments), and mudstones and silts (0-100%; median = 1% and
occurring across n = 18 catchments) (Table 3.1). The class breakdown of geology across all 30
catchments is shown in Figure 3.3, with key differences seen between Scotland and Wales. The
Scottish reservoirs have a larger percentage of mudstones and sandstones, granites and
metamorphic rock types, with Welsh catchments being more homogeneous with sandstones,

mudstones and silts.

The prevalent HOST type was Total Peat (0-100%; median = 83% and occurring at n = 27
catchments) (Figure 3.4). Within this category, peaty gleys were the dominant HOST type (0-
100%; median = 45%, at n = 24 catchments), followed by blanket peats (0-100%; median = 8%,
at n = 17) and peaty rankers (0-57%; median = 0% at n = 3 catchments). This implies that the

hydrological conditions of these catchments were mostly poorly draining.

Reservoir water chemistry exhibited considerable variation for most variables (Table 3.1). The
vast majority of reservoirs had a circumneutral pH (median = 6.9) but ranged widely from
acidic (minimum = 4.6) to alkaline (maximum = 8.5). Conductivity also ranged widely but was
generally low across all reservoirs (median = 42 pS cm™). Concentrations of NH,", NO, and
NO;” were low, with greatest variability seen across reservoir NO; concentrations (Table 3.1).
Median concentrations of DOC and DIC were 5.8 and 3.4 mg L, respectfully. There was also
high DOC and DIC variability between reservoirs and seasons, with concentrations as high as

29.6 and 33.5mg LY, respectively.

The study reservoirs tended to be on average, oversaturated with all of the biogenic gases.
Median concentrations for the 30 reservoirs for CO,, CH, and N,O were 1396 ug L~ 1, 1ug L
and 0.7 pg L™, respectively (Table 3.1). Nitrous oxide showed the least variability of the three
gases with dissolved concentrations being close to saturation (average 1.3 times saturation).
Average saturation was higher for CO, (2.2 times saturation). Methane concentration had
more variability than the other gases with an average epCH, of 63.9. When split between the
campaigns, reservoirs in Scotland had higher overall median concentrations across all three
gases compared to Wales (CO, = 1791 vs. 1031; CH; = 1.2 vs 0.9 and N,O0 = 0.8 and 0.6 pg L~ Y

respectively). Statistically significant differences (ANOVA) at the 95% confidence level between
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the Scotland and Wales campaigns were found for concentration of CO, (p<0.001) and N,O

(p=0.015), but not CH, (p=0.905).
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Table 3.1 Reservoir and catchment characteristics for the study sites (n = 30), including water
quality, geomorphic and biophysical properties. The median, 1% and 3™ quartiles (25" and 75"

percentiles) representing the interquantile range (IQR) are shown.

Variable Units Ql Q2 Q3
Catchment area ha 257 1241 2495
Reservoir area ha 13 40 139
Catchment:Lake ratio 13 22 42
Elevation m 263 359 420
Slope ° 16
HOST - no gleying % 0 0 24
HOST - gleying between 40-60 cm % 0 0 2
HOST - gleying below 40 cm % 0 0 2.1
HOST - Total Peat % 53 83 100
HOST - Peaty Gleys % 7 45 72
HOST - Peaty Rankers % 0 0 0
HOST - Blanket Peat % 0 29
LCM - Rough Grazing % 10 52 76
LCM - Coniferous woodland % 0 7
LCM - Suburban % 0

LCM - Freshwater % 3 8
LCM - Moorland % 1 23
LCM - Bog % 0 0.2 4
LCM - Broadleaf woodland % 0 1
LCM - Improved % 0 0.4 9
LCM - Arable % 0 0.1
Geology - Basalts % 0 0
Geology - Granites % 0 0.1
Geology - Conglomerates % 0 0
Geology — Sandstone % 0.3 12 65
Geology - Mudstones and sandstones % 0 0 14
Geology - Mudstones and silts % 0 1.2 57
Geology — Limestone % 0 0.0 0.0
Geology - Basic igneous % 0 0.0 0.0
Geology - Fine grained acidic igneous % 0 0.0 0.3
Geology - Medium and coarse grained igneous % 0 0.0 0.3
Geology — Metamorphic % 0 0.0 0.0
DOC mgl™' 35 6.0 9.8
DIC mglt 1.2 3.4 9.9
NH," ugl™t 9.0 22 46
NO, pg L™t 1.0 2.0 3.0
NO5 ugl™t 65 112 194
pH 6.4 6.8 7.2
DO % 37 47 58
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Variable Units Ql Q2 Q3

Conductivity pScm ' 28 42 75
Water temperature °C 6.0 11 176
CH, pgl™t 037 0.99 3.0
co, pgLl™t 998 1362 2163
N,O pgl™t 0.59 0.74 0.88
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Figure 3.2 Bar plot showing the proportion of land cover classes associated with each

catchment.
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Figure 3.4 Bar plot showing the proportion of HOST categories within the catchments, with

total peat split into categories representing peaty gleys, peaty rankers and blanket peat.

3.3.2 Seasonal variability in C and N concentrations

Both median CO, (2110 ugL™) and CH, (1.7 ugL™) concentrations were highest during the
autumn sampling for Scottish reservoirs, whilst Welsh reservoirs had higher concentrations in
winter for CO, (1384 pgL™) and spring for CH, (1.1 pgL™) (Figure 3.7). Both Scotland and
Wales saw highest median N,O concentrations in winter (0.94 and 0.89 ugL™, respectively).
Dissolved organic carbon concentrations for both Scotland and Wales were higher in autumn
(10.5 and 5.0 mg L™, respectively), while highest DIC concentrations occurred in summer (9.0
and 9.5 mg L™, respectively). Concentrations of NO; for both Scotland and Wales were higher
in spring (0.15 and 0.18 mg L™, respectively). There was little seasonal variability in NO,
concentrations across both Scotland and Wales, with NH, being higher in winter for Wales

(0.06 mg L"), with again, little seasonal variation across the Scottish sites. A Holm-Bonferroni
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corrected Wilcoxon signed rank test to compare seasons found statistically significant
differences (p <0.01) across all three GHGs in winter’s aquatic concentration vs. each of the
other seasons. For N,O only, there were also statistically significant (p <0.001) differences in

summer’s aquatic concentration vs. each of the other seasons.

[ ] [ ]
GHGs .
10+ 104
_ [ ] [ ] - -
K —— | X ' .
o 3' o~
] — — o
L 1
2 = ' 3 —— L
[ ] ———
- [ ]
0.3+ - 0.1 - * - L]
- 1000 4 -
[ ]
100 A PR
_ - _ 100 4
- 10 - L] - .
=T
- | { o N —
- = I |
0.1 | I 0.1 _I_
5 . .
- 3 . 31 -
1 1 3
2, - Q, .
= =
N = B L ==
[ ]
QQJ Q:\' 65" @ (\':?' Eu* 5\{" -@‘-'
4= & & - & &
KL 2 S EF I I A
Scotland Wales

Figure 3.5 Seasonal variability in concentrations of CO,, CH, and N,O, across the 30 Scottish

and Welsh reservoirs.
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Figure 3.6 Seasonal variability in concentrations of DOC and DIC across the 30 Scottish and

Welsh reservoirs.
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Figure 3.7 Seasonal variability in concentrations of NH,", NO,,, NO;™ across the 30 Scottish and

Welsh reservoirs.

3.3.3 Spatial variability in evasion and excess partial pressure by reservoir
The median CO, evasion across the 15 reservoirs in Scotland was 4.34 mg C m™ h™* (range -3.36

to 71) and was higher compared to median evasion rates of 1.58 mg C m™ h™ (range -17.2 to
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126) from the 15 reservoirs in Wales (Table 3.2). Scotland reservoirs had a median epCO, of
1.79 (range 0.31 to 20.1) and reservoirs in Wales had a median epCO, of 1.29 (range 0.04-
20.3), indicating that overall, the reservoirs were supersaturated in CO,. In Scotland, reservoirs
with the highest evasion rates for CO,-C were Glenkiln (8.74 mg C m™? h™), Lochenkit (8.13 mg
C m?h™) and Black Esk (7.98 mg C m™ h™). In Wales, similar high evasion rates were observed
in Cefni (12.9 mg C m™? h™) and Aled Isaf (8.33 mg C m™? h™). Dolwen reservoir in Wales was the
only reservoir to have an overall negative median evasion of -0.06 mg C m? h™, and an epCO,

of 0.99 which suggests it is in equilibrium with atmospheric CO,.

Both epCH, (range 0.78-540) and CH, evasion (-0.49 to 11700 pg C m™ h™) showed a higher
variability between sites, particularly when compared to CO, (Table 3.2). Scotland had a higher
median CH, evasion rate than Wales, 18.2 vs. 12.6 pg C m™ h™, respectively. Reservoirs in
Wales showed a greater range in CH, evasion, with maximum rates of 11700 pug C m? h™,
compared with 6040 pg C m? h™ across the Scotland sites. In Scotland, Dindinnie and
Waltersmuir have the highest median evasion rates of 85.4 and 67.0 pg C m2 h™, respectively.
Both these sites were consistently supersaturated with median epCH, of 36.5 and 70.2,
respectively. In Wales, both Cefni and Dolwen had highest median CH, evasion at 274 and 119,
ug Cm™ h™, respectively. Both sites were highly supersaturated with median epCH, of 226 and

102, respectively.

Evasion of N,O across Scotland and Wales saw less variability than the other gases, particularly
in Scotland (range -1.09 to 42 ug N m™” h™) (Table 3.2). In terms of saturation, epN,O ranged
from 0.94-7.47 in Scotland to 0.88-10.3 in Wales. Cefni reservoir in Wales, had the highest
median evasion (6.06 pg N m™ h™) and an epN,O of 1.68, whilst in Scotland, Black Esk reservoir

had the largest median epN,O of 1.46.
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Table 3.2 Open water evasion flux and excess partial pressure across the study reservoirs.
Results shown are median with min and max values given for Scotland Wales overall. Note

smaller units for N,O evasion.

Evasion rate Excess partial pressure
CO, CH,
(mgCm? (ugCm” N,O
h'l) h'l) (ug N m h'l) epCO, epCH, epN,0
Arklet 3.14 21.70 0.71 1.76 27.23 1.10
Baddinsgill 6.06 11.94 1.29 2.42 14.82 1.20
Black Esk 7.98 56.23 3.12 2.68 66.15 1.46
Dindinnie 1.83 85.37 5.84 1.23 36.52 1.30
Finglas 3.02 30.28 1.42 1.64 29.59 1.21
Glenkiln 8.74 13.01 1.75 2.56 14.83 1.24
Katrine 1.80 3.35 0.39 1.44 4.91 1.06
Lochenkit 8.13 18.89 1.16 2.45 18.50 1.13
Megget 1.13 5.02 0.69 1.15 3.53 1.09
Penwhirn 7.43 42.13 2.58 1.71 28.55 1.20
St Mary's 1.33 2.28 1.33 1.15 3.01 1.17
Talla 2.11 1.48 0.88 1.19 2.74 1.11
Thorters 3.19 14.22 2.04 1.73 14.99 1.26
Waltersmuir 7.17 67.01 1.54 2.61 70.17 1.23
Whiteadder 7.31 14.54 1.64 2.64 15.03 1.16
Scotland total 18.17
median 4.34 (-3.36 (-0.49 to 1.46 1.79(0.31to  19.89 (0.78 1.18 (0.94
(range) to 71) 6040) (-1.09 to 42) 20.07) to 539.50) to 7.47)
Alaw 0.41 93.30 1.46 1.09 105.66 1.16
Aled Isaf 8.33 232.67 1.36 2.81 93.97 1.16
Alwen 3.33 11.52 0.73 1.76 12.04 1.09
Brenig 3.10 43.33 1.30 1.72 4475 1.18
Cefni 12.87 273.79 6.06 4.01 226.41 1.68
Conwy 1.20 5.39 0.94 1.19 6.24 1.11
Cwellyn 0.68 14.64 1.19 1.16 14.58 1.16
Cwmystradllyn 0.58 15.47 0.98 1.11 15.56 1.14
Dolwen -0.06 119.38 2.90 0.99 102.37 1.40
Dulyn 0.95 7.10 1.20 1.17 6.84 1.14
Ffynnon
Llugwy 0.76 2.72 0.67 1.14 3.01 1.10
Llyn Aled 2.67 12.97 0.99 1.52 14.21 1.12
Marchlyn Bach 0.66 6.28 0.56 1.14 7.99 1.09
Morwynion 3.66 7.21 2.53 1.39 6.52 1.22
Plas Uchaf 0.98 79.24 3.30 1.35 87.24 1.48
Wales total 1.58 12.62
median (-17.16 to (-0.04 to 1.26 1.29(0.04to  15.01 (0.95 1.14 (0.88
(range) 126) 11,700) (-1.26 to 80) 20.31) to 507.01) to 10.31)
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3.3.4 Relationships of CO,, CH; and N,O with catchment characteristics

Principle component analysis

The PCA highlights how CO,, CH, and N,0 concentrations co-varied with landscape properties
and water chemistry (Figure 3.8). The PCA suggests that across the study, concentrations of
CH, and N,O, and to a lesser extent CO,, are associated with broadly similar catchment types.
The total cumulative variance explained by the first three principal components was 46%
(Table 3.3). Many of the potential controls on CO, in the study reservoirs are negatively loaded
on PC1, whilst CH, and N,O are better explained by the positive loadings on PC3 (Table 3.3).
PC1 explained 26% of the total variance and represented a gradient for ‘elevation’ (0.32),
‘improved grassland’ (-0.32), ‘HOST total peat’ (0.30), ‘arable’ (-0.30), ‘conductivity’ (-0.30),
and to a lesser extent ‘HOST gleying below 40 cm’, ‘DIC’ and ‘suburban’ (Table 3.3). Carbon
dioxide concentrations had a negative loading on PC1, consistent with catchments with higher
DOC, sandstone geology and coniferous woodland. Methane and N,O concentrations
negatively loaded on PC1 suggest that they are consistent with catchments with higher

conductivity, DIC and dissolved oxygen (Figure 3.8).

An additional 11% of the variance was explained by PC2, with ‘slope’ (0.36) and ‘rough grazing’
(0.33) positively loaded, and ‘DOC’ (-0.36), ‘HOST total peat’ (-0.24) and ‘coniferous woodland’
(-0.21) all negatively loaded. Loadings of ‘CO,' (-0.07) and ‘N,0O’ (-0.01) were lower than for
PC1, indicating that these variables explained less of the variance in the dissolved gas
concentrations, whereas CH4 had a higher loading on PC2 (-0.15) than PC1. PC3, explaining 9%
of total variance, had the strongest loadings for both ‘CH,’ (0.40) and ‘N,0O’ (0.29) compared to
PC1 and PC2. This variance was also explained with positive loadings for ‘catchment:lake ratio’
(0.41), ‘HOST gleying between 40-60 cm’ (0.33), ‘coniferous woodland’ (0.24) and ‘DIC’ (0.20),
and ‘mudstones/silts’ and ‘bog’ negatively loaded. Together, PC1 to PC3 explained nearly half
of the variability in the data (Table 3.3).
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Figure 3.8 Correlation biplot displaying the orientation of the environmental variables from

Table 3.3 on the first two principle components.
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Table 3.3 Eigenvectors, eigenvalues and variance explained by principle component (PC)
analysis of water quality, geomorphic and biophysical variables for the study lake catchments

(n=30).

Eigenvectors PC1 PC2 PC3 PC4
HOST - No gleying -0.11 024 0.00 0.40
HOST - Gleying between 40-60 cm -0.05 0.11 0.33 0.02
HOST - Gleying below 40 cm -0.28 0.08 -0.13 -0.28
HOST - Total Peat 030 -0.24 0.05 -0.09
LCM - Rough Grazing 0.22 0.33 0.07 -0.03
LCM - Coniferous woodland -0.01 -0.21 0.24 0.09
LCM - Suburban -0.25 0.07 -0.14 -0.12
LCM - Moorland 0.06 -0.15 0.11 -0.12
LCM - Bog 0.03 -0.40 -0.21 0.06
LCM - Broadleaf woodland -0.09 0.19 0.02 -0.06
LCM - Improved -0.32 0.11 -0.15 0.03
LCM - Arable -0.30 0.08 -0.11 -0.26
Geology - Sandstones 0.00 -0.06 0.27 -0.40
Geology - Mudstones/Sandstones -0.04 0.24 0.00 0.06
Geology - Mudstones/Silts 0.04 -0.22 -0.28 0.40
pH (centered) -0.10 0.15 -0.08 0.01
DO (fraction) -0.12 0.01 -0.14 0.00
log(DOC) -0.19 -0.36 0.11 -0.07
log(DIC) -0.25 -0.03 0.20 0.05
3V(NH,) -0.05 -0.05 0.09 0.23
3V(NO,) -0.17 -0.20 0.08 0.16
3V(NO3) -0.16 0.07 0.07 0.38
log(conductivity) -0.30 -0.01 -0.01 0.13
log(Catchment:Lake ratio) -0.13 0.09 041 0.07
log(mean elevation) 0.32 0.04 0.06 0.17
log(mean slope) 023 036 012 0.01
log(CO,) -0.21 -0.07 0.12 0.03
log(CH,) -0.03 -0.15 040 0.00
log(N,0) -0.08 -0.01 029 0.17
Standard deviation 2.76 1.78 1.63 1.50
Variance explained (%) 26.2 10.92 9.12 7.80
Variance explained (cumulative, %) 26.22 37.14 46.26 54.07
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Cluster analysis

The cluster analysis grouped the 30 reservoir sampling sites into five clusters (Figure 3.9) which
gave two catchments in cluster 5, three catchments in cluster 3, five catchments in cluster 2,
six catchments in cluster 4 and fourteen catchments in cluster 1. There is a spatial difference
between the clusters, with all reservoirs in cluster 5 and 4 in North Wales, and cluster 2 in
Scotland. Cluster 1 is dominated by catchments with large areas of ‘HOST total peat’, land uses
of rough grazing and moorland and sandstone geology. Cluster 4 is also dominated by
catchments with large areas of ‘HOST total peat’, with land uses of bog and moorland, and
geology of mudstone and silts more common. Cluster 3 is dominated by catchments with
‘HOST gleying below 40 cm’, improved grasslands, sandstone and mudstone geology. Cluster 2
is similar in terms of having catchments with rough grazing, coniferous forests, moderate
percentages of ‘HOST total peat’, and mudstone/sandstone geology. Cluster 5 is characterised
by catchments with higher percentages of ‘HOST no gleying’, improved grasslands, and
mudstones/silt geology. Box plots were used to investigate the possible catchment
characteristics of land use, geology and HOST driving concentrations of CO,, CH, and N,O
differences between the five identified clusters (Figure 3.10). There was a statistically
significant difference (Kruskal-Wallis, H = 9.794, p = 0.044) in CH, concentrations between the
five different catchment clusters, but not with CO, or N,O concentrations. This suggests that
the catchment characteristics are more important drivers of CH, concentrations than CO, and
N,O. When geology, land use and HOST were clustered individually with the three greenhouse
gases, a significant difference was found between CH, concentration for both the land use
clustering (Kruskal-Wallis, H = 8.655, p = 0.032) and HOST clustering (Kruskal-Wallis, H = 8.537,
p = 0.036) but not geology.
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Figure 3.9 Hierarchical clustering by catchment characteristics for land use, geology and soil
HOST categories. The number of each cluster (1-5) is shown representing each individual

cluster below the dotted line.
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Figure 3.10 Boxplot showing concentration of CO,, CH, and N,O by the five catchment clusters

(1-5) as shown in Figure 3.9.
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Multiple linear regression

Drivers of surface reservoir concentrations of CO,, CH, and N,0 were modelled using multiple
linear regressions (Table 3.4), indicating a number of significant relationships between
dissolved gases and the environmental variables. Carbon dioxide concentrations were
positively correlated with DOC, HOST total peat, NH,", conductivity, and catchment:lake ratio,
and were negatively correlated with pH, and dissolved oxygen. Methane had positive
correlations with only DIC and catchment:lake ratio. Concentrations of N,O were positively

correlated with NO; and conductivity, whilst negatively correlated with dissolved oxygen.

Table 3.4 Multiple linear regression coefficient results between greenhouse gas
concentrations of CO,, CH,;, N,O and biophysical variables. Significant correlations are marked

by an asterisk* for p < 0.05, a double asterisk** for p < 0.01 or triple asterisk*** for p < 0.001.

Cco, CH, N,O

Adj. r’ =0.307 Adj. r* =0.328 Adj. r’ =0.235
Variable Coefficient P value Coefficient P value Coefficient P value
In(DOC) 0.259 0.009** -0.088 0.656 0.062 0.190
In(DIC) 0.098 0.059 0.220 0.036* -0.020 0.417
3\I(NH4+) 0.777 0.042%* 0.608 0.426 0.315 0.088
3V(NOy) -0.486 0.761 2.396 0.457 0.245 0.752
3V(NO3) 0.261 0.397 -1.170 0.060 0.439 0.004**
pH (centered) -0.194 0.016* -0.099 0.535 -0.064 0.097
DO (fraction) -0.849 0.002** 0.727 0.175 -0.535 <0.001***
In(conductivity) 0.265 0.049* 0.454 0.094 0.128 0.049*
In (catchment:lake ratio) 0.126 0.030* 0.272 0.019* 0.047 0.093
In(mean elevation) -0.196 0.193 -0.584 0.054 -0.087 0.235
In(mean slope) 0.197 0.139 -0.088 0.743 0.092 0.155
3Y(HOST - Total Peat) 1.334 <0.001*** | -0.170 0.771 0.156 0.270

3.4 Discussion
The study sought to understand spatial variability of C and N concentrations across different

reservoirs in Scotland and North Wales and associated controls relating to key landscape,
reservoir and water quality characteristics. There were large differences in water chemistry
and landscape features between Scotland and North Wales, which translated into a wide
range in the concentrations of dissolved carbon species, however, less variation was seen
across nitrogen species. There were different patterns of covariation across the landscape and
water quality variables for different GHGs, ranging from relatively moderate coupling to spatial

decoupling, suggesting that each GHG has distinct sets of environmental drivers.
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3.4.1 Variables controlling spatial variability in GHG concentrations

Carbon dioxide

Carbon dioxide concentrations were positively correlated to five variables and negatively
correlated to two (Table 3.4). The positive relationships between CO, and DOC are consistent
with results from other studies (e.g. Premke et al., 2016) and suggest that organic matter
decomposition is an important source of CO, in the reservoirs from allochthonous organic
carbon (Sobek et al., 2003), particularly peatland derived C as HOST total peat is correlated
with CO,. Many studies reporting DOC as a predictor of CO, do not always evaluate the
relationship between CO, and dissolved oxygen (Roehm et al., 2009). When DO is included,
studies found a significant negative correlation (Cole et al., 2010; Zhang et al., 2013), and
similar to here, other studies found dissolved oxygen to be a better predictor (Kortelainen et
al., 2006; Rantakari and Kortelainen, 2005). A correlation between O, and CO, can be
indicative of respiration, often from the sediments (Jonsson et al., 2003; Kortelainen et al.,
2006) and can be stronger in lakes with high DOC, likely from high sedimentation of
allochthonous carbon (Jonsson et al., 2003). Many of the reservoirs studied here have
peatland soils in their catchments, promoting export of organic carbon through runoff and

erosion into the reservoirs.

Over an 18 month period from January 2010, Hughes et al. (2013) measured DOC
concentrations in four lakes in North Wales, three of which were also used in this study, Cefni
(mean monthly DOC across the study was 5.5-12.7 mg L"), Cwellyn (1.4-3.8 mg L™) and Conwy
(3.1-5.6 mg L™). Such results from Hughes et al. (2013) match very closely with mean DOC
concentrations from the same reservoirs used in this research despite the differences in
sampling year and frequency (Cefni = 9.0, Cwellyn = 2.0 and Conwy = 4.0 mg L™"). Hughes et al.
(2013) found Cefni to have higher DOC concentrations due to rainfall events flushing DOC out
of the fen (although no significant relationship with rainfall/DOC was found) and correlations
with temperature. As results between their study and here were similar, this could also be a

plausible explanation for the higher DOC concentrations observed.

A significant positive relationship with CO, and NH," was observed, which has also been
reported in other lake studies (e.g. Rantakari and Kortelainen, 2008) and also emphasises the
importance of the quality of organic matter and nutrient availability for decomposition
processes. High DOC concentrations have been associated with catchments with large
proportions of peat (Aitkenhead et al.,, 1999), but no significant relationship (p = 0.196)

between DOC and ‘HOST total peat’ was found despite multiple catchments having large
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areas. Boothroyd et al. (2015) found DOC concentration to vary significantly with slope
position, supporting findings of a significant negative relationship of both DOC (p <0.001) and
DIC (p <0.01) with catchment slope in this study.

A significant positive relationship (p <0.001) was found between CO, and % of ‘HOST peat’.
Studies have found peat to be a significant source of dissolved CO, to freshwaters (e.g.
Dawson et al., 2002; Johnson et al., 2010; Dinsmore et al., 2009), and results here suggest that
the organic rich soils of the catchments are releasing carbon into the reservoirs, e.g. via
surface inflows or percolation through organic catchment soils. There was also no significant
relationship between CO, and DIC concentrations, despite overall CO, supersaturation
occurring in all but one of the sampled reservoirs (Table 3.1) Waters with large DIC inputs from
carbonate weathering are often supersaturated with CO, (e.g. Del Giorgio et al., 1999).
Median DIC concentrations across all but one reservoir was low to moderate (<15.4 mg L),
with Cefni reservoir in North Wales having both the highest median DIC (24.7 mg L) and
epCO, (4.0). Dolwen reservoir (Wales) experienced negative evasion and undersaturation of
CO,, with low concentrations also seen in Alaw and Cefni. During summer and autumn
sampling, cyanobacteria were visible (and warming signs were present) in these reservoirs,
which can account for the undersaturation of CO,. Previous research on lakes in Wisconsin,
USA (Cole et al., 2000) and Finland (Cole et al., 2000; Huttunen et al., 2003a) suggests that CO,

uptake during photosynthesis by large aquatic plants and algae has similar results.

The sources of CO, in the reservoirs were more likely from decomposition of organic matter
due to identified correlations with DOC and NH;" than from weathering processes in the
catchment as supported by the lack or correlation with CO, and DIC, and the cluster analysis
showing no correlation with catchment geology. This is reflected particularly in Welsh
reservoirs where CO, concentrations were highest in winter and in-lake processes are
expected to dominate. In Scotland, by contrast, highest concentrations were observed in
autumn when the influence of the catchment is more important due to increasing rainfall
events flushing in C at the end of drier summer periods. It is also worth noting that
groundwater can be an important aquatic CO, source (Humborg et al., 2010) but is unlikely to
play a major role in the majority of these reservoirs as conductivity was low (median = 42
uS/cm), indicating that reservoirs are predominantly precipitation fed (Brooks et al., 1998). A

positive relationship between CO, and conductivity was found across the sites.

Carbon dioxide, CH,;, DOC (p <0.001) and DIC (p <0.001) all correlated positively with the

drainage ratio (catchment:lake ratio; Table 3.4) indicating that the flow of water through the
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reservoir and residence time is important for these C species. Lake size has been known to
influence biogeochemical and hydrological processes (Hanson et al., 2007), with typical
decreasing trend in lake CO, concentrations with increasing lake area (e.g. Holgerson and
Raymond, 2016; Rocher-Ros et al., 2017). Lakes with large surface areas and those with large
fetches have greater potential for degassing, allowing faster CO, equilibration with the
atmosphere; however, no significant relationship was found between reservoir area and
epCO, in this study CO, concentrations show a significant negative correlation with pH, a

common relationship in aquatic systems (e.g. Holgerson and Raymond, 2016).

Reservoirs in this study had a median pH of 6.8. Higher pH causes CO, to dissolve in water to
form carbonate and reduce the pCO, in surface waters, whilst low pH can promote CO,
emission to the atmosphere. Our results suggest that slope does not account for GHG
variability despite other studies finding it to influence contact time between soil and water
percolation (Rawlins et al.,, 2014), or influence evaporative enrichment of water routing
through a catchment (Gibson et al., 2005). Likewise, no relationship was found with elevation
which is often seen as a proxy for temperature (Pighini et al., 2018). This suggests that the
range of elevation and slope gradients were either too small to pick up trends in GHG

concentrations and/or hidden by other factors.

Methane

Methane had only two significant positive relationships with DIC (p <0.05) and catchment:lake
ratio (p <0.05) in the multiple regression models (Table 3.4). Dinsmore et al. (2009) also found
a negative relationship between CH, and DIC in a Scottish peatland catchment. In turn, DIC
exhibited positive correlations with NO, (p <0.05), pH (p <0.001), conductivity (p <0.05), lake-
to-catchment ratio (p <0.001), and negative relations with NO;5™ (p <0.05), dissolved oxygen (p
<0.001), slope (p <0.01), and HOST peat (p <0.01). In aquatic systems, DIC is determined by
four main processes: i) inputs from gas loaded waters from soils and ground water; ii) within
lake respiration by aquatic plants and through organic matter; iii) from products of carbonate
dissolution and weathering of silicate materials; and iv) atmospheric exchange through
outgassing and drawdown depending on equilibrium between the water and atmosphere
(Hope et al., 1994; Jones and Mulholland, 1998; Billett et al., 2004; Jarvie et al., 2017). Cefni
supported the highest observed CH, concentrations of the sampled reservoirs. One potential
explanation for this, was the presence of aquatic plants around the shore, particularly cattails,
which were not observed at the other reservoirs and have been found to decompose in the
littoral sediments and contribute to large CH, emissions through the decomposition of old

cattail biomass (Emilson et al., 2018). As no significant relationships were found between
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greenhouse gas concentrations and catchment geology, and only a handful of catchments had
carbonate- and silicate-rich bedrock, DIC sourced from dissolution and weather is less
important for the reservoirs measured here and the in-lake processes and soil and/or ground
water inputs would seem more relevant. For example, Black Esk has the largest percentage of
limestone at 8% and had a high epCH, of 66, but other reservoirs showed much higher

supersaturation.

The positive correlation between CH, concentrations and catchment:lake ratio suggests
hydrologic connectivity between the reservoirs and landscape is important for controlling CH,.
High catchment:lake ratios can promote more catchment connectivity, which in turn gives
more opportunity for higher allochthonous inputs and sedimentation rates (Van Geest et al.,
2003). The reservoirs with highest rates of evasion and epCH, (Table 3.2) all are drainage, as
opposed to seepage lake types as catchment:lake ratios are >30. Many studies have found CH,
to correlate significantly with peatland soils as they release high concentrations of CH, due to
lack of oxygen and resulting methanogenesis. However, this was not found in this study
despite large peatland areas in the majority of catchments i.e. 23 out of 30 catchments have
>50% ‘HOST Total Peat’. Higher CH, concentrations (e.g. Huttunen et al., 2002) have also been
reported in near shore areas only. The Scotland and Wales reservoirs were sampled in near
shore littoral zones, therefore, an over approximation of the reservoir CH, concentrations
could have been made and should be evaluated in future work through sampling away from

the bank edge.

Results from the cluster analysis also showed that there were significant differences in CH,
between clusters, with HOST and land use being the main factors causing the differences
(Figure 3.10). Results from the clustering also showed that geology was not a significant factor
in controlling any of the three greenhouse gases. Highest and most variable CH,
concentrations are seen in cluster 3 (Figure 3.10), which is composed of HOST gleying below
40 cm (81%), improved grassland (85%) and arable (3%) land uses. The reservoirs in this
cluster are Dindinnie (median epCH,4 = 37), Alaw (epCH, = 106) and Cefni (epCH, = 226) which
are all highly supersaturated in CH,. Animal deposition is likely a factor contributing to the high

DOC concentrations here.

High CH, emissions have been reported from agricultural lake catchments in Finland with high
nutrient loads and well-developed soils (Huttunen et al., 2003). Nutrient enriched temperate
lakes have also had high CH, emissions (Casper et al., 2000) and N,0 concentrations (Mengis

et al., 1997). Our study supports these findings; the Dinndine and Cefni reservoirs had the
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highest median N,O concentrations and epN,0 and their CH4 concentrations were the highest
amongst the Scottish and Welsh reservoirs tested (Table 3.2). Increased availability of
degradable autochthonous organic matter, presumably from dung deposits and soil
disturbance mediated by the grazing animals, increases decomposition and oxygen
consumption. This in turn, promotes the depletion of water column and sediment oxygen. The
anoxic conditions can promote CH, emissions from lake sediments by enhanced production
and/or decreased oxidation of CH, (Kiene, 1991) and N,O production, supported by runoff
from fertiliser and organic matter be supported by low oxygen (Huttunen et al., 2003). In this
study in Scottish and Welsh reservoirs, a significant negative relationship between N,0 and

dissolved oxygen was found.

Nitrous oxide

Nitrous oxide concentrations saw highest saturation in winter for both Scotland and Wales
(Table 3.2) and only three variables were found to be significantly correlated to reservoir
concentrations (Table 3.4). Evasion fluxes were low in the majority of reservoirs, and epN,0
saw concentrations closer to saturation levels. The shallow regions of reservoirs in Scotland
and Wales do not seem to contribute significantly to the atmospheric N,0 budget, particularly
when compared to CO, and CH,4, which supports previous studies in finding freshwater lakes as

only moderate sources of N,O (Mengis et al., 1997).

The significant positive relationship (p <0.01) between N,O and NO; has been observed in
other studies (e.g. Beaulieu et al., 2008). Both NO; and organic carbon availability are
important controlling factors of denitrification (Seitzinger and Kroeze, 1998; Kroeze et al.,
2010). However, no relationship was found between N,O and DOC which was also observed in
Beaulieu et al. (2009) and attributed to considerable variation in overall carbon availability in
DOC (Kaplan and Newbold, 2003). Denitrification and N,0 production could have been limited
by oxygen, which are important when process rates are not limited by NOj'. In this study, a
negative correlation was found between N,O and dissolved oxygen. DOC, as a carbon source,
and DO as indicator of the presence/absence of O, are key factors determining denitrification
rates. Whilst oxygen is the main regulator of denitrification, pH is also a key factor (Sun et al.,
2012) with pH values > 7 tend to promote larger rates of denitrification to N,, compared to the

opposite in acid soils.

The generally lower concentrations of N,O, compared to concentrations reported in the
literature (e.g. Beaulieu et al., 2015) could be limited by the low NO; concentrations seen

across the majority of the reservoirs (medians of <0.11 mg L), and overall low inorganic N

89



potentially limiting the capacity for denitrification and suggesting the dominant N source in
the upland reservoirs would be from atmospheric deposition. Despite higher median N,0O
concentrations occurring in winter, the highest NO3; concentrations were observed in spring
(median = 0.15 and 0.18 mg L™ for Scotland and Wales, respectively). Nitrate concentrations
have also been shown to positively correlate in a study on Scottish streams with the
percentage cover of improved grasslands, brown forest soils and negatively with peat
(Chapman et al., 2001). Similarly, a significant negatively relationship (p = 0.005) was found
between NO;™ and HOST peat. The cluster analysis and Kruskal-Wallis tests found no significant
relationship with catchment land-use and N,O concentrations despite areas of agriculture
often being sites of N,O emission (Seitzinger and Kroeze, 1998; Beaulieu et al., 2015) but was

likely down to the small sample size of agricultural catchments.

Only a handful of sampled reservoirs had arable land in their catchments (max catchment
coverage = 3.1% of which Dindinnie, Cefni and Alaw have between 2.4 to 3.1%). However,
improved grassland had greater presence (max catchment coverage = 86% with Dindinnie,
Thorters, Waltersmuir, Cefni, Alaw, Plas Uchaf and Dolwen having >12%) and could further aid
explanation of the lower N,O concentrations seen across the majority of reservoirs. Cefni in
North Wales, which has 3% of arable land and 86% of improved grasslands in the catchment,
had the highest median N,O concentration (1.1 ug L™ or 0.7 pg N L™). The Cefni catchment and
surrounding area has a history of cattle and sheep farming where agro-chemicals are used
(Hughes et al., 2013) which is a likely N source to the reservoir. A marshy wetland also
immediately surrounds the reservoir, which likely stores some of the catchment run-off. The
reservoir also has a history of eutrophication which can support growths of potentially toxic
cyanobacteria during summer. Plas Uchaf and Dolwen are two shallow connected reservoirs
and previous water quality monitoring have indicated that nitrogen concentrations are high
(TN = 2.90 mg L?) (Hatton-Ellis, 2015). Llyn Alaw catchment also consists of intensive
agriculture, with slightly elevated nitrogen concentrations (TN = 1.03 mg L™ and winter nitrate
at 0.66 mg L") (Hatton-Ellis, 2015). The reservoirs sampled were also more typical of upland
UK drinking water catchments, which have reduced nutrient pressures that would typically
relate to higher intensity agricultural land use and population pressure. Future work should
include reservoirs in areas with more productive agriculture land to assess the evasion and

concentrations of N,O in these types of catchments.

3.4.2 Seasonal variability
Seasonality plays a role in controlling lake temperatures which influence nutrient

concentrations and microbial activity, oxygen availability (e.g. lake stratification), time of
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fertiliser application, along with organic matter availability (e.g. flushing of carbon). Results
demonstrate seasonal differences in GHG concentrations across regions, with highest median
CO, and CH, concentrations for Scotland in autumn (Figure 3.7). Reservoirs receive CO,
produced and derived from their catchment area as a result of rainfall events when large
amounts of C are transported into the water bodies (Rantakari and Kortelainen, 2005).
Dinsmore et al. (2013) have also found CO, concentrations in Scottish catchments to strongly
link to discharge. The Scottish reservoirs were sampled over a wider spatial gradient compared
to the Welsh sites and the limited resolution of available rainfall data does not provide a true
reflection of the rainfall for each catchment or a clear east-west rainfall gradient. Therefore,
rainfall was excluded from the models. To provide some insight for the sampling year, rainfall
at Eskdalemuir weather station (near four of the Scottish catchments) was highest in winter
(446 mm) followed by autumn (240 mm) (Met Office, 2018). In North Wales, the nearest
weather station (Valley on Anglesey) also showed highest rainfall over winter (1135 mm) for
the sampling year, followed by summer (376 mm). Greater fall of leaf litter in autumn (Scholz
et al., 2016), could also partially explain the higher autumn CO, and CH, concentrations in
Scotland where catchments include broadleaf and coniferous woodlands (drop of needles also

increased during autumn) in contrast to Welsh sites (Figure 3.2).

Welsh reservoirs saw higher median concentrations for CO, in winter and CH, in spring (Figure
3.7). The higher spring CH, concentrations could be linked to highly oxygen depleted
conditions that are typical of shallow eutrophic lakes with soft sediments (Huttunen et al.,
2003). A further explanation of the spring CH, concentrations relate to the February snowfall,
resulting in melt water running into the catchments. Snow melt has also been shown to be an
important period for the export of both DOC (Nilsson et al., 2008) and gaseous carbon (Dyson
et al., 2011). The higher winter CO, concentrations could be attributed to lower temperatures
and reduced photosynthetic activity within the reservoirs (e.g. Striegl et al., 2001). The most
likely cause, however is linked to increased rainfall promoting runoff and leaching of organic
material into the reservoirs from already highly saturated soils (Striegl et al., 2001). Both
Scotland and Wales saw higher N,O concentrations during winter. Nitrate, a main predictor of
N,O concentration, (Figure 3.8) typically increases during winter and declines during growing
seasons as NO; catchment export is mediated by inorganic N uptake by plants, which is

decreasing during the non-growing season (Lee et al., 2012).

91



3.4.3 Comparison with other lakes and reservoirs

Carbon dioxide

Dissolved CO, concentrations (range 2.36 to 663.6 pmol L) were in the same order of
magnitude as Diem et al. (2012) when supersaturated with CO,. They were also comparable to
Casper et al. (2000) where concentrations ranged from 27-326 umol L™ in a small lake with fen
catchment in England, UK. An assessment of global lake CO, by Sobek et al. (2005) found 93%
of lakes (n = 4902) were supersaturated in CO, with respect to the atmosphere and ranged
between 17 and 65,250 patm. In this study, the reservoirs ranged between 42 and 10,748
patm. An earlier global lake study by Cole et al. (1994) found 87% of lakes (n = 1835) to be
supersaturated in CO,, with North American temperate lakes having a mean of 1087 patm,
with reservoirs in this study having a mean of 934 and 879 patm in Scotland and Wales,
respectively. Tropical reservoirs are regarded as having higher CO, and CH, concentrations
than temperate systems. For example, in a reservoir in French Guiana, Guérin et al. (2006)
found CO, concentrations to range from 50-400 pmol L™. The same order of magnitude of CO,
(mean 0.80 mg L), DOC (mean 5.05 mg L™) and DIC (mean 1.55 mg L™) concentrations were
measured at Loch Katrine during 2014 by Pickard et al. (2017), which is also a reservoir

sampled in this research, highlighting consistency in findings between the two studies.

A study on constructed wetlands measuring C and N inflow/outflow concentrations were
measured at Cefni reservoir during 2014 (weekly from Mar-Oct) (Scholz et al., 2016) providing
results from a similar period and a reservoir also used in this research. In the outflow of the
reservoir, Scholz et al. (2016) reported mean concentrations of DOC, DIC and CO, to be lower
than results from this study, but higher NO3™ concentrations (the latter values are from this
study): DOC = 1.4 vs. 9.0 mg L™, DIC = 16.2 vs. 25.8 mg L', NO; = 1.2 vs. 0.5 mg L™, and this
study median GHG concentrations against their means were CO, 1129 vs. 4107 ug L™ and CH,
20.1 vs. 17.1 ug L. Such differences are likely due to the higher frequency (weekly) sampling
over spring, summer and early autumn when concentrations are typically higher compared to
just seasonal sampling across Scotland and North Wales. Cefni, Marchlyn Bach and Llugwy
reservoirs in North Wales were sampled monthly over a one year period by Jones (2006), with
average concentrations of DOC (9.3, 2.8 and 3.2 mg L, respectively) and showed little
seasonal variation. Dissolved CH, concentrations at Marchlyn Bach and Llugwy (mean 0.001
mg L!) were low, with Cefni having a maximum of 0.01 mg L™. Carbon dioxide concentrations
showed significant (p<0.001) seasonal variation for Cefni (range 13.2 umol I* to 65.7 umol 1),
Llugwy (max 64.9 umol ') and Marchlyn Bach (max <40 umol I™"). Marchlyn Bach and Llugwy

were also reported to have low nitrate concentrations (mean <1 mg L™), with a maximum of
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11.9 mg L™ in Cefni during winter with large seasonal change. Marchlyn Bach and Llugwy have
both peat/bog dominated catchments but the concentrations in these two reservoirs are

lower than typical concentrations in such catchment types.

In a study of Irish lakes (n = 121) Whitfield et al. (2010) also found the majority of lakes to be
supersaturated with CO,, with a mean estimated flux of 14 mmol CO, m? d* and median
surface concentration of 21 umol L™*. Reservoirs in Scotland had a mean evasion rate of 13.7
mmol CO, m? d™ and a median surface concentration of 41 umol L™, with reservoirs in Wales
having a mean evasion rate of 11.7 mmol CO, m? d™*and a median surface concentration of 23
pumol L™ % In Scotland and Wales, a wider range across reservoirs was observed, emphasising
the wide spatial variability in GHG concentrations and the difficulties that could emerge from
up-scaling emissions from a few select reservoirs in different regions as they could over or
under estimate emissions. However, results from the Irish study are quite comparable to this
research, albeit a higher median surface CO, concentration was observed in Scotland, but the
agreement between the two studies provides increased confidence in the estimates of GHG
concentration and evasion from Scotland and North Wales, and provides potential for up-
scaling. Future work could also investigate GHGs in reservoir catchments which have become
degraded or are actively eroding, which could complement the C work of Stimson et al. (2017).
Their carbon budget study (DOC, POC, aqueous CO,) at Kinder reservoir, located in a degraded
upland catchment in the South Pennines, UK (Stimson et al.,, 2017) found this POC rich
reservoir to be a net fluvial C sink, with mean DOC concentrations of 6 mg L™ at the reservoir

outlet (Stimson et al., 2017). This could also help future up-scaling research.

Methane

The range of measured surface concentrations of CH, (0.003-46 pmol L™, or 0.04-554 pg C L")
in this study were on the same order of magnitude as other temperate lakes and reservoirs
(e.g. Bastviken et al., 2008; Diem et al., 2012; Tang et al.,, 2014). All reservoirs were
supersaturated in surface dissolved CH, with respect to the atmospheric concentration, which
supports findings by Tang et al. (2014). Schulz et al. (2001) found CH, concentrations at Lake
Constance (Germany) to be oversaturated as much as forty times, with results here showing
oversaturation between 3 and 226 times. Greater within site variation was seen across some
of individual sampled reservoirs in this study compared to Priest Pot lake, England UK, where
CH, concentrations ranged from 0.31 to 4.8 pmol L™ (Casper et al., 2000). Similarly, Whitfield
et al. (2010) also found all lakes to be above saturation in CH,, with a mean estimated flux of
0.36 (0-4.5) mmol m? d* and median surface concentration of 0.06 pmol L™*. Reservoirs in

Scotland had a mean CH, evasion rate of 0.23 (0-12.1) mmol m™? d* and a median surface
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concentration of 0.07 umol L™, with reservoirs in Wales having a mean evasion rate of 0.44 (0-
23.7) mmol m? d* and a median surface concentration of 0.05 umol L™*. Compared to the
study in Ireland, mean and median concentrations were similar but maximum concentrations
and evasion were higher. According to Wang et al. (2017) this methane-enriched surface zone
causing oversaturation could be produced by phototrophs and with methanogens, whereas
Fernandez et al. (2016) believe CH, surface concentrations would more likely originate from
methane-rich shallow zones. Ebullition, which was not measured here, could also be
contributing to the high supersaturation of CH, in some of the reservoirs (e.g. Sobek et al.,,

2012; Maeck et al., 2013).
Nitrous oxide

Nitrous oxide concentrations ranged from 0.29 to 5.41 ug C L™ (mean 0.019, range 0.001-0.19
in umol L™). Overall, reservoirs showed N,O supersaturation and low evasion rates, but
variability was high across the sites. The reservoirs either were close to atmospheric
equilibrium or showed supersaturation (Table 3.2). This is similar to previous findings of small
N,O fluxes in boreal and semi-alpine lakes and reservoirs (Huttunen et al., 2002; Huttunen et
al., 2003; Diem et al.,, 2012). In two lowland Swiss lakes, Diem et al. ( 2012) found
supersaturation and low levels of emission of N,O at 72 pug N,O m™ day™ (Lake Wohlen) and 50
ug N,O m? day* (Lake Lungern). Surface concentrations at Lake Wohlen were 23+4 nmol L*,
with Lake Lungern varying from 17-20 nmol L™ across four sampling dates. Mean evasion from
the reservoirs across Scotland was 117 pg N,O m™? day™ and for Wales 85 pg N,O m™ day™
which is comparable. Similar to results here, Whitfield et al. (2010) found the majority of Irish
lakes (n = 121) to be supersaturated with N,O with an average flux of 1.3 umol m™ d™, ranging
from -3.8 t0 6.9 pmol m™ d™ and median surface concentration of 11 nmol L. Mean evasion
were on the same order of magnitude but both Scotland and Wales saw higher evasion at
some reservoirs. Scotland had a mean of 1.9 umol m™ d*, ranging from -0.9 to 35.9 pmol m~
d* and Wales had a mean of 2.6 pmol m™ d*, ranging from -1.1 to 68.1 umol m™ d". Beaulieu
et al. (2015) measured N,O concentrations in temperate reservoirs (n = 17) in the Ohio River
Basin, USA and found 80% to be supersaturated in the surface waters, indicating most
reservoirs were a source of N,O to the atmosphere. 13 of these US reservoirs had a median
N,O saturation of 1.6 (suggesting production), 3 were at equilibrium (mean saturation = 1.04)
and 1 showed consumption (mean = 0.65). Using the N,O saturation ratios in Beaulieu et al.
(2015), where production is >1.2, 18 (60%) reservoirs in Scotland and Wales showed

production and 12 reservoirs were at equilibrium. Results here were much lower than in a

hyper-eutrophic lake in China where littoral zones were found to be N,O emission hotspots
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(-265.1 to 2101.4 pg N,O m?2 h') (Wang et al., 2006). The evasion range across Scotland and
Wales were -2.0 to 124.9 ug N,O m™ h™. Currently IPCC methods for N,O emissions do not
consider lakes, therefore more research is required to determine whether agricultural and
urban N enrichment contributes to changing N,O dynamics in lakes and determine if they are

significant in global N,0 budgets.

3.5 Conclusions

There have been few studies on C and N concentrations, and even fewer, which have
measured dissolved CO,, CH, and N,O concentrations and evasion fluxes from reservoirs in the
UK. Despite the coarse sampling frequency, comparison with other temperate lakes and
reservoirs indicates that the surface estimates give useful first approximations of GHG
concentrations and evasion in drinking water reservoirs in North Wales and upland regions of
Scotland, particularly for catchments with large areas of peatland. The main result of this
study is that the surface waters of sampled reservoirs were overall, supersaturated with CH,
and N,O. All reservoirs, except one, were also overall supersaturated in CO,. This suggests that
reservoirs in Scotland and North Wales tend to act as sources of CO,, CH, and N,O to the
atmosphere. Results also illustrate the large spatial variability of GHG concentrations and
evasion among reservoirs in two areas of the UK, which represent typical upland areas for
drinking water reservoirs. Results also showed there were regional spatial differences
between concentrations. The exchange of these GHGs between water and atmosphere also
depends on the transfer velocity across the water and air interface (Wanninkhof, 1992).
Studies that quantified both dissolved concentration and fluxes report supersaturation levels
similar to this study (e.g. Sobek et al., 2005; Cole et al., 2007; Diem et al., 2012), and the
evasion rates reported earlier from in-direct wind speed measurements, support that
reservoirs in Scotland and North Wales, would act as carbon sources to the atmosphere.
Reservoirs were to a much lesser extent a source of nitrogen (evasion across most of the sites
was small and many reservoirs close to atmospheric equilibrium) and those which did show
greatest supersaturation, were in catchments with managed grazed grasslands. From a GWP
perspective over the 100-year time horizon (IPCC, 2014), CO, is still an order of magnitude
larger and accounts for the majority of emissions compared to CH, and N,O, and emissions of
CH, and N,O are of the same order of magnitude. Scotland has a median CH, flux of 20 mg
CO,-equivalents m? d™ (5% of total Scotland reservoir emissions) and Wales has 14 mg CO,-
equivalents m? d™ (8% of total reservoir emissions for Wales). For N,O, this equates to a
median of 16 (4%) and 14 (9%) mg CO,-equivalents m? d* for Scotland and Wales,

respectively. Efforts to develop flooded land emission inventories in the UK also suggest more
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studies are required to allow regional upscaling, given the variability seen in GHG

concentrations and evasion, particularly of CH, at some of the reservoirs.

Despite significant correlations, principle component analysis showed approximately half of
the variance was explained by the top three principle components, suggesting that critical
explanatory factors were not included from the field sampling or GIS analysis, particularly for
CH, given the high concentrations and variability seen across the reservoirs. Future research
should attempt to clarify the drivers for the unexplained variance (e.g. precipitation and
hydrological dynamics) and additionally attempt to make in-situ flux measurements to better
quantify the water-atmosphere exchange. This would be particularly beneficial if samples are
collected from the middle of the reservoir and, away from littoral areas with potentially higher

CH, fluxes due to ebullition.
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4 Spatio-temporal patterns in carbon dioxide, methane and
nitrous oxide emissions from moorland and forested reservoir
catchments in Scotland, UK

4.1 Introduction

Carbon dioxide (CO,), methane (CH,4) and nitrous oxide (N,0) are well-mixed greenhouse gases
(GHGs), adding 80% of the positive radiative forcing that drives climate change (IPCC, 2014).
These GHGs have been reported in the literature as important fluxes in global lentic and lotic
GHG budgets (Marescaux et al., 2018). Inland waters are globally recognised as significant
systems for carbon (C) transport and processing, although the degree of which is under debate
(Cole et al., 2007; Aufdenkampe et al., 2011; Tranvik et al., 2009). Recent research efforts have
also resulted in the inclusion of inland waters in global C models (IPCC, 2014). Inland waters
can regulate landscape C balances acting as C sources through evasion of GHGs, but also as

sinks through C burial in reservoir and lake sediments (Bastviken et al., 2011).

Streams and rivers have low areal coverage (~¥20% of global inland water surface area) but are
considered important contributors (particularly small-order streams of strahler order 1-4) to
aquatic CO, emissions, with 1.8 Pg C yr' estimated globally from streams and rivers, which
exceeds an estimated 0.3 Pg C yr from reservoirs and lakes (Raymond et al., 2013). This
combined estimate from global inland waters is of similar magnitude to terrestrial ecosystem
net uptake of ~2.6 Pg C yr’1 (IPCC, 2014). Stream CH, and N,O emissions are less well
understood but there is increasing understanding of their significance (e.g. Beaulieu et al.,
2011; Campeau et al., 2014). Global inland water CH, emissions have been estimated at 2-27
Tg CH, yr'1 (Bastviken et al., 2011; Borges et al., 2015; Sawakuchi et al., 2014; Stanley et al.,
2016) and research has highlighted that stream CH, emissions could show greater spatial and
temporal variability than CO, (Wallin et al., 2011; Stanley et al., 2016). River N,0 emissions are
estimated between 47-1980 Gg N,O yr"1 (Beaulieu et al., 2011; Hu et al., 2016; Kroeze et al.,
2010). Stream emissions are often neglected in landscape level C budgets due to limited data,
despite being shown to be large contributors with high per area emissions (Teodoru et al.,

2012).

Lakes and streams are typically studied independently due to limited collaborated research
efforts and systems having different emission drivers and physical gas exchange, which
restricts landscape scale integrative understanding of GHG dynamics (Kokic et al., 2015). Past

research focus has been on lakes due to larger surface areas (Algesten et al., 2004) but an
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increasing number of studies have shown that streams have an important landscape scale
impact (Campeau et al., 2014; Crawford et al., 2013). Integrative inland water studies tend to
be at larger spatial scales (Aufdenkampe et al.,, 2011) with only a few in recent years at
catchment scale (Kokic et al., 2015; Marescaux et al., 2018). There are also only a handful of
studies which evaluate all three GHG emissions together for lakes and reservoirs (Huttunen et
al., 2002, Zhao et al., 2013) or streams and rivers (Borges et al., 2018; Schade et al., 2016;
Teodoru et al., 2015), with even fewer studies combining GHG measurements across lentic

and lotic systems (e.g. Kokic et al., 2015, Marescaux et al., 2018).

Dissolved GHG concentrations and emissions in inland water networks are highly variable in
space and time due to gas input e.g. affected by land-use, ground water inputs and soil
characteristics (Jones et al., 1998, Hope et al., 2004, Wallin et al, 2014) and gas loss e.g.
dependent on k, regulating vertical gas exchange (Wallin et al., 2014). Evasion from inland
waters is driven by supersaturation of GHGs in the water and controlled by the gas transfer
velocity (k) (Cole et al., 1994) which in streams will vary as a result of e.g. water velocity and
discharge, channel slope and morphology (Dinsmore et al., 2013; Long et al., 2015; Wallin et
al., 2011). For example, varying discharge from precipitation, snow melt events and ground
water level changes can influence GHG concentrations and emissions due to either dilution or

increased supply (Billett et al., 2004; Billett and Harvey, 2013; Dinsmore and Billett, 2008).

Supersaturation of CO, in lakes can be caused by organic matter mineralisation by
photochemical and microbial fprocesses, producing a net heterotrophic system when these
processes outweigh photosynthetic consumption (Pace et al., 2004). Net lake heterotrophy is
also supported by the flushing of terrestrial organic matter into the system (e.g. Sobek et al.,
2003). DIC input from stream inflow and groundwater have also been shown to influence lake
CO, supersaturation (Molot and Dillon, 1996). Stream CO, supersaturation has also been
linked to catchment wetland coverage (Wallin et al., 2014). Through conversion to CO, and
CH,4 by photodegradation and biodegradation, DOC can also be lost from the water column to
the atmosphere and is likely to show seasonal variation (Huttunen et al., 2002, Cole et al.,

2007).

Lakes and reservoirs are found in many forested and peatland catchments in the UK uplands
yet there are no in-depth studies considering GHG emissions in and out of lakes or reservoirs,
with only a handful of studies focussing on DOC export (e.g. Evans et al., 2017; Stimson et al.,
2017) or reservoir sedimentation (Holliday et al., 2008). Fluvial C losses from peatland

dominated catchments are particularly high, with stream export ranging from 2-50 g C m™ yr™
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(Billett et al., 2004; Dinsmore et al., 2013; Leach et al., 2016; Wallin et al., 2015). This is greater
from degraded peatlands, extensive across the UK, and characterised by gullying, artificial
drainage ditch presence and loss of vegetation and moisture (Evans and Lindsay, 2010). DOC is
frequently the prevailing C species in water bodies draining peatland catchments whereCO,
can be consumed through primary production, although DIC has also been reported at the
same order of magnitude (Wallin et al., 2013, Billett et al., 2015). Peatland derived discharge is
typically supersaturated in CO, and CH,, with rapid evasion occurring when this soil water is

exposed to the atmosphere.

Forested catchments receive greater atmospheric N inputs than moorland catchments as
forest vegetation, especially coniferous species, have a better ability to capture N (Fowler et
al., 1989). N sources are also derived from forest felling debris (brash) which can contain over
70% of the N in above ground tree biomass (Hyvonen et al., 2000). Brash can increase rates of
N mineralisation and denitrification from increasing underneath soil temperature and
moisture (Emmett et al.,, 1991). This has been shown to increase N concentrations in UK
streams N (Cummins and Farrell, 2003) and could likely lead to eutrophication (Correll, 1998)
and potentially an increase in microbial respiration, resulting in greater CO, efflux (Waldron et
al., 2009). There have been catchment studies in the UK that have shown afforestation and

felling to elevate NO; concentrations in upland lakes and streams (e.g. Allott et al., 1995).

To address these knowledge gaps, both comparative and integrative studies investigating
catchment scale GHG dynamics in lakes and streams are required (Kokic et al., 2015). In this
study we investigate spatial and temporal patterns in aquatic C and N concentrations and
fluxes within two temperate reservoir catchments with different land covers (coniferous forest
and moorland peat) in Scotland, UK. The aim is to quantify the annual variability of C and N
inputs and export to/from the reservoirs via the catchment streams, allowing inferences to be
made about the overall C and N balance of the reservoirs. Also to evaluate the differences in
GHG concentrations and export from catchments with different managed land uses, moorland

and coniferous forestry, commonly found in upland reservoirs in Scotland.

4.2 Materials and methods

4.2.1 Study sites
The study was conducted within the catchments of Black Esk (BE) and Baddinsgill (BA)
reservoirs, both used for drinking water supply situated in Scotland, UK (Figure 4.1). At each

catchment, five inlets (BA1-5;, and BE1-5;,) and the outlet (BA,. and BE,,) were sampled,
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along with three locations at the edge of the reservoir (BA1-3,.; and BE1-3,.;) covering a spatial
gradient from top to the bottom dam end of the reservoir (n = 9 sampling locations for each
reservoir). Black Esk was sampled from June 2015 to July 2017, whilst Baddinsgill was sampled

from July 2015 to January 2017.

Black Esk reservoir is located ~5km from Eskdalemuir, Dumfries and Galloway, south-west
Scotland (55° 15’ N, 03° 15’ W). The climate is temperate, with mean maximum annual
temperature of 11.2 °C, mean minimum annual temperature of 3.9 °C and mean annual
rainfall of 1742 mm (1981 — 2010; Eskdalemuir station 7 km north east of the reservoir dam,
Met Office, 2016). The reservoir has a catchment area of 18.1 km?, surface area of 0.4 km? and
a maximum depth of 17.3 m. During 2014, the dam was raised by 2.5 m which resulted in
flooding of land immediately surrounding the reservoir perimeter and further felling of trees.
The catchment has mean elevation of 331 m (range 247-536 m) and a mean slope of 8°. The
catchment land cover is dominated by coniferous forestry (96%) plantations with small areas
of rough grazing (acid grassland) and moorland (heather grassland). Sitka spruce (Picea
sitchensis) and Norway spruce (Picea abies) are the main tree species and were actively felled
throughout the sampling period in the headwaters of sub-catchment BE3;,. Restocking of
broadleaf trees also occurred in spring of 2017. The main catchment soil type is peaty podzols
(72%) and peaty gleys (26%). Based on the Hydrology of Soil Type (HOST) classification system
(Boorman et al.,, 1995) which classifies UK soils into 29 groups based on hydrological
characteristics, classes 19 (11%), 15 (89%) and 29 (<1%) are dominant in the catchment. This
suggests that the majority of the catchment (89%) has wet, peaty topped upland soils over
relatively free draining permeable rocks. In terms of catchment geology, the bedrock was
comprised of metasandstones and mudstones (74%), wacke (25%) and quatz-microgabbro

(<1%), with superficial deposits of diamicton (51%), peat (9%) and silt, sand and gravel (5%).

Baddinsgill is an upland water supply reservoir located in the Pentland Hills near West Linton,
in the Scottish Borders region of Scotland, UK (55° 47' N, 03° 23’ W). The climate is temperate
with mean maximum annual temperature is 11.8 °C, mean minimum annual temperature is
4.2 °C and mean annual rainfall is 980 mm (1981 — 2010; Penicuik station, 13 km north west of
Baddinsgill dam, Met Office, 2016). The reservoir has a catchment area of 9.6 km?, surface
area of 0.25 km” and maximum depth of 22.6 m. Mean catchment elevation is 420 m (range
314-565 m) with a mean slope of 9° of which the majority are south facing. The catchment
land use is predominately moorland (heather and heather grassland, 94%), with small areas of
rough grazing (acid grassland 2%), coniferous woodland (1%) and improved grassland (<1%).

The main catchment soil type is peaty podzols (59%), peaty gleys (20%) and non-calcareous
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gleys (18%). Based on the Hydrology of Soil Type (HOST) classification system (Boorman et al.,
1995), classes 24 (15%) and 15 (85%) are the most dominant. The catchment has largely (85%)
permanently wet, peaty topped upland soils over relatively free draining permeable rocks. The
catchment bedrock is composed of sandstones (57%), conglomerates (35%), mudstones and
silts (6%) and has small areas (2%) of igneous rocks (quartz-diorite and mafite). Diamicton
(25%), peat (22%) and small areas of clay, silt, sand and gravel make up the superficial
deposits. The catchment also has a history of sheep farming, small-scale plantation felling,
grouse shooting and managed heather burning, with the former three occurring during the
sampling period. A large portion of the catchment is artificially drained via open cut ditches

and areas of exposed eroded peatland are present, particularly between BA1;, and BA2;,.

Edinburgh

(b) Baddinsgill reservoir
catchment

Legend

@ Inlet i —
@ Outlet
@ Reservoir

(a) Black Esk reservoir
catchment

Figure 4.1 Location map of (a) Baddinsgill and (b) Black Esk reservoir catchments in Scotland,

UK. The locations of the inlet, reservoir and outlet sampling points are highlighted.

4.2.2 Measurement of C, N and water chemistry parameters

Stream and reservoir surface water and headspace samples were collected from the sample
sites (n = 18) in Figure 4.1 approximately every fortnight. Sampling at Black Esk ran from June
2015 to June 2017, whilst sampling at Baddinsgill was from July 2015 to January 2017. Water

samples were collected and analysed for dissolved organic carbon (DOC), dissolved inorganic
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carbon (DIC), ammonium (NH,), nitrite (NO,) and nitrate (NO;). At the same time, a
headspace sample was collected for the determination of dissolved CO,, CH, and N,0. Water
temperature, pH, dissolved oxygen (DO), and electrical conductivity (EC) were recorded in situ

using handheld multi-meters (Hanna Instruments HI-9145, HI-9124, HI-0933).

All water samples were collected approximately 10 cm below the water surface using 60 ml
syringes and in-field filtered through 0.45 pum syringe-driven filters (Whatman®) and stored
without headspace in 30 ml bottles. Samples for DOC and DIC were stored in the dark at ~4 °C
before analysis (within two weeks of collection) on a PPM LabTOC Analyser (detection range
0.1-4000 mg L'™": Pollution & Process Monitoring, UK) and concentrations calculated based on a
three-point calibration curve with a maximum of 50 mg L Samples for NH,", NO, and NO;’
were stored in the freezer at approximately -21 °C for later analysis on a Seal Analytical AQ2

discrete analyser (Methods: EPA 350.1 v2 and EPA 353.2 v2 (USEPA, 1993)).

Dissolved CO,, CH, and N,0O gas samples were collected (including replicate and ambient) from
each sampling site using the headspace technique (e.g. Kling et al., 1991; Billett et al., 2004;
Dinsmore et al., 2010). A 40 ml water sample was equilibrated with 20 ml ambient air
(collected from approximately 10 cm water depth) at water temperature by shaking
underwater for one minute. The equilibrated headspace and ambient samples were then
injected into 12 ml pre-evacuated Exetainer® vials (Labco, Lampeter, UK) and analysed on a
7890B gas chromatograph (Agilent Technologies) with flame ionization detector (FID) for CH,
and attached methaniser for CO,, and the micro electron capture detector (LECD) for N,O.
Detection limits were <199 ppmv for CO,, <1.26 ppmv for CH, and <0.2 ppmv for N,0. Henry’s
Law was then used to determine dissolved concentrations of CO,, CH, and N,O in the water
column from the ambient and headspace concentrations (e.g. Hope et al.,, 1995).
Concentrations are also expressed in units of excess partial pressure (e.g. epCO,, epCH,,
epN,0), which is the partial pressure of the gas in solution divided by the partial pressure of
the gas in equilibrium with the atmosphere. Wind speed, air temperature and barometric
pressure were also obtained using a hand-held weather meter (Kestrel 2500, accuracy 3% of
reading) at ~1 m above the water surface from each sampling location. Kruskal-Wallis rank
sum tests were conducted to establish if there were significant statistical differences between

GHG concentrations between inlets, reservoirs and outlets.
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4.2.3 Calculation of reservoir and stream GHG evasion rates

Evasion rates were calculated indirectly using wind speed to predict gas transfer velocity,
combined with the partial pressure difference across the air-water interface, using established
relationships between wind speed and gas transfer velocity (MacIntyre et al.,, 1995;
Wanninkhof, 1992). Evasion gas fluxes (FCO,/FCH,/FN,0O) were then calculated using Eq. (2),
Fick’s first law, as described in Borges et al. (2004), where k is the gas transfer velocity (cm h’
Y), a is the solubility coefficient and A Pgas is the difference in partial pressure between the
surface water and the atmosphere. The solubility coefficient a is temperature and salinity
dependent. Values of a for CO,, CH, and N,O were derived from Weiss (1974), Weisenburg
and Guinasso (1979), and Weiss and Price (1980), respectively. The transfer velocity k is a
function of turbulence, the kinematic viscosity of the water and the molecular diffusion
coefficient of the gas. In Eqg. (3) (Cole and Caraco, 1998) wind speed (m s) at 10 m above the
water surface Uy, is used to describe turbulence, and the Schimdt number Sc is a function of
the latter two terms. k(600) refers to the transfer velocity normalised to Sc = 600, the
Schimdt number of each gas at 20°C in freshwater. This is then adjusted using the Schmidt
number for the particular gas in freshwater at measured temperature (MaclIntyre et al., 1995)
using Eq. (4). The exponent in Eq. (4) varies from —é to —% as wind speed increases and waves
become present (Jahne et al., 1987). Wind speed at 10 m (U,q) is calculated using Eq. (5)
(Erkkila et al., 2018).

An estimate of stream evasion was also made following Eq. (2) and the gas transfer velocity at
20°C (keoo, in m d™*) was predicted as a product of stream slope (S) and velocity (V) and
calculated following Eq. (6) (Raymond et al., 2012; Eq. 5) and adjusted to stream temperature
(k) following Eq. (4). A number of measurements of stream width, depth and flow velocity
were taken across different field visits to cover a range of flow conditions. As per Chapter 2
(section 2.2.4.1), discharge-stage relationship curves were established, and these were used to
infer flow velocity and discharge for dates at which only depth measurements were available.
The flow velocity and stream slope (calculated using GIS) were then used to find the gas
transfer coefficient at a Schmidt number of 600 (i.e. k(600) (Raymond et al., 2012; Butman and

Raymond, 2011; Magin et al., 2017) using Eq. (6).
Egas = kaApgas (2)

k(600) = 2.07 + 0.215u,,*7 (3)
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1

k = k(600) () * (a)

U10 = 1'22UZ (5)
Keoo (M d™?) = S X V x 2841.6 + 2.03 (6)

4.2.4 Estimating catchment areas

Data from a 5 m digital terrain model (DTM) and the hydrological tool extension in ArcGIS Pro
were used to determine reservoir areas, total catchment areas, sub-catchment inlet and outlet
areas and percentage of different land uses, soil, geology, along with slope and elevation . The
analysis resulted in a total catchment area for Black Esk reservoir of 1810 ha with surface
water area of 34 ha, and sub-catchment drainage areas for BElin of 21 ha, BE2in of 44 ha,
BE3in of 1370 ha, BE4in of 176 ha, BE5in of 11 ha and BEout of 1850 ha. Baddinsgill has a
reservoir surface area of 25 ha and total catchment area of 962 ha.The sub-catchment
drainage areas of the catchment areas at Baddinsgill were 79 ha at BAlin, 640 ha at BA2in, 72
ha at BA3in, 77 ha at BA4in, 12 ha at BA5in and BAout had a total area of 1360 ha.

It was discovered at the later stages of the project that there is an abstraction point on
another stream in an adjacent catchment that was not sampled but feeds into Baddinsgill
Reservoir via an underground route. The area of this catchment is 387 ha, which gives
Baddinsgill Reservoir a ‘true’ catchment area of 1350 ha. The stream has an impoundment
across it with differential height weirs and overspill so abstraction can only occur during
certain flow conditions (i.e. this catchment does not enter the reservoir constantly), where a
raw water main takes the stream water into the reservoir via an underground pathway. This
stream also has a water abstraction licence in place that permits abstraction of up to 27,280
m® per day (vs. 37,070 m? per day from Baddinsgill reservoir) (Scottish Water, pers.comm).
From field work and GIS analysis, there was nothing to believe that this additional catchment
would be uniquely different from the inlets naturally feeding the reservoir As this additional
catchment is used as just a top-up water source under certain flow conditions, and is located
adjacent to Baddinsgill, the study assumed a constant C and N flux per unit area in each of the
measured catchments but uncertainty estimates become unbounded. As the catchments
cover a small area with little spatial variation in areal runoff, taking a whole catchment
approach assumes that water out is equal to water in. As budgets for full years were only
calculated, it avoids issues such as storage changes in the reservoir and seasonal fluctuations

and/or lags. To evaluate the impact of this additional water supply, the predicted catchment
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export was removed from the overall balance, and results showed that the reservoir

continued to act as a net sink for areal fluxes.

4.2.5 Aquatic Cand N export

Rating curves were developed from manual discharge measurements made over a range of
flow conditions. Total annual load of each C and N species were calculated as the product of
flow-weighted mean concentration and mean annual discharge. Areal mean C and N fluxes
were then calculated as annual loads divided by sub-catchment area to normalise exports
(Aitkenhead-Peterson et al., 2005). Full details are provided in Chapter 2 (section 2.2.4) with

ratings curves and equations used presented in Appendix I.

4.3 Results

4.3.1 Spatial and temporal variability in Cand N concentrations

Inlet, reservoir and outlet water chemistry across the full sampling period at Baddinsgill and
Black Esk catchments are shown in (Table 4.1) as mean, standard error and range. Discharge
across both reservoir catchments is shown in Figure 4.6. At Baddinsgill, mean water
temperatures for all sites over the study period varied from 7.4°C to 9.7°C with higher mean
temperatures seen at the reservoir sites than inlets. A similar pattern of higher reservoir
temperatures was seen at Black Esk, with mean temperatures across all sites varying from
8.7°C to 11°C. Mean conductivity in both catchments was highly variable across sites from 41
to 183 uScm™. All sites in both catchments had a mean circumneutral pH (6.7 to 7.5) but
ranged widely from acidic (minimum pH = 4.7 at BElin) to alkaline (maximum pH = 8.6 at
BE3in). Mean dissolved oxygen varied from 59% to 76% across both inlet and reservoir sites.
Differences in catchment characteristics of land cover, soil and geology are also shown for
each sub-catchment in . Land cover at Baddinsgill is dominated by moorland, whilst Black Esk
is coniferous forestry. Bedrock geology shows great percentage of conglomerates at
Baddinsgill whilst Black Esk has more mud- and sandstones. Catchment soil at Baddinsgill is
largely peaty podzols and non-calcareous gleys, whilst Black Esk has peaty gleys and blanket

peats.
Carbon dioxide

Carbon dioxide concentrations at both Baddinsgill and Black Esk catchments were on average,
above atmospheric equilibrium with oversaturation of CO, occurring as indicated by the excess
partial pressure ‘ep’ values >1 in (Table 4.1). Baddinsgill dissolved CO,-C concentrations in the

inlets ranged from 0.27 to 2.1 mg C L™", with a wider range (0.18 to 12 mg C L") observed in the
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reservoir (as illustrated by the spikes in CO, concentrations in (Figure 4.3), and from 0.26 to
0.96 mg C L™ at the outlet (Figure 4.3). Apart from the spikes in CO, (Dec-15 to Feb-16),
Baddinsgill showed no strong temporal or seasonal pattern. Concentrations of CO,-C in the
reservoir were on average 15% higher than the inlets and 72% higher than the outlet. Spatial
variability was also seen within the reservoir across the three sampling locations, with a 71%
increase in CO, concentrations at BA2res (i.e. half way up the reservoir) compared to BAlres
and BA3res (0.71 + 0.071 and 0.73 + 0.22 mg C L™, respectively). CO,-C concentrations at Black
Esk had a smaller range than Baddinsgill with 0.14 to 1.2 mg C L™ observed in the inlets, 0.37
to 6.7 mg C L'! in the reservoir and 0.13 to 1.5 mg C L™ at the outlet. A much larger increase in
reservoir CO,-C concentrations was observed at Black Esk with the reservoir being on average
111% higher than the inlets and 132% higher than the outlet. The reservoir also showed strong
temporal variability in CO, concentrations with multiple spikes occurring throughout the
sampling period across different seasons (Figure 4.3). A Kruskal-Wallis rank sum test found
concentrations to be significantly different between the inlets and reservoirs for CO, (p <

0.001) and between the reservoirs and outlets (p<0.001) at both Baddinsgill and Black Esk.

Four of the five sampled inlets at Baddinsgill saw consistent CO, oversaturation with epCO,
values ranging from 1.1 to 7.1, along with two of the three reservoir sampling locations (epCO,
ranged from 1.1 to 34 at BE2res and BA3res, respectively). Minimum epCO, values of 1.0, 0.9
and 0.8 suggest that an inlet (BA3in), reservoir sampling sites (BAlres) and outlet (BAout) were
occasionally in atmospheric equilibrium or undersaturated in CO,. However, this was observed
only once at each location during the sampling period. At Black Esk, all reservoir sampling
locations were consistently oversaturated in CO, (epCO, ranged from 1.3 to 19) and on
average, the reservoir was 33% higher than Baddinsgill. Like Baddinsgill, undersaturation and
equilibrium with atmospheric CO, occurred at the outlet (BEout; minimum = 0.4 on four
sampling dates i.e. 9% of total sampling) and at inlet BE2in (minimum = 1.0 on two sampling

dates) and BE3in (minimum = 0.6 and on eight sampling occasions i.e. 19% of total sampling).
Methane

At both Baddinsgill and Black Esk catchments, all water bodies were also on average,
oversaturated in CH,, with mean epCH, ranging from 3.3 £ 0.45 to 154 + 41. Dissolved CH,-C
concentrations at Baddinsgill ranged from 0.031 to 10 pg C L™, whilst a higher range was
observed at the Black Esk catchment (0.018 to 69 pg C L) (Figure 4.3). Temporal and seasonal
variability was more apparent in CH, concentrations at Baddinsgill, rising in late summer and

early autumn (Sep-Oct) in both 2015 and 2016 at Baddinsgill and can be seen at the reservoir
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sampling sites at Black Esk (Figure 4.3). At Baddinsgill, three inlets (BAlin, BA3in, BA5in), a
reservoir sampling location (BAlres) and outlet (BAout) were consistently oversaturated in CH,
(minimum epCH, = 1.8 and maximum = 159) whilst BA3in, BA4in, BA2res and BA3res showed
periods of undersaturation (i.e. 9% of total sampling across these sites) with a minimum epCH,
of 0.27 observed at BA3res. At Black Esk, the reservoir sampling locations were consistently
oversaturated in CH,; (epCH,4 range = 7.1 to 1236), with inlets BE3in and BE4in also showing
oversaturation, whilst BE1lin, BE2in, BE5in and BEout also showed periods of undersaturation
(minimum epCH, of 0.31at BE5in). A Kruskal-Wallis rank sum test also found concentrations at
both Baddinsgill and Black Esk to be significantly different between the inlets and reservoirs
for CH,; (p < 0.001) and between the reservoirs and outlets (p<0.001). Mean epCH, across all
three Baddinsgill reservoir sampling locations was 80% lower than at Black Esk. Within
reservoir spatial variability was also seen for CH, concentrations at Baddinsgill and Black Esk.
At Baddinsgill, lower CH, concentrations were observed at BA3res (mean 0.87 + 0.23 pg C L';
located near the dam), with similar concentrations at BA2res and BAlres (mean 1.3 + 0.35 pg
C L' and 1.4 + 0.35 pg C L™, respectively) resulting in a 61% increase in CH, concentrations
between the opposite ends of the reservoir. Similarly at Black Esk, lowest in-reservoir CH,
concentrations were observed at the dam end (BE3res; mean 5.2 + 0.93 pg C L), with highest
concentrations at BE2res (7.4 £2.1 ug C L"), At BE2res, CH, concentrations were 43% and 23%

higher compared to BE3res and BE1res, respectively.
DOC and DIC

There was pronounced spatial variability in DOC concentration in the catchment inlets with
mean concentrations ranging from 6.0 + 0.76 to 15 + 1.8 mg L between the inlets at
Baddinsgill and 8.3 + 0.84 to 31 + 1.8 mg L™ at Black Esk (Figure 4.4). Both reservoirs showed
little spatial variability with mean DOC concentrations of 13.0 mg L™ at all three of the
Baddinsgill reservoir sampling locations, and Black Esk mean concentrations ranged from 9.7
0.37 to 12.0 0 .63 mg L™. DOC concentrations were also highly temporally variable in both
catchments, ranging from 0.93 to 37 mg L™ at Baddinsgill and from 2.0 to 58 mg L™ at Black Esk
(Figure 4.4).

Pronounced spatial variability was also seen in DIC concentrations in the inlets of both
catchments (Figure 4.4). At Baddinsgill, mean inlet concentrations ranged from 12 + 1.3 mg L™
(BAlin) to 34 + 2.1 mg L™ (BA5in). At Black Esk, mean inlet DIC concentrations ranged from 5.8
+ 1.1 mg L™ (BE5in) to 19 + 1.6 mg L™ (BE2in). Similarly to DOC, there was little DIC spatial

variability between the reservoir sampling locations. At Baddinsgill, mean DIC reservoir
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concentrations ranged from 10 + 1.0 mg L™ (BAlres) to 12 + 1.6 mg L™ (BA2res) and from 12 +
0.84 mg L™ (BE3res) to 13 + 0.95 mg L™ (BE1res) at Black Esk. There was a small increase (5%)
between reservoir and outlet DIC concentrations at Baddinsgill and a 10% decrease at Black
Esk. DIC concentrations were also highly temporally variable in both catchments, ranging from
0.6 mg L™ (BA2in) to 59 mg L™ (BA5in) at Baddinsgill, and 0.3 mg L™ to 42 mg L™ at Black Esk
(Figure 4.4). There is however, no clear seasonal pattern in either DOC or DIC concentrations

at either catchment.
Nitrous oxide, NH,", NO, and NO;

Concentrations of N,O-N at Baddinsgill (range 0.29 to 2.5 pug N L) and Black Esk (0.22 to 3.3 pg
N L) catchments were on average oversaturated in N,O but values were much closer to
atmospheric equilibrium than the other measured gases with lowest mean epN,O values of
1.1 +£ 0.022 at BEout to a highest mean of 1.8 + 0.042 at BA5in (Table 4.1). An epN,O range of
0.69 to 6.4 was seen across the two catchments with 21% of sampled undersaturated at
Baddinsgill and 22% at Black Esk. Temporal variability at Baddinsgill catchment is low (with
spikes in N,O seen within the reservoir during Mar-Apr 2016), with Black Esk showing greater
temporal variability also within the reservoir across the full sampling period (Figure 4.3). At
Baddinsgill catchment, all inlets had a mean N,O concentration of 0.5 pg N L™ apart from
BASin, which was at least 56% larger at 0.78 + 0.017 ug N L™ (Figure 4.3, Figure 4.8). Spatial
variability within the reservoir saw highest mean concentrations at BA2res (0.61+0.088) which
was 30% higher than BAlres and 20% higher than BA3res. Mean outlet N,O concentrations
(0.48 £ 0.015) were lower than the inlets by 4-38%. At Black Esk, similar patterns are seen with
mean inlet concentrations varying from 0.47 + 0.014 (BE4in) to 0.52 + 0.016 (BE1in). Spatial
variability was also seen within the reservoir; highest mean concentrations were observed at
BE3res (0.67 + 0.099) and BE2res saw a 16% decrease in mean concentrations. The Kruskal-
Wallis rank sum test found no significant difference in N,O concentrations between the inlets
and reservoirs (p = 0.522) or the reservoirs and outlets (p=0.084) at both Baddinsgill and Black
Esk.

Ammonium concentrations at Baddinsgill were spatially variable across sites where mean
values ranged from 8.4 + 2.1 ug N L' (BA3in) to 62 + 26 ug N L™ (BASin) (Table 4.1). At Black
Esk mean NH," concentrations across sites ranged from 39 + 8.1 ug N L™ (BEout) to 94 + 16 Ug
N L? (BE5in). NO, concentrations in both catchments were low, with mean concentrations
ranging from 2.8 + 0.48 pg N L™ at BA4in to 8.7 + 4.0 png N L™ at BE3res across the sites.

Concentrations of NO; at Baddinsgill were highly spatially variable where mean
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concentrations ranged from 160 + 22 pg N L™ at BA2in to 511 + 105 pg N L™ at BASin. There
was also a wide temporal concentration range during the sampling period from 8 to 2750 ug N

L™. At Black Esk, mean concentrations across sites ranged from 137 + 23 pg N L™ (BE2in) to 293
+39 pg N L™ (BE3in).
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Figure 4.2 Temporal variability in inlet (gray), reservoir (orange) and outlet (blue) GHG

concentrations at Baddinsgill (BA) reservoir catchments from July 2015 to January 2017.
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Figure 4.3 Temporal variability in inlet (gray), reservoir (orange) and outlet (blue) GHG
concentrations at Black Esk (BE) catchments from June 2015 to July 2017.
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Table 4.1 Variability in concentrations and excess partial pressure of different C and N species at Baddinsgill inlet, reservoir and outlet surface waters.
Values are reported to two significant figures as mean * standard error (minimum-maximum).

. CO, CH, N,O DOC DIC NH4+ NO, NO;
Location _ _ _ epCO epCH epN,O B R g - "
(mgcl'!)  (ugCL)  (ugNL? PR Pt Pz (mgl?)  (mgl?) (ugl") (gl (ng L)
BATin 1.0+0.044 1.5+0.18 0.53+0.02 3.6x0.2 31+3.9 1.2+0.03 15+1.8 12+1.3 30149.9 6.7t2.6 188+41
(0.65-1.7) (0.29-4.1) (0.32-0.7) (2-6.4) (5-90) (0.83-1.5)  (2.5-37) (1.1-23)  (0-185) (1-62) (24-827)
BAZin 0.57+0.034 0.39+0.09 0.5+0.018 1.9+0.097 7.8£1.8 1.1+0.025 12+1.8 14+1.5 19+5.1 6.1+1.9 16022
(0.27-1.1) (0.1-3.1) (0.29-0.66)  (1.1-3.6)  (1.9-59) (0.75-13)  (2-37) (0.61-36) (0-77)  (0-46) (5-407)
BA3in 0.42+0.017 0.16+0.022 0.5£0.014 1.5+0.057 3.3+0.45 1.1+0.02 610.76 18+1.5 8.4+2.1 6.1+3.7 226131
(0.3-0.85) (0.031-0.52) (0.35-0.63)  (0.96-2.7)  (0.58-10) (0.89-13)  (2.1-16)  (4-40) (0-34)  (0-80) (8-683)
BAdin 0.48t0.02  0.27t0.039  0.5:0.017  1.6:0.058 5.5:0.76 1.130.026  7.6£1 20:1.6  25:18  2.8:0.48 220%18
(0.28-0.98)  (0.038-1) (0.31-0.64)  (1.2-3.1)  (0.72-19) (0.8-1.3) (1.5-20)  (4.5-47)  (0-432)  (1-11) (14-373)
BASin 1.4+0.037 1.3+0.14 0.78+0.017 4.7+0.13 2712.8 1.8+0.042 6.2+1.2 34+2.1 62126 3.4+0.89 511+105
(1.1-2.1) (0.27-3) (0.55-0.9) (3.5-7.1) (5-58) (1.1-2.1) (1.3-28) (11-59) (0-404) (0-17) (153-2750)
BA1res 0.71+0.071 1.4+0.35 0.51+0.029 2.5+0.2 31+7.5 1.2+0.039 13+0.72 10+1 2516.7 4.1+0.41 281137
(0.18-1.8) (0.098-7.9)  (0.3-0.87) (0.89-5.1)  (1.8-159) (0.87-1.6)  (7.7-26)  (2.3-32)  (0-139) (2-12) (85-662)
Bpgres 12037 1.310.35 0.61:0.088  3.8:1.1 2917.6 1.4:0.16  13:0.74 12t16  21i5 3.5:0.39 25837
(0.28-12) (0.048-10)  (0.3-2.5) (1.3-34) (0.85-215)  (0.85-4.8)  (0.93-21) (2.6-46)  (0-94)  (0-10) (56-935)
BA3res 0.73+0.22 0.87+0.23 0.47+0.02 2.5+0.69 19+5.4 1.1+0.017 13+0.62 10+1.1 2015.2 5.4+1.7 243129
(0.26-7.4) (0.014-7.3)  (0.34-0.66)  (1.1-24) (0.27-169)  (0.97-1.3)  (2.2-19) (3.4-36)  (0-86)  (1-41) (75-589)
BAout 0.52+0.028 1.4+0.15 0.48+0.015 1.810.1 29+3.3 1.1+0.026 13+0.45 9.6+0.75 2818.3 5.5+2 271155
(0.26-0.96)  (0.16-3.3) (0.31-0.62) (0.84-3.3)  (3-73) (0.82-13) (7.9-18) (3.6-28)  (1-168) (2-52) (123-1349)
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Table 4.2 Variability in concentrations and excess partial pressure of different C and N species at Black Esk inlet, reservoir and outlet surface waters. Values
are reported to two significant figures as mean + standard error (minimum-maximum).

. Cco CH N,O DOC DIC NH," NO, NO;
location (el (gCL?Y)  (ugnL?Y) PO eRCHiepNoO el el (meld (wglY
BE1in 0.63+0.023 0.18+0.038 0.52+0.016 2.2+0.088 3.6+0.8 1.2+0.022 20+1.4 9.4+1.3 5248.2 7.2+2.9 138127

(0.32-0.95)  (0.041-1.5)  (0.36-0.77)  (1.3-3.4)  (0.72-32) (0.93-1.5)  (5.5-41)  (0.29-41) (0-160) (1-72) (9-629)
— 0440012  0.26+0.056  0.5%0.012  1.5#0.051 53%1.1  1.1:0.021 9.3:0.85 19+1.6  41+12  6.1+44 137423
(0.25-0.72)  (0.043-2.2)  (0.32-0.66) (0.96-2.8)  (0.77-45) (0.77-1.4)  (2.3-25)  (2.3-42) (0-352) (0-147)  (24-601)
BE3in 0.42£0.022  0.37:0.043 05%0.015  1.4#0.075 7.4#0.84 1.1:0.023 83+0.84 18+1.4  47+15 8354  293+39
(0.14-0.76)  (0.061-1.7)  (0.29-0.66)  (0.57-3) (1.1-32)  (0.76-1.4)  (2-26) (2.1-41)  (0-409)  (0-179)  (45-1022)
seain 0.730.029  0.93+0.038  0.47:0.014  2.50.1 19+0.81  1.1$0.023 12+1.1  14%#12  51#16  4.1+1.2 140434
(0.39-1.2) (0.41-1.4) (0.29-0.64)  (1.4-45)  (9.3-31)  (0.75-12) (3.3-33)  (0.93-37) (0-475) (0-31) (0-976)
BESin 0.540.022  0.21#0.027 05#0.013  1.940.098 4.3#0.56 1.1#0.02  31#1.8  58+1.1 94%16  6.5:0.75 155+42
(0.3-1.1) (0.018-0.91) (0.35-0.65) (1.1-4) (0.31-19) (0.85-1.3) (11-58) (0.14-30) (0-326) (1-21) (2-1039)
BElres  1:6%0.23 6+0.97 0.62£0.052  53+0.64  131#22  15:0.087 11#0.6  13#0.95 6715  4.8+17 216428
(0.38-6.7) (0.97-31) (0.22-2) (1.7-19) (18-753) (0.69-3.9) (2.2-19) (1.1-33) (0-403) (0-56) (41-773)
aEares  0-86t0086  7.4%2.1 0.56+0.032  3.1+0.25  154+41  13+0.051 124#0.63  12#0.94 50412 59433  233%22
(0.37-4.1) (0.39-69) (0.28-1.2) (1.3-12) (7.1-1236) (0.8-2.3) (4.5-24) (1.5-33) (0-336) (1-116) (72-585)
sEares  11%015 5.2+0.93 0.67+0.099  3.8+0.45  114+22  1.6:0.19  9.7+0.37 1240.84 4587 8.7+ 264+41
(0.37-5.7) (1.1-29) (0.3-3.3) (1.6-17) (20-727) (0.83-6.4) (5.1-17) (1.4-33) (0-223) (1-113) (9-1178)
spoyt 0510034 057t006 04810015 18013  12#13 1130022 9:0.37  13t11 39181 29:0.44 27623
(0.13-1.5) (0.041-1.9) (0.31-0.72) (0.39-5.7) (0.72-44) (0.81-1.3) (2-13) (1.7-38) (0-170) (1-15) (86-722)
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Table 4.3 Variability in water chemistry (pH, conductivity, dissolved oxygen and temperature) at Baddinsgill and Black Esk inlet, reservoir and outlet surface

waters. Values are reported to two significant figures as mean + standard error (minimum-maximum).

. Conductivity 0 Temperature . Conductivity o Temperature
Location pH (1S cm™?) DO (%) °C) Location pH (1S cm™?) DO (%) °C)
BALin 6.7£0.092 6516.8 5813.5 7.4£0.62 BE1in 6.8+0.1 6415.6 53+2.3 8.7+0.5

(5.6-7.7)  (22-174) (34-121) (1.4-14) (4.7-8) (18-167) (32-101) (1.9-14)
BAZin 6.8£0.12 8418.2 64+4.7 7.6£0.66 BE2in 7.310.076 10718.7 67+2.5 8.8+0.45
(5.5-8) (21-186) (25-170) (2-17) (5.5-8.3) (30-290) (47-132) (2.8-15)
BA3in 7.3+0.098 105+8.9 6213.8 7.810.6 BE3in 7.5£0.091 11118.6 6914.3 9.3+0.5
(6.2-8.1)  (44-198) (36-152) (2.5-14) (5.3-8.6) (32-265) (25-146) (2.9-16)
BAdin 7.4+0.099 110+9.9 61+4.1 7.8+0.56 BE4in 7.2+0.083 8917.2 6413.1 9.5+0.53
(6.2-8.1)  (35-214) (37-159) (2.7-14) (5-7.9) (28-238) (26-135) (3.4-17)
BASin 7.5£0.067 183+17 6215.1 7.5+0.31 BESin 6.9+0.12 4143 49+2.1 8.8+0.53
(6.6-8) (55-371) (12-176) (3.1-10) (4.1-7.8) (10-81) (24-99) (1.9-15)
BA1res 7+0.092 6314.2 5514.1 9.7+0.92 BE1res 7.1+£0.077 8316 50+2.3 11+0.75
(5.9-7.7)  (38-117) (23-134) (2.1-18) (5.4-7.9) (20-170) (5.2-103) (2.4-21)
BAZres 7.3+0.092 66%4.3 51+3.8 9.3+0.82 BEZres 7+0.085 8215.1 49+2.3 11+0.75
(6.2-8.2)  (31-136) (18-117) (2.8-16) (4.7-7.7) (38-161) (22-120) (3.4-20)
BA3res 7.5£0.068 6315 53+3.4 9.4+0.85 BE3res 6.9+0.089 8115.8 52+2.6 11+0.77
(6.7-8.1)  (30-148) (27-124) (1.9-17) (5.1-8) (29-202) (1.5-106) (0-19)
BAoU 7.2£0.069 6715 58+4.1 8+0.57 BEout 6.9+0.087 70%4.6 7613.5 9.610.61
(6.1-7.8)  (29-147) (34-137) (2.6-13) (5.6-7.9) (24-143) (22-163) (2.6-15)
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4.3.2 Greenhouse gas evasion from reservoirs and catchment streams

The mean CO, evasion from Baddinsgill reservoir was estimated at 0.2 + 0.1 g C m™>d™ (range -
0.02 to 0.6), which was comparable to Black Esk reservoir at 0.3 + 0.09 g C m> d™ (range 0.04
to 2.1) (Table 4.2). Evasion of CO, from the inlets was considerably higher than evasion from
the lakes (Figure 4.9). Mean inlet evasion at Baddinsgill was spatially variable across sites and
estimated between 0.7 + 0.06 g C m™> d* at BA4into 19+ 1.0 g C m™> d* at BASin. Mean Black
Esk inlet evasion showed less spatial variability than Baddinsgill and was estimated between
0.4+ 0.05 at BE2into 5+ 1 g C m™? d™* at BE4in. Estimated CO, outlet evasion at Baddinsgill was
lower than the inlets and reservoir sites at 0.2 + 0.02 g C m™ d}, whereas mean outlet evasion
at Black Esk was estimated higher (5.4 +1.1 g C m™ d) than evasion from the inlets and

reservoir.

Baddinsgill saw similar patterns in estimated CH, evasion to CO,. Mean CH, evasion from
Baddinsgill reservoir was 0.5 + 0.2 mg C m™ d* (range -0.5 to 64) with mean evasion rates
across inlets considerably higher than the reservoir and estimated between 0.8 + 0.2 mg C m™
d* at BA4in to 22 + 2.7 mg C m™ d™ at BASin (Figure 4.9). Mean outlet CH, evasion at
Baddinsgill was lower than the inlets but higher than the reservoir at 1.0 + 0.1 mg C m™> d*. At
Black Esk, mean CH, evasion (2.7 + 1.0 mg C m™ d™) from the reservoir was higher than
Baddinsgill and of a similar order of magnitude to mean evasion into the reservoir via the
inlets (2.9 + 0.5 mg C m™” d™). Mean BEout CH, evasion was an order of magnitude higher than

the inlets and reservoirat 11+ 1.4 mgCm™d™.

Estimated mean N,O evasion at Baddinsgill reservoir was low at 0.04 + 0.03 mg N m™ d™
(range -0.005 to 0.7). Greater spatial N,O variability occurred at the inlets with mean evasion
between 0.2 £ 0.05 mg N m? d* at BAdin to 5.8 + 0.4 mg N m™ d™ at BASin (Figure 4.9). Mean
outlet N,O evasion was lower than both inlets and reservoir locations, estimated at 0.03 +
0.009 mg N m™ d. At Black Esk, estimated mean N,O evasion from the reservoir sites was
0.08 + 0.04 mg N m™ d™* which is lower than mean evasion across all five inlets (0.4 + 0.2 mg N

m?2d™?) and the outlet (0.9+ 0.2 mg N m=>d™).
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Figure 4.9 Boxplots show GHG evasion across all sampled inlets (gray), the reservoir (orange)

and outlet (blue) sampling sites at Baddinsgill (a) and Black Esk (b) reservoirs.
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Table 4.4 Mean + standard error (range) for stream and open water evasion in the Baddinsgill

and Black Esk catchments. Note different units (g) for CO, evasion. Mean, minimum and

maximum slope and elevation are also shown.

Site Elevation Slope (%) CO, Evasion CH,4 Evasion N,O Evasion
(m) (gCm?d?) (mgCm?d? (mgNm?d?)
SALin 391 6.7 4.340.35 8.5+1.2 0.46+0.073
(330-464)  (0.0-26.7) (2.1-8.8) (1.5-23) (-0.33-1.2)
5 Amin 431 8.8 5.1+0.81 541.2 0.83+0.19
(330-566)  (0.0-38.8) (0.22-20) (0.66-39) (-1.4-3)
BASIn 428 10.4 2.9+0.35 2.5+0.5 1.240.2
(330-531)  (0.0-42.4) (-0.28-10) (-0.46-11) (-1.1-3.3)
S Adin 432 121 0.67+0.055 0.79+0.15 0.21+0.046
(330-535)  (0.0-36.2) (0.22-1.5) (-0.097-3.2) (-0.29-0.72)
BAsin 391 10.9 19+1.0 2242.7 5.8+0.35
(330-469)  (0.0-31.9) (10-39) (4.7-64) (1.6-10)
0.18+0.025 0.6240.16 0.038+0.0076
BAlres NA NA (-0.019-0.58) (0.018-3.3) (-0.033-0.14)
0.33+0.12 0.6+0.15 0.067+0.027
BA2res NA NA (0.03-3.9) (-0.0028-4.3) (-0.041-0.66)
0.18+0.079 0.37+0.1 0.02+0.0031
BA3res NA NA (0.01-2.6) (-0.014-3.2) (-0.0046-0.049)
SAout 424 8.9 0.16+0.022 0.99+0.14 0.025+0.0089
(304-566)  (0.0-42.5) (-0.04-0.5) (0.061-3.4) (-0.079-0.1)
SELin 281 32 1.5+0.17 0.68+0.26 0.27+0.041
(258-300)  (0.1-10.0) (0.19-4.8) (-0.085-9.8) (-0.17-1.1)
SEair 295 5.8 0.43+0.049 0.6+0.17 0.16+0.028
(248-360)  (0.0-26.7)  (-0.042-1.3) (-0.022-6.1) (-0.25-0.59)
SE3in 348 8.3 1.740.27 4+0.54 0.7940.12
(250-536)  (0.0-44.0) (-1.3-6.9) (0.057-19) (-1.3-2)
SEain 294 43 5+1.5 7.8+1.9 0.53+0.16
(250-348)  (0.0-26.1) (0.041-56) (0.15-54) (-2.2-2.7)
sEsin 296 4.9 2.1+0.46 1.540.59 0.4140.11
(251-311)  (0.02-20.4)  (0.011-11) (-0.8-24) (-0.74-2.8)
0.48+0.071 2.6+0.44 0.079+0.015
BElres NA NA (0.082-2.1) (0.34-14) (-0.051-0.5)
0.24+0.027 3.140.79 0.057+0.0086
BE2res NA NA (0.041-1.2) (0.15-23) (-0.032-0.22)
0.32+0.051 2.4+0.48 0.095+0.032
BE3res NA NA (0.072-1.8) (0.38-16) (-0.032-0.9)
SEout 330 7.4 5.4+1.1 11+1.4 0.86+0.22
(228-536)  (0.0-56.3) (-3.3-36) (-0.43-36) (-2.6-3.9)
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4.3.3 Annual, catchment-scale and retained fluvial C and N fluxes

Calculated fluvial C and N annual and areal fluxes and associated standard errors for
Baddinsgill (2015-2016) and Black Esk (2015-2017) reservoirs are shown in Table 4.5. Loads of
all carbon forms were highly variable, likely reflecting between-stream discharge variations.
DIC represents the greatest C input to Baddinsgill reservoir in terms of annual C loads at 67 t C
yr'’. DIC is 6% greater than DOC input and 94% larger than CO, flux. Of the three GHGs, CO,
represents the largest annual load at 4.1 t C yr™, compared to 2.1 kg C yr™ for CH, and 2.6 kg N
yr’* for N,O. In terms of areal mean fluxes at Baddinsgill, DIC also represents the largest input
to the reservoir at 5.3 g C m? yr’t, which is 7% greater than DOC and 15.5x greater than CO,.
Carbon dioxide is also the dominant areal GHG flux species at 0.32 g C m? yr, whilst fluxes of
CH, (0.16 mg C m™ yr) and N,O (0.26 mg N m™ yr') more similar. The dominant areal mean N
input to Baddinsgill reservoir is NO; (105 mg N m™ yr'). The catchment of BA2in (6.4 km?)
accounts for 50% of the area of the five measured input streams plus the abstraction inlet not
sampled. It drains predominately peaty podzols (54%) and humus-iron podzols (38%) soils.
This inlet accounts for between 36-56% of the annual C loads entering the reservoir across the
different C species (51% of total annual C load) and between 29-63% across the N species.
Measured fluvial C and N species show that they are retained at Baddinsgill reservoir, with
only the annual CH,4 load acting as a source (20% increase between inlets and outlet). 57% and
52% of the measured C and N loads entering Baddinsgill were retained within the reservoir
(i.e. they did not leave the reservoir via the outlet) and therefore, Baddinsgill was acting as a

net C and N sink during the sampling period.

At Black Esk reservoir, the greatest annual C load into the reservoir was DIC at 321 +30tC yr"l,
which is 23% greater than DOC input and 96% greater than CO,. Carbon dioxide was also the
largest of the gas flux loads at 13.4 + 0.36 t C yr™, compared to 13 + 0.46 kg C yr™* for CH, and
10.5 + 0.26 kg N yr'* for N,O. The greatest catchment-scale input at Black Esk is also DIC, with
an average areal flux of 19.8+2.45 g C m™ yr”', which is 30% greater than DOC and 23x greater
than CO,. Carbon dioxide is the largest input to Black Esk reservoir, with an average areal flux
of 0.82 +0.04 g Cm™ yr™, followed by 0.80 +0.04 mg C m™ yr™* of CH, and 0.64 + 0.02 mg N m™
yr’* for N,O. The dominant N input to Black Esk reservoir is also NO3 (344 + 50 mg N m™ yr™).
The catchment of BE3in (13.7 km?) accounts for 84% of the area of the five input streams
combined and drains predominantly peaty gleys (60%) and peaty podzols (13%). This inlet
accounts for 44% to 68% of the annual loads of different C species (60% of total annual C load)
and 62-73% of the different N species into the reservoir. 61% and 47% of the measured C and

N loads entering Black Esk were retained within the reservoir, with Black Esk acting as a sink
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for each C and N species measured (Figure 4.10, Table 4.5). The C and N species entering
Baddinsgill reservoir via the inlets is estimated at 134t Cy™* (10.6 gCm?yr')and 1.6 t Ny
(127 mg N m™ yr) respectively. At Black Esk, total C entering the reservoir via the inlets is
estimated at 581 +35tCy* (36+3gCm”yr')and 7.3+ 0.6 t Ny (451 + 55 mg N m”? yr’),
respectively. A breakdown of total C and N flux for individual streams is presented in Figure

4.10.
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Figure 4.10 Areal mean C flux (CO,, CH4, DOC, DIC combined) (a) and areal mean N flux (N0,
NH.", NO5;, NO, combined) for each inlet and outlet at Baddinsgill and Black Esk reservoirs.
Error bars represent the minimum and maximum cumulative standard errors for each C or N
species and annual discharge calculated from Equations 2.8 and 2.9 in Chapter 2; and b) shows
the input-output balance based on areal mean fluxes in (Table 4.5) for all measured C and N

species at Baddinsgill and Black Esk reservoirs. Both reservoirs are net sinks as Out/In <0.9.
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Table 4.5 GHG, DOC and DIC exports during a 1 year sampling period for Baddinsgill (2015-2016) and a 2 year period for Black Esk (2015-2017), expressed as annual loads
(based on measured discharge from flow rating curves at each location) and areal mean fluxes assuming spatially uniform run-off. Note different units. *Balance +/- = OUT

— IN; **Out/In = output divided by the sum of the inputs. Net sinks = Out/In <0.9; approximately balanced = 0.9< Out/In <1.1; net sources = Out/In >1.1.

Annual C and N load (kg/t C or N yr™)

Site CO, (kg Cyr) CH, (kg Cyr™) DOC (tCyr?) | DIC(tCyrY) | N,O (kg Nyr?) NH," (kg N yr') NO, (kg N yr™) NO; (kg N yr™)
BA1lin 304+22 0.35+0.09 4.7+0.83 3+0.73 0.14+0.0054 11+5.4 2.6%1.3 49+16
BA2in 20801194 0.75+0.11 35+6.8 31+7.4 1.2+0.067 69121 1916 490183
BA3in 50+2.7 0.018+0.0065 1.2+0.24 1.1+0.39 0.065+0.0029 2.2+0.64 0.50.5 3316.7
BA4in 74+2.3 0.039+0.0092 1.6+0.29 2+0.45 0.066+0.0036 6.615.1 0.51+0.086 3615.4
BAS5in 148+8.1 0.064+0.028 1.4+0.45 3.240.66 0.11+0.0099 19+10 0.3+0.14 55126
BAHiIn 1429+NA 0.87tNA 19tNA 27tNA 1+NA 132+NA 7.3tNA 478+NA

IN 4085 2.1 63 67 2.6 240 30 1140
BAOut 1183187 2.5+0.43 33+1.4 2413 1.4+0.053 8525 1516.1 670+132

Balance +/- -2902 0.41 -30 -43 -1.2 -155 -15.21 -471

Sink Source Sink Sink Sink Sink Sink Sink

Out/In 0.29 1.20 0.52 0.36 0.54 0.35 0.50 0.59

BElin 177+16 0.045+0.02 4.1+0.57 1.6+0.69 0.047+0.0026 8.615.1 0.83%+1.2 38419
BE2in 232+14 0.14+0.071 6.310.95 43+2.1 0.17+0.0058 19+13 4.4+6.3 97+29
BE3in 67111417 5.7+0.56 120+21 22035 6.7+0.31 9581341 125+114 40651615
BE4in 60131398 7+0.46 105+17 94+18 3.440.16 512+156 43+14 13204523
BES5in 227114 0.1+0.029 11+1.6 1.310.63 0.14+0.0064 49114 2.7+£0.62 45121

IN 13,400+355 13+0.46 246+18 321430 11+0.26 1550+288 176196 5560+523
BEout 47924394 5.1+1.2 114+11 108+21 2.240.087 418+173 3046 3418+775
Balance +/- -8568 -7.885 -132.4 -213.2 -8.257 -1128.6 -145.93 -2147
Sink Sink Sink Sink Sink Sink Sink Sink
Out/In 0.36 0.39 0.46 0.34 0.21 0.27 0.17 0.61
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Areal mean C and N flux (mg/g Cor N m™ yr)

Site quz -1 CH‘-‘Z -1 DOZC -1 DI_E -1 Nzc?2 -1 NH4-+2 -1 NOZ--z -1 NO3--2 -1
(8Cm~yr’) (mgCm~yr) (8Cm~yr’) (8Cm~yr’) (mgNm~yr’) (mgNm~yr’) (mgNm~yr’) (mgNm~yr)
BA1lin 0.38+0.028 0.44+0.11 5.9+1 3.840.93 0.18+0.0068 1416.8 3.311.7 62120
BA2in 0.33+0.03 0.12+0.017 5.4+1.1 4.9+1.2 0.19+0.01 1143.2 3+0.93 77413
BA3in 0.069+0.0037  0.024+0.009 1.7+£0.33 1.6+0.54 0.09+0.004 3+0.88 0.69+0.69 4619.3
BA4in 0.096+0.003  0.05+0.012 2.1+0.38 2.6+0.59 0.085+0.0047 8.546.6 0.67+0.11 4617
BASin 1.3+0.068 0.54+0.23 1243.8 27%5.5 0.94+0.084 161+88 2.5%1.2 4611223
BAHin 0.37+NA 0.23+NA 4.9£tNA 6.9+NA 0.26+NA 34+NA 1.9+NA 124+NA
IN 0.32 0.16 5.0 5.3 0.26 18.9 2.4 105
BAOut | 0.087+0.0064  0.19+0.032 2.4+0.1 1.7£0.22 0.099+0.0039 6.3+1.8 1.140.45 49+9.6
Balance
+/- -0.23 0.03 -2.6 -3.6 -0.16 -13 -1.3 -56
Sink Source Sink Sink Sink Sink Sink Sink
Out/In 0.27 1.2 0.48 0.32 0.38 0.33 0.46 0.47
BE1lin 0.86+0.078 0.22+0.097 2042.8 7.613.3 0.23+0.013 42425 4+5.6 183491
BE2in 0.53+0.031 0.3240.16 14+2.2 9.8+4.8 0.38+0.013 43+29 10+14 221+67
BE3in 0.49+0.03 0.42+0.041 8.8%1.5 1612.6 0.49+0.023 70425 9.148.3 296145
BE4in 3.440.23 4+0.26 59+9.7 53+10 1.9+0.091 290189 24+7.7 7481296
BES5in 2.1+0.13 0.96+0.27 105+15 1245.9 1.3+0.059 453+128 2515.8 423+198
IN 0.82+0.04 0.80+0.04 15.2+1.65 19.8+2.45 0.64+0.02 95+23.3 1147.1 344+50
BEout 0.26+0.021 0.27+0.066 6.2+0.6 5.9+1.1 0.12+0.0047 23+9.4 1.6%0.32 185+42
Balance
+/- -0.56 -0.53 -9 -13.9 -0.52 -72 9.4 -159
Sink Sink Sink Sink Sink Sink Sink Sink
Out/In 0.32 0.34 0.41 0.30 0.19 0.42 0.15 0.54
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4.4 Discussion

4.4.1 Spatial and temporal variability in Cand N concentrations and fluxes

Carbon

This study found streams and reservoirs in both catchments to be on average, oversaturated
with CO, which is in agreement with the literature (e.g. Cole et al., 2007; Tranvik et al., 2009).
Aguatic systems are frequently assumed to be sources of CO, to the atmosphere (e.g. Tranvik
et al., 2009) and although the sites in this research mainly behaved as such, there were some
occasions of influx. For example, Dolwen reservoir as sampled in Chapter 3, had an overall
negative median rate of evasion (-0.06 mg C m™ h™®). This suggests that the surface waters can
shift from sources to sinks, and that longer term, more frequent monitoring is likely important

to pick up such trends.

Lake CO, supersaturation is partly caused by organic matter mineralisation by photochemical
and microbial processes (Pace and Prairie, 2005) and also by the flushing in of terrestrial
organic matter (Sobek et al., 2003). Surface waters associated with peat have repeatedly been
shown to be supersaturated in both CO, and CH, with respect to the atmosphere (e.g. Kling et
al., 1991; Cole et al., 1994; Hope et al., 1995) with both reservoir catchments showing high
proportions of peaty soil types (peaty gleys, peaty podzols and blanket peats; ), promoting

input of CO,-rich drainage water into the streams and reservoirs (Billett et al., 2004).

Lake supersaturation has also been linked to DIC input via inlets (e.g. Molot and Dillon, 1996).
Results at both Baddinsgill (67 t C yr™) and Black Esk (321 + 30 t C yr'') showed DIC to be the
dominant annual C load into the reservoirs. High proportions of blanket peat are present at
both BElin (100%) and BE2in (65%); however, they do not represent the highest areal DOC
flux into the reservoir which occurs at BE4in (59 + 9.7 g C m™ yr'') and BESin (105 + 15 g C m™
yr'!) which have peaty gley soil types. Reservoir DOC concentrations at Baddinsgill (median
11.9 mg L™, range 0.93 to 26 mg L™) and Black Esk (median 10.6 mg L™, range 2.2 to 24 mg L")
were approximately double the median concentration (5.7 mg L) reported by Sobek et al.
(2007) from an analysis of 7,500 lakes around the world. In the global study, only 4.2% of lakes
had DOC concentrations between 20 and 40 mg L™, suggesting both reservoirs have high DOC
concentrations. Both reservoirs also correspond to being net heterotrophic systems as DOC is
> 5 mg L (e.g. Prairie et al., 2002) which is also reflected in the high input DOC fluxes
containing allochthonous organic matter (Santana et al.,, 2015). At Baddinsgill, managed
burning is practiced (albeit not during the sampling period) to enhance moorland productivity

and forage quality, and promote nutritious new growth to improve grazing for game and
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livestock (Webb, 1998). Managed burning has been found to contribute to other C losses such
as increase DOC production, altering C in nearby aquatic ecosystems (Ramchunde et al., 2013).
The burned moorland and limited vegetation in parts of the catchment could enhance run-off

into the streams and reservoirs, affecting the loads.

Results showed spatial variability within the reservoirs across the three sampling locations at
both Baddinsgill and Black Esk. Estimated CO, evasion at Black Esk reservoir was higher than
Baddinsgill. Both reservoirs are old, however the capacity at Black Esk was increased in 2014,
resulting in newly flooded land and the decomposition of submerged fresh and labile organic
matter (Barros et al., 2011). This is likely the cause of higher CO, at BElres where decaying
trees were left behind in the reservoir. At Baddinsgill reservoir, BA2res showed considerably
higher CO, than the other two locations. This site is located in an area which was more prone
to fluctuating water levels leaving sediment exposed, which has been linked to higher CO,

(Weise et al., 2016).

Results showed both reservoirs to be on average, oversaturated in CH, which could be a result
of CH, production in sediments as it is considered a key emission driver in lakes (Bastviken et
al., 2008). Results also showed a spatial gradient within reservoirs, with lower CH,
concentrations nearer deeper waters close to the dam and is a pattern observed in other
studies (e.g. Paranaiba et al., 2018). The dam end also had fewer inflows, and the literature
suggests inflow areas show higher CH, and linked to the slowing down of water and greater
sediment deposition, where degradation of fluvial organic matter via methanogenesis can
increase CH, production (Sobek et al.,, 2012). Catchment imported CH, may have also

contributed to the observed spatial patterns (Mendonga et al., 2012; Paranaiba et al., 2018).

Results also showed seasonal variability in CH, concentrations within both reservoirs, with
higher concentrations in summer and early autumn which coincide with periods of low rainfall
(Figure 4.6). For example, elevated concentrations are seen in both reservoirs during August
and October 2015, which was also period of higher temperatures and lower water levels,
leaving more sediment exposed. The likely peaty rich reservoir sediments, combined with
increased temperatures and fluctuating water levels may have caused the observed increases
in CH4 production within the reservoirs (Beaulieu et al., 2017; Tranvik et al., 2009), which
would also help explain why such increases were not also observed at the inlets. The higher
range in CH, concentrations observed at Black Esk compared to Baddinsgill was also likely
attributed to the decomposition of fresh labile organic matter (Barros et al., 2011) from the

water volume increase. In addition, hydrological patterns can also affect terrestrial primary
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production, influencing C loading in lakes (Tranvik et al., 2009). Black Esk catchment is largely a
coniferous forestry plantation which undergoes both felling and re-planting with such

activities also attributed to high DOC loads (Creed et al., 2008; Grieve, 1994).
Nitrogen

Nitrate was the dominant N input to both Baddinsgill and Black Esk reservoirs, with Black Esk
having 3.3x the areal mean flux compared to Baddinsgill, likely reflecting the high percentage
of coniferous forestry within the Black Esk catchment. Nitrate has been reported in other

studies as the dominant soluble N form in surface waters (Neal and Robson, 2000).

Highest mean NO; at Black Esk was seen BE3in which had felling in both 2015 and 2016 within
the catchment which has also been used to explain spatial variability in other studies (e.g.
Chapman et al., 2001). The stream NO3 concentrations in this study were comparable to mean
concentrations of less than 1 mg L™ in Scottish upland rivers (Betton et al., 1991) where there
is less agricultural activities. Lowest NOj in the Black Esk catchment was at BElin and BE2in
where both sub-catchments have high percentages of blanket peat, which has also been
observed in other studies (e.g. Chapman et al., 2001). As observed in other UK upland stream
studies, ammonium was present in very small concentrations (Reynolds and Edwards, 1995).
Similarly, low NO, concentrations were also observed by Baulch et al. (2011) in Canadian

streams.

Nitrogen in the gaseous form as N,O is derived from allochthonous sources from ground and
soil waters, and from in-stream sediment production (Schade et al., 2016). BA5in has both the
highest N,O and NOs; concentrations in the catchment, suggesting the additional NO;™ are
being reduced to N,O through denitrification (Baulch et al., 2011) but to confirm the source of
N,O production in this area, isotopic analysis would need to be performed. Possible causes are
the presence of sheep, as observed during field sampling (e.g. Mcdowell et al., 2009), and the
small size of the stream (~60 cm wide) leading to less dilution (Beaulieu et al., 2008). N,O
concentrations in both catchment streams (means 0.47 to 0.78 ug N L™!) were towards the
lower end of the range (means 0.42 to 2.17 pg N L™%) of USA streams in Beaulieu et al. (2008).
The larger range of means in the USA streams might be explained by greater prevalence of
agriculture in their catchments. Baddinsgill and Black Esk reservoir N,O concentrations ranged
from 0.22 to 3.3 pg N L™* and indicated oversaturation. These results are consistent with
reports from a variety of lakes and reservoirs. For example, Mengis et al. (1997) found mean
surface saturations ranging from 101 to 265% across 15 Swiss lakes, with 11 of those falling

within the same range as Baddinsgill and Black Esk (110 to 160%). These N,O results were
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comparable to measurements of Ohio (USA) river basin reservoirs (Beaulieu et al.,2015).
Although broadly oversaturated, some measurements from sampling points on streams and
reservoirs at both reservoirs showed periods of undersaturation (21% of measurements at
Baddinsgill, 22% at Black Esk). Other studies have observed both under- and oversaturation in
the same system Despite showing oversaturation overall, streams and reservoirs at Baddinsgill
(21% of measurements) and Black Esk (22%) also showed periods of undersaturation which
has also been observed in other stream and river studies, even those with high dissolved
inorganic N loads (e.g. Beaulieu et al., 2008; Rajkumar et al., 2008). Undersaturation typically
reflects denitrifiers ability to use free N,O as an electron acceptor, and has been associated
with low NO;™ concentrations, low flows and low oxygen (e.g. Rajkumar et al., 2008; Baulch et

al., 2011).

4.4.2 Reservoir balance and comparison to other studies

The results from this study show that both Baddinsgill and Black Esk reservoirs are net fluvial
carbon and nitrogen sinks as the amounts entering the reservoirs exceeded total output.
Results showed a significant portion of C and N load being retained within both reservoirs (the
sole exception being CH, at Baddinsgill). Previous budget studies in temperate lakes using a
mass balance approach have shown lakes to act as both carbon sources (Carpenter et al.,
1983) and carbon sinks (Yang et al., 2008). Results here highlight that both reservoirs are
active sites of carbon and nitrogen cycling. Net sinks can imply that a large proportion of the C
is either being retained in the water column, or being buried within the reservoir sediments
(e.g. Molot and Dillon, 1996; Bastviken et al., 2011). Average C burial rates in lakes are
estimated to be between 4.5 and 14 g C m™ yr'1 (Cole et al., 2007; Tranvik et al., 2009), with
higher burial seen in impoundments (average 100 g C m™ yr™, (Downing et al., 2008). DOC can
be transformed to POC in the water column and potentially sequestered in lake sediments
(Tranvik et al., 2009). Light-driven C removal processes could also be important within the
reservoirs e.g. photodegradation and flocculation, increased photo-modified organic matter
and autotrophic production (Moran and Zepp, 1997). Further investigations into the fate of

organic carbon within the reservoirs are required.

Similarly, Stimson et al. (2017) found Kinder reservoir in a degraded peat catchment in
England, UK to be net fluvial carbon sinks for DOC, DIC and particulate organic carbon (POC).
POC was found to be the greatest C input to the reservoir (93% greater than DOC) but this
species is not sampled at Baddinsgill or Black Esk, with results from Kinder suggesting this to

be an important factor in peatland reservoir budgets. Annual budgets over a two-year period
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estimated DOC input flux at 35 and 89 t C yr™* being inputted, and 40 and 72 t C yr™ being
outputted from the reservoir. Kinder reservoir is showing similar annual DOC loads to
Baddinsgill at 63 t C yr* (7.4 g C m™? y* over a catchment area of 8.5 km?, 50% higher than
Baddinsgill) inputted and 33 t Cyr* (3.9 g C m?2y™, 63% higher than Baddinsgill) outputted but
with greater in-reservoir retention of DOC. Evans et al. (2017) found 48 out of 82 lakes and
reservoirs were annual net DOC sinks which was strongly influenced by water residence time.
Both Baddinsgill (classified as mesotrophic) and Black Esk (oligotrophic) were also included in
this study. For Baddinsgill, Evans et al. (2017) estimated DOC;, fluxes at 8.14 g C m™ y™ and
DOC,, fluxes as 9.38 g C m y'l, making Baddinsgill a net DOC source (Out/In = 1.15). At Black
Esk reservoir, estimated DOC;, fluxes were 9.25 g C m™ y'1 and DOC, fluxes were 7.30 g C m™
y™, making Black Esk a net DOC sink (Out/In = 0.79). Black Esk flux estimates were similar to
the results presented in this chapter and were also found to be a net DOC sink; however,
Baddinsgill DOC,,; was 3x higher, which resulted in the reservoir being an overall net DOC
source. The differences in results could potentially be explained by temporal variability of the
different sampling years between the two studies and field data was not available for all the
inlets included in this chapter, resulting in the study assuming a constant DOC flux per unit

area.

Aguatic CO, evasion from headwater streams was also found by Kokic et al. (2015) to be the
dominant total catchment C loss in a Swedish lake catchment which they mostly attributed to
higher gas transfer velocities of streams compared to lakes. Results also supports findings by
Raymond et al. (2013) in which rivers and streams were found to evade greater CO, (6 times)
than reservoirs and lakes. Mean CO, evasion from Baddinsgill (200 mg C m™2d™ ") and Black Esk
reservoirs (300 mgCm 2d 1) were comparable to mean CO, from a global study of
hydroelectric temperate reservoirs (~250 mg C m~2d™") but much lower than Lokka reservoir
with a peatland catchment which ranged from 1070 to 1972 mg Cm™*d" ' (Jari. T Huttunen et
al., 2002).

DOC export from Baddinsgill outlet (2.4 g C m™yr 1) was lower than DOC export from Lake
Gaddtjarn in Sweden (6.58 C m2yr™) (Jovana. Kokic et al., 2015) but Black Esk was more
comparable (6.2 g C m™2yr ™). DIC export from the Swedish lake (0.4g C m™2yr ') was much
lower than export from both Baddinsgill (1.7 g C m™yr™) and Black Esk (6.2 g C m™yr ™). Total
C export per inlet at Baddinsgill ranged from 3.4 to 40 g C m™ yr, comparable to (Leach et al.,
2016) where total C exports ranged from 5.9 to 18.1 g C m™ yr* from streams draining a boreal
peatland catchment in Northern Sweden. However, this is much smaller than the total C

export range estimated at Black Esk inlets (24 to 119 g C m™ yr'') which is more similar to other
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peatland draining streams in the UK (e.g. Billett et al., 2004; Dinsmore et al., 2010) however, in
those studies, similar proportions of DOC, dissolved CO, and POC are seen, whereas the GHG

species in at Black Esk and Baddinsgill are much lower proportion wise.

4.4.3 Limits to calculations of the evasion and export estimates

The GHG fluxes from the inlet and outlet streams, k (gas transfer velocity) were estimated
following Eg. 5 in Raymond et al. (2012). In streams, water-air interface turbulence is
produced by stream bed shear stresses, where k is typically modelled using channel slope,
water depth and velocity (Raymond et al., 2012). This approach has also been widely used in
other studies (e.g. Schade et al., 2016) when field measurements are limited. Field based gas
tracer methods e.g. using SFs were not permitted in this research due to sampling restrictions
relating to the reservoir being used for public drinking water supply. Aquatic GHG
concentrations are generally well measured; however, the accuracy of the flux estimation is
dependent on the k values. A wide range in k values have been estimated in the literature (e.g.
Borges et al.,, 2004; Raymond et al., 2012) due to differences in techniques, tracers and
governing processes. For example, Wallin et al. (2018) identified differences in the k estimate
from Raymond et al. (2012) and other catchment studies e.g. Natchimuthu et al. (2017) at low
velocities and zero to low elevations. Many of the Baddinsgill and Black Esk inlet steams were
at times slow flowing, as can be reflected by the low Q values in Appendix 1, which could lead
to an under- or overestimation of GHG fluxes. Similarly, storm events resulting in high
turbulence and water velocity were not taken into account in some of the larger inlets in this
study due health and safety restrictions, which could further bias estimations. There is a need
for k measurements in the catchments, which could increase the accuracy of stream GHG

emissions in this study.

With regards to the unsampled inlet at Baddinsgill, if the export estimate is removed from the
balance, the reservoir continues to act as a sink for areal fluxes. As abstraction from the inlet
varied throughout the year depending on flow, it was not possible to quantify this input
accurately as information was not available at the time of write up, but future work involving
reservoir export should consider the possibility of inputs from outside the true reservoir

catchment.

4.5 Conclusions

This study showed pronounced spatial variability in GHG concentrations and fluxes within both
catchment inlets, and within the reservoir bodies. By quantifying inlet, reservoir and outlet C

and N, this study adds to an increasing knowledge base that small streams are important in
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catchment scale budgets (e.g. Cole et al., 2007; Bastviken et al., 2011) but the magnitude and
source of GHG emissions is still unclear (Raymond et al.,, 2013). It also highlights the
importance of monitoring inlet streams and not just the lake or reservoir outlet as results
highlighted the high variability in export between spatially similar streams. Evasion estimates
also showed that C and N loss from streams is higher than reservoirs, which again highlight the
importance of streams in the aquatic continuum. The reservoirs had high levels of DIC or DOC
influx, with CO, being the dominant GHG component and NO;™ being the dominant N species.
Both reservoirs were found to be net sinks of fluvial carbon and nitrogen (and of each species,
with the exception of CH, at Baddinsgill). Increasingly large sums of money are being invested
by water companies in catchment management programmes e.g. peatland restoration, with
the expectation water quality will be improved and colour and DOC reduced at the water
treatment works. To fully understand the sources and fate of C and N within the reservoirs,
more comprehensive measurements of C and N processing are required e.g. through isotopic
analysis and incorporation of C and N burial rates. Nitrogen loading to aquatic systems is
increasing (Beaulieu et al., 2011) which suggests N fluxes from inland waters may become

more important, and N,O a more substantial contributor.

133



5 The importance of water level drawdown on greenhouse
gas emissions from a temperate UK reservoir

5.1Introduction
Increasing evidence has demonstrated the active role of inland waters in the global carbon (C)

cycle, and their capacity to emit substantial amounts of carbon dioxide (CO,) and methane
(CH,4) to the atmosphere (e.g. Cole et al., 2007, Bastviken et al., 2011, Barros et al., 2011).
Aguatic systems are also considered to be a source of nitrous oxide (N,0) emission, but
estimates are mainly from rivers and streams (Beaulieu et al., 2008, Venkiteswaran et al.,
2014) with fewer studies on reservoir N,O emissions (Guérin et al., 2008, Beaulieu et al.,
2015). A recent global synthesis of global GHG emissions from reservoirs (Deemer et al., 2016)
estimate a total flux of 13.3 Tg CH,-C yr”, 36.8 Tg CO,-C yr* and 0.03 Tg N,O-N yr™. Where
emissions occur in lakes or rivers that have not been strongly modified by human activities,
they can be considered part of the natural carbon and nitrogen cycle. However, where the
hydrology and/or biogeochemistry of drainage networks have been modified by human
activities, any subsequent changes in GHG emissions may be considered anthropogenic. In the
specific case of constructed reservoirs, this emission may be considerable, due to the
mineralisation of soil and biomass organic matter within the reservoir, and creation of
hotspots of CH, production and transmission to the atmosphere. This has led to the
development of methods by the Intergovernmental Panel on Climate Change (IPCC) to account
for GHG emissions from ‘Flooded Lands’. These emissions have the potential to make a
significant contribution to both national and global GHG emissions (Barros et al., 2011, Prairie

et al., 2017).

Drawdown (the withdrawal or reduction in water volume during dry periods or due to
reservoir maintenance or management) affects reservoir thermal structure, light environment
and the area of exposed sediments (Straskraba et al., 1993). Fluctuations in water level also
change the hydrostatic head within the water column. Artificial water level fluctuation is a key
physical process that distinguishes many reservoirs from lakes in terms of amplitude,
frequency and rate of change (Furey et al., 2004; Hirsch et al., 2017). In temperate and boreal
regions, an annual water level drawdown in autumn and winter and subsequent spring refill
are a common management practice (Carmignani and Roy, 2017; Li and Zhang, 2014). In
reservoirs used for aquaculture, drawdown may also be undertaken to help remove undesired

fish species and enhance water clarity (Verrill and Berry, 1995). Other common reasons are to
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increase flood storage capacity, generate hydropower, or to perform dam maintenance

(Harrison et al., 2017; Hayes et al., 2017).

Such water level changes affect biogeochemical processes and their interactions in the open
water zone, with even greater effects in nearshore littoral areas (Furey et al., 2004, Yang et al.,
2015, Li et al., 2016). The magnitude and frequency of drawdown can determine littoral
vegetation presence or absence (Rodhe, 1964), affect the supply of nutrients (i.e. organic and
inorganic material from run-off and erosion) and influence sediment structure and distribution
(Baxter, 1977; Fahre and Patau-Albertini, 1986). Fluctuating water levels influence GHG
release to the atmosphere as the sediment’s oxic and anoxic conditions are altered (Billings et
al.,, 1982; Moore and Knowles, 1989). Rewetting and desiccation of sediments can affect
microbial community structure, impacting C and N turnover and GHG fluxes (Fromin et al.,

2010; Koschorreck and Darwich, 2003; Schimel, 2007; Weise et al., 2016)

Supersaturation of CO, in aquatic systems occurs primarily from two main pathways (Prairie et
al., 2017); a) the input of CO,-rich soil water from the surrounding catchment, or b) in-situ
degradation of DOC or POC in bottom lake sediments or in the water column by
photochemical and microbial processes (Pace and Prairie, 2005). CO, emission can also be

produced when CH, is oxidised to CO, by methanotrophs (Guérin and Abril, 2007).

In lakes and reservoirs, CH, is primarily produced in anoxic sediments and can be released to
the atmosphere via diffusion, ebullition (bubbling) or, plant-mediated transport when
emergent vegetation is present (Chanton and Whiting, 1995, Bastviken et al., 2004, Harrison et
al., 2017). CH, has a 34 times higher global warming potential than CO, per mass on a 100-year
timescale (IPCC, 2014) meaning a shift from an aerobic to anaerobic degradation pathway in
sediments may increase the climatic impact of aquatic systems (Maeck et al., 2013). Sediment
CH, is produced via anaerobic microbial decomposition of organic matter, where production
rates depend on organic C availability, redox conditions, and temperature (Sobek et al., 2012).
Under constant hydrostatic pressure, gas produced via microbial activity dissolves in sediment
pore-waters, until the collective partial pressure of the dissolved gases surpass the hydrostatic
pressure, causing bubble formation (Chanton and Whiting, 1995). Reduced hydrostatic
pressure when water level falls can lower compressive stress on sediments, therefore

increasing bubble formation and release (Beaulieu et al., 2017; Keller and Stallard, 1994).

In both soil and aquatic systems, denitrification and nitrification are the key N,O producing
pathways (Firestone and Davidson, 1989; Thuss et al., 2014). In surface waters, nitrification is

the main N,O producing pathway, but NH," availability can be low, even in eutrophic systems,
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due to NH," absorption by phytoplankton (T&nno et al., 2005). The main controls on
denitrification rates include oxygen levels, mineral N and C availability, pH and temperature
(Knowles, 1982), while controls on nitrification rates include NH,’, pH, organic C and

temperature (Bianchi et al., 1999; Strauss et al., 2004).

A growing number of studies report GHG emissions from the reservoir drawdown zone (Chen
et al., 2009; Deshmukh et al., 2016, 2018; Harrison et al., 2017; Li et al., 2016b; Oelbermann
and Schiff, 2010; Yang et al., 2012, 2015). These measurements have shown considerable
variation, ranging from small to significant CH, sources (Chen et al., 2009, Yang et al., 2012,
Serca et al., 2016) and, in some cases, even CH, sinks (Li et al., 2016). High CO, emissions (on
the order of g CO, m? d!) have been reported from dry sediments in rivers, reservoirs and
ponds (Gémez-Gener et al., 2016, 2015; Hyojin et al., 2016; Obrador et al., 2018). Compared to
CO, and CH,, very few studies have measured N,0 emissions from drawdown zones and most
of this research is focused on the Three Gorges Reservoir in China. An example of such a study
on the Three Gorges Reservoir is by Li et al. (2016) where a mean N,0 sediment flux of 3.6 mg
m? d? was estimated. Despite large knowledge gaps due to limited data, littoral zones are
generally considered ‘hot spots’ for GHG emissions (Chen et al., 2009, Yang et al.,, 2015,
Deshmukh et al., 2018).

Changes in precipitation patterns are expected due to global warming, affecting both the
magnitude and frequency of extreme events like floods and droughts (Bolpagni et al., 2017;
Reichstein et al.,, 2013). Consequently, many European lakes will be subject to higher
hydrological variability in their littoral zones which in turn is likely to affect physicochemical
characteristics, sediment microbial composition and functioning, the length of desiccation
periods, and the use of allochthonous and autochthonous C sources creating changes to
biogeochemical cycles (Reichstein et al., 2013; Weise et al., 2016; Zanchettin et al., 2008;
Zohary and Ostrovsky, 2011). Due to the potential of inland waters to store and release C,
their response to hydrological changes is important, but few studies investigate such impacts
(Cole et al., 2007, Tranvik et al., 2009, Aufdenkampe et al.,, 2011, Hyojin et al., 2016). To
address these knowledge gaps, this study aims to quantify CO,, CH, and N,0 net fluxes across
a full year, quantifying the relative importance of key time periods such as water level
drawdown, sediment exposure and rewetting at Waltersmuir reservoir, in central Scotland,

UK.
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5.2 Materials and Methods

5.2.1 Site description

The study was conducted from January 2016 to January 2017 at Waltersmuir reservoir, Central
Scotland (56° 10" 89” N, 03° 55’ 19” W; Figure 5.1). The climate is temperate maritime, with a
mean annual rainfall of 1019 mm, mean monthly maximum air temperature of 12.9°C and
mean monthly minimum temperature of 5.6°C for the period 1981-2010 (Met Office, 2015).
The reservoir is situated in a sheltered area surrounded by trees which contributes to low
wind speeds and wave height. Daily mean, maximum and minimum air temperature and
rainfall were obtained from a combination of two nearby weather stations, as complete data
for the study period was not available from either one (Met Office stations 62080 and 15486,
located 3.4 km south east and 8.4 km south west of the study location, respectively; see Met
Office, 2014). The closer station (62080) only began recording on 1* April 2016 so did not
cover the start of the sampling period but was used to fill data gaps in the period April-Dec

2016 from station 15486. Total rainfall for the 13-month study period was 1327 mm.

At full capacity, Waltersmuir reservoir has a surface area of 32,600 m?, a maximum depth of
12 m, mean depth 4.4 m, and storage capacity of 123,900 m? (UK Lakes Portal and Pers.Comm,
Waltersmuir management). The reservoir catchment is 1169 ha with an elevation range of 171
to 460 m above sea level. Waltersmuir reservoir has one outlet and one main inlet, the Wharry
Burn, which is 10.3 km in length, and is classified as having ‘high’ ecological status according to
the Water Framework Directive (Nutt and Perfect, 2011). The catchment land cover consists of
rough grazing (68%) for sheep, alongside improved grassland (19%), coniferous (9%) and
broadlead (1%) woodlands, moorland (2%) and arable (1%). The underlying geology of
Waltersmuir catchment is predominantly Devonian Old Red Sandstone, with basaltic lavas and
overlain with Quaternary glaciofluvial and river terrace deposits (clay, silt, sand and gravel).
The surface topography is dominated by sandy and clay-loam brown earth and non-calcareous

gley soils, with peaty gleyed podzols and blanket peats in the headwaters of the Wharry Burn.

Waltersmuir was constructed as a drinking water reservoir in the 1950s, and since 1993 has
been used as an aquaculture holding facility for Atlantic salmon (Salmo salar) smolt and is
owned and operated by Howietoun Fishery, University of Stirling. Since 1998, Waltersmuir
reservoir has been subject to an annual drawdown event in order to allow the site to fallow,
which is not unique to Scottish aquaculture, benefitting water quality and the health of the
fish (Waltersmuir management, pers. comm.). It typically takes about 2 weeks for the water

levels to drop and 4-6 weeks to refill. However, during 2016 the reservoir was drained for an
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extended period of 11 weeks to allow maintenance work on the dam (Figure 5.1). Despite it
being used as an aquaculture facility, this extended period of drawdown provided a unique
opportunity to be able to conduct in-field sediment sampling in a safe and controlled
environment, allowing increased understanding of sediment fluxes and the effects of extreme
water level changes to be quantified. The reservoir is drained from the bottom outlet valve on
the dam, which is also used to maintain water levels during periods of high inflows. The
reservoir can naturally refill within a single day when rainfall is high, as was the case on two
occasions during this study. The reservoir cannot be completely emptied due to minimum flow

regulations so there was always a pooling of water around the dam area.

During the sampling period ~160,000 smolt aged 0+ to 1+ were stocked. The reservoir is
typically stocked by the last week in August and harvested by mid to end of March. The fish
weigh ~25 g when put into the reservoir in August and are about 60 to 70 g when removed in
March, which equates to ~4 tonnes of fish being stocked during August and approximately 9.6
to 11.2 tonnes being removed in March 2017). Fish were solely fed on a commercial diet
provided by EWOS Ltd (Westfield, Scotland). The feed had an average content of 1.4%
phosphorous, 7.9% nitrogen and 45.2% carbon and approximately 12 tonnes were used during
the stocking period, August-April, which was administered by an automatic release with

several releases occurring daily during daylight hours into the reservoir throughout this period.

Aquatic sampling locations
© Inlet
@ Reservoir
Q© Outlet
® Sediment sampling locations

B Minimum water level
0O UK

Waltersmuir

Figure 5.1 a) Location of the Waltersmuir catchment and sampling locations on the digital

Elevation Model (DEM) derived from UAV survey. b) Photograph taken in April 2016 during
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maximum drawdown, illustrating transect location, with chambers 1 and 9 highlighted. c)
Photographs of chambers one (highest elevation) to nine (lowest elevation) illustrating
desiccated surface cracks in the sediment and visibly higher moisture levels in chambers seven

to nine.

5.2.2 Measurement of dissolved GHG concentrations and aquatic chemistry
parameters

Water samples were collected fortnightly from January 2016 to January 2017, but increased to

weekly during the 11-week drawdown period (11™ April — 14" July 2016). The drawdown

period throughout this chapter refers to both time of active water level fluctuations and the

period the water is low as a result. Surface water, headspace (including replicate) and air

samples were collected from five locations, the main inlet, the outlet downstream of the dam

and three locations from the reservoir (Figure 5.1).

At each location, two water samples were collected at ~10 cm depth below the water surface
using a 60 ml syringe and filtered in the field using 0.45 pum syringe-driven filters (Whatman®).
Water samples were stored in 30 ml bottles, which were rinsed with a small aliquot of the
filtered sample and kept cool and dark in a cool box whilst in the field. On return (typically less
than 5 hours), one filtered water sample was placed immediately in the refrigerator at 4-5 °C
for DOC and DIC analysis within two weeks of collection, whilst the other filtered sample was
placed in the freezer at -18 to -21 °C for analysis of ammonium, nitrite and nitrate (NH,", NO,"
& NOj3) at a later date. At the same time as water sampling, dissolved oxygen (DO), pH,
temperature and electrical conductivity (EC) were measured in situ using handheld multi-

meters (Hanna Instruments HI-9145, HI-9124, HI-0933).

The refrigerated sample was warmed to room temperature and analysed for DOC and DIC on a
PPM LabTOC (Pollution & Process Monitoring, UK) connected to a PPM PSA auto sampler. The
LabTOC instrument converts organic carbon to CO, via UV-persulphate oxidation, then
measures CO, using an infrared detector. Samples were mixed with a solution of 5% sodium
persulphate and 5% orthophosphoric acid in deionised water. The detection range was 0.1 to
4000 mg I'* and concentrations were calculated based on a three-point calibration curve with a
maximum of 50 mg I* where all concentrations fell below this level. Ammonium, NO, and
NO;™ concentrations were analysed using a Seal Analytical AQ2 discrete analyser (Methods:
EPA 350.1 v2 and EPA 353.2 v2 (USEPA, 1993). Further quality control within each analytical
batch, standards and deionised water samples were added at the start and end of each run to

both the DOC, DIC and nitrogen analyses.
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Dissolved aquatic CO,, CH, and N,0O concentrations were collected using the headspace
technique (Kling et al., 1991, Dinsmore et al., 2010), where a 40 ml water sample, collected
from ~10 cm water depth, was equilibrated with 20 ml headspace of ambient air in a 60 ml
syringe at water temperature by shaking vigorously underwater for one minute. The
equilibrated 20 ml headspace was then injected into a 12 ml pre-evacuated gas-tight
borosilicate Exetainer® (Labco, Lampeter, UK). Air samples were also collected at ~1.5 m
height at each sampling point. These samples were analysed on a 7890B gas chromatograph
(Agilent Technologies) fitted with a flame ionization detector (FID) for CH, and attached
methaniser for CO,, and a micro electron capture detector (LECD) for N,O. These detectors
were set up in parallel allowing simultaneous analysis of all three GHGs. Peak detection and
integration was performed using the OpenLAB CDS ChemStation software (Agilent
Technologies). Dissolved concentrations of CO,, CH, and N,O in the water column were
calculated from the headspace and ambient concentrations using Henry’s Law (e.g. Hope et
al., 1995). For these calculations, air temperature and barometric pressure were required from
each sampling location and were obtained using a hand-held ‘Weather Meter’ (Kestrel 2500,

accuracy 3% of reading) at 1 m above the water surface.

5.2.3 Measurements of sediment GHG fluxes and chemical and physical properties

Fluxes of N,0, CH, and CO, were made weekly from the exposed reservoir sediments using the
static chamber method (Clayton et al., 1994; Cowan et al.,, 2016). Nine chambers were
positioned along a transect from the middle of the reservoir to the bank edge, covering areas
of different slope and sediment moisture (Figure 5.1). The chamber lid consisted of a
cylindrical polyvinyl chloride (PVC) plastic pipe of 48 cm inner diameter and 22 cm height with
closed cell neoprene sponge strip attached to the underside. Lids were fitted with a pressure
compensation plug to maintain ambient pressure in the chambers during and after sample
removal and a sample port consisting of a silicon tube (10 cm long, diameter 6 mm) attached
to a luer lock. For flux measurements, the lids were placed onto circular stainless steel collar
bases and fastened with 4 clips. The collars were inserted approximately 5 cm into the
sediment two days before the first sampling event and were left in situ for the remainder of
the study period. Wooden pallets were used to reach three chambers positioned into very soft

sediment, in order to avoid the inadvertent release of gases during flux measurements.

Manual chamber measurements were carried out between 10:30 and 15:00. Gas samples
were collected over a 45 minute period, att =0, 15, 30 and 45 minutes, using a 100 ml syringe,
and immediately flushed into 20 ml glass vials sealed with butyl rubber plugs using a double

needle system. Vials were analysed within approximately one month on a 7890B gas
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chromatograph (Agilent Technologies). Samples were analysed together with 4 to 5 sets of
certified standards with concentrations ranging from 200 to 4941 ppm for CO,, 1.26 to 101.1
ppm for CH, and 199.5 to 975 ppb for N,0).

Sediment CO, respiration rates (sum of soil and any vegetation present) were measured in situ
using a PP-Systems SRC closed dynamic respiration chamber (0.0012 m* volume, 0.008 m?
diameter), attached to an EGM-4 infrared gas analyser, for 120 seconds (IRGA, PP Systems;
Hitchin, Hertfordshire, UK). CO, respiration measurements are made in-situ, and this standard
technique is routinely done over a 2 minute period. A temperature probe attached to the
EGM-4 recorded sediment temperature at 10 cm depth simultaneously to respiration
measurements. Fluxes were calculated based on the linear increase of CO, concentrations and
sediment temperature field measurements were used. Three replicate volumetric sediment
moisture content (VMC) measurements were taken around each chamber using a Theta probe

HH 2 moisture meter (Delta T-Devices, Cambridge, UK).

Two sets of sediment samples (one set was refrigerated and the other frozen) were taken
within 50 cm of each chamber immediately after flux measurements using a sharp metal
cutting cylinder (7.4 cm diameter, 5 cm deep). It was not possible to take samples from
directly inside the chambers until the last week of the experiment, as this disturbance of the
sediment would interfere with subsequent flux measurements. The refrigerated samples were
used to determine bulk density (BD), total C (TC) and total nitrogen (TN), soil moisture content
(via oven drying at 105 °C) and water-filled pore space (WFPS%) (Rowell, 1994). A sub-sample
of the refrigerated samples were oven-dried at 105 °C for 48 hours, and the bulk density (g cm’
*) calculated based on the dry weight that now occupied the cutting ring volume. WFPS% was
calculated from the bulk density, the particle density (assumed as 2.65 g cm™) and the
volumetric soil moisture content (Rowell, 1994). The frozen samples were used to measure

soil pH, gravimetric soil moisture content (via oven drying at 105 °C), DOC, NHs", NO, and

NO3 concentrations.

To determine TC and TN, sediment samples were oven dried at 105 °C and ground with a
mixer mill MM200 (Retsch GmbH & Co. KG, Haan, Germany) where 10-15 mg of each sample
was transferred to capsules and stored until analysis on a FlashSmart N ORG Elemental
Analyzer (Thermo Fisher Scientific, UK). The second sample was analysed for NH4*, NO,™ and
NOs by mixing 15 g of sediment with 50 ml of a 1 mol L™ KCl solution in deionised water

(Rowell, 1994, p. 226) and placed on a Stuart Orbital Shaker SSL1 (Barloworld Scientific Ltd.,
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Stone, UK) set to 100 rpm for 60 minutes. The extracted solution was filtered with Whatman
42 filter papers and stored in 15 ml bottles at -18°C until analysis on a SEAL AQ2. Sediment pH
was determined on slurry of 10 g of soil mixed with 30 ml of deionised water and leaving to
settle for 1h before measuring with a MP220 pH meter (Mettler-Toledo Ltd. Leicester, UK).
Sediment DOC was extracted from a 1:5 (w/v) soil:deionised water mixture which was also left
to settle for ~1h followed by filtration using 0.45 um Whatman® syringe- filters before analysis

on the PPM LabTOC (Jones and Willett, 2006).

5.2.4 Instantaneous flux calculation
Fluxes from chambers were calculated using linear regression based on the concentration

change as a function of time for the four gas samples according to Eq. (1):

_de gy

F= dt, A’ (1)

where F is the gas flux from the sediment (pmol m™s™), STC is the concentration (C, pmol)
0

rate of change over time (t, in s) which is calculated by linear regression, p is the density of air
in mol m~, V is the volume of the chamber in cubic meters, and A4 is the ground area enclosed
by the chamber in square metres (Levy et al., 2012). In R, the package ‘RCFlux version 2’ was

used to calculate the fluxes (Levy et al., 2011) from the linear fit approach.

Evasion rates were calculated indirectly using wind speed to predict gas transfer velocity,
combined with the partial pressure difference across the air-water interface, using established
relationships between wind speed and gas transfer velocity (Wanninkhof, 1992; MaclIntyre et
al., 1995). Evasion gas fluxes (FCO,/FCH4/FN,O) were then calculated using Eq. (2), Fick’s first
law, as described in Borges et al. (2004), where k is the gas transfer velocity (cm h™), a is the
solubility coefficient and A p, is the difference in partial pressure between the surface water
and the atmosphere. The solubility coefficient a is temperature and salinity dependent. Values
of a for CO,, CH,; and N,0 were derived from Weiss (1974), Weisenburg and Guinasso (1979),
and Weiss and Price (1980), respectively. The transfer velocity k is a function of turbulence,
the kinematic viscosity of the water and the molecular diffusion coefficient of the gas. In Eq.
(3) (Cole and Caraco, 1998) wind speed (m s™) at 10 m above the water surface U;, is used to
describe turbulence, and the Schimdt number Sc is a function of the latter two terms. k(600)
refers to the transfer velocity normalised to Sc¢ = 600, the Schimdt number of CO, at 20°C in
freshwater. This is then adjusted using the Schmidt number for the particular gas in freshwater

at measured temperature (Maclntyre et al., 1995) using Eq. (4). The exponent in Eq. (4) varies
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from —§ to —% as wind speed increases and waves develop (Jdhne et al., 1987). Wind speed at

10 m (Uyy) is calculated using Eq. (5) (Erkkila et al., 2018).

Fyas = kaldpgqs (2)

k(600) = 2.07 + 0.215u,>7 (3)
.

k= k(600) () * (a)

Uy = 1.22U, (5)

5.2.5 Integration and upscaling of GHG fluxes

An aerial survey was conducted during time of maximum drawdown on 21 April 2016 using a
custom-built multi-rotor system by a co-author (Simon Gibson-Poole, University of Edinburgh)
which is described in full in Maire et al. (2018). The digital elevation model (DEM) produced
using photogrammetry and supplied by the co-author, allowed calculation of reservoir water
and sediment areas used in up-scaling the point-sampled fluxes. Flying was conducted at 70
and 120 m above ground, and further enhanced by using 13 ground control points positioned

across the reservoir sediment to geo-reference the elevation model.

The rate of flux from the reservoir as a whole at a point in time was estimated by multiplying
point flux measurements by the area over which these measurements are assumed to be
constant. For the sediment evasion, it was assumed that areas within a certain elevation range
would have the same net fluxes as the chamber(s) within that range when the sediment was
exposed. Figure 5.1 shows contours at the elevation halfway between adjacent chambers,
which form areas over which these point measurements are assumed to be constant, and with
which they were multiplied, with these products summed to produce a rate of evasion from
reservoir sediment. As the water level during drawdown varied with rainfall, the area
corresponding to submerged chambers was added to the minimum water extent (also Figure
5.1) to produce a water surface area, which was then multiplied by the mean of the aquatic
flux measurements. The estimates of total sediment and aquatic emission were then summed
to obtain an estimate of the total emissions from the reservoir as a whole. To assess the
contribution of drawdown on reservoir GHG emissions for the year, instantaneous measured
rates of evasion were integrated to give cumulative emissions by linear interpolation using the

trapezium rule.
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5.2.6 Statistical analysis

Box and whisker diagrams were produced to summarise both aquatic and sediment data. A
linear mixed effects model (Pinheiro et al., 2015) was built for each GHG to explain flux
variations due to the different processes driving their production. Variables to include in
respective models were identified, and an exploratory analysis carried out to identify
appropriate transformations, and to highlight obvious relationships or potential problems for
statistical analysis such as collinearity. For each GHG, a small number of independent models
were fitted, each using a subset of predictors and the maximal random effect structure

justified by the design.

Variables included as fixed effects in the aquatic models were pH, DOC, DIC, total inorganic
nitrogen (TIN, the total mass of N from NH,", NO,  and NO5), water temperature, DO (%), and
conductivity. The fixed effects in the sediment models began with pH, DOC, DIC, NO;, NH,",
and moisture availability (a combination of soil bulk density, water filled pore space, field soil
moisture, gravimetric soil moisture, and soil water content). pH was transformed to be
centred at neutral, GHGs and TIN were (real) cube root transformed, and DOC and DIC were
mean-centred, and normalised by their standard deviation. A model could not be fitted using
each of the individual measures of moisture availability, as the number of terms led to
convergence problems. For each of the fixed effects listed above, a random slope and
intercept (uncorrelated with each other) were fit for the random effects of sampling point

location and sampling date in both the aquatic and sediment models.

After a maximal model was fitted, an iterative procedure similar to that proposed by Bates et
al. (2015) was used to simplify it. Fixed and random effects were removed one-by-one, starting
with high-order interactions and later guided by visualisation of the model and dataset. At
each stage, an F-test based on the Kenward-Roger approximation was used to determine the
significance of the removed terms, and so whether they should remain in the model. All
statistical analysis was carried out in R (3.3.2, 2016 R Foundation for Statistical Modelling),
using Ime4 (Bates et al. 2015) to fit linear mixed effects models, pbkrtest to perform the
Kenward-Roger approximate F-test. The function “g.squaredGLMM” in the package MuMin
(Barton, 2018) was used to compute conditional (variance explained by both fixed and random
effects) and marginal (variance explained by fixed effects) coefficients of determination
('pseudo-Rz') for the final models (Johnson, 2014; Nakagawa et al., 2017; Nakagawa and
Schielzeth, 2013).

144



5.3 Results

5.3.1 Precipitation effects on reservoir water level and surface area

Monthly mean minimum and maximum temperatures were 6.3 °C (-8.4 to 19.7) and 11.2 °C (-
4.4 to 27.7), respectively. The minimum air temperature was reached on the 14™ February
2016 and maximum on the 19" July 2016. In this study, seasons are defined as autumn (Sep-
Nov), winter (Dec-Feb), spring (Mar-May) and summer (Jun-Aug). Precipitation (Figure 5.2)
was lowest in spring (198 mm) followed by summer (303 mm), but several rainfall events
through April to July caused the water level to rise during the scheduled drawdown, resulting
in the partial refilling of the reservoir and therefore limiting access to some of the flux
chambers. Similarly, during storm events, the reservoir began to refill. This natural water level
fluctuation enabled the role of sediment drying and rewetting on GHG emissions to be
investigated. For example, from the 18" to 23" May 2016, the catchment received 43 mm of
rain, causing the water level to rise by ~1.6 m and leaving only chambers 1 to 5 exposed,
before draining and re-exposing all chambers by the following sampling week when only 1 mm
of rain was recorded. During maximum drawdown when precipitation was low, the reservoir
water level decreased leaving ~24700 m” (86%) of exposed reservoir sediment and ~3990 m?

(14%) of water surface area as observed during the UAV survey (Figure 5.1).
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Figure 5.2 Daily precipitation during the sampling period.

5.3.2 The impact of drawdown on aquatic GHGs and water chemistry

Aquatic GHG concentrations and water chemistry data are summarised in Table 5.1. All three
greenhouse gases showed considerable temporal variability in aquatic C and N concentrations
throughout the reservoir (Figure 5.3). The excess partial pressure (epCO,; extent of
oversaturation) of CO, showed oversaturation in the inlet (mean = 1.7), reservoir (mean = 3.7)
and outlet (mean = 2.6) across the full sampling year. epCO, indicated saturation or under-
saturation on four sampling occasions at the inlet, two at the outlet, and once in the reservoir.
Over the sampling period, dissolved CO, concentrations on average showed an increase from
the inlet (499 pg C L™) to the reservoir (1050 pg C L), suggesting CO, was produced within the
reservoir. Concentrations of CO, varied considerably between inlet, reservoir and outlet
sampling locations (range 212 to 3710 pg C L™). A 29% decrease in overall mean CO,
concentrations was observed from the reservoir to the outlet, implying partial degassing.
During the period of drawdown, CO, concentrations increased by an average of 38% with a
maximum concentration of 3710 ug C L. Following drawdown and the refilling of the

reservoir, outlet CO, concentrations increased from July to September to values higher than
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concentrations observed during the pre-drawdown period (Figure 5.3). A significant
relationship (r = -0.14, p = 0.02) with CO, concentration was established only with pH,

explaining 66% of variance, with fixed effects explaining 11%.

The excess partial pressure of CH, showed consistent oversaturation in the inlet (mean = 53.3),
reservoir (mean = 128.2) and outlet (mean = 97.5) across the full sampling year (Table 5.1).
The inlet, reservoir and outlet all showed much higher oversaturation levels compared to CO,.
Over the full year, dissolved CH, concentrations on average showed an increase from the inlet
(2.7 pg C L) to the reservoir (24.8 pg C L), implying in-reservoir production. Methane
concentrations varied substantially between sites (Table 5.1) with a 71% reduction from the
reservoir sampling sites to the outlet, also implying that partial degassing occurred. During the
period of water level drawdown, the reservoir showed on average 371 times saturation,
compared to the inlet (epCH,4 59) and outlet (epCH,4 165). Figure 5.3 shows two distinct peaks
(18™ April and 14™ June) in CH, concentrations during drawdown. Concentrations at the
reservoir sampling site (R3) reached 394 pg CH,-C L™ during the latter, nearly 100 times higher
than the mean of 4.0 pg C L™ outside the drawdown period. These peaks coincided with
reservoir refilling associated with increased rainfall. While there is little change in mean inlet
CH, concentration during drawdown (2.3 pug C L™ vs. 3.0 pg C L™ outside drawdown), there is a
more pronounced effect at the outlet (12.4 pg C L vs. 3.7 ug C L outside drawdown).
Following drawdown and the refilling of the reservoir, outlet CH, concentrations also

increased from July to September.

Excess partial pressures of N,0, especially at the inlet and with the notable exception of the
reservoir during drawdown, were much closer to 1 i.e. saturation or equilibrium with respect
to the atmosphere (inlet = 1.0, reservoir = 2.2 over the year, but 1.1 outside of drawdown, and
outlet = 1.2). On eight of 33 sampling occasions, epN,O values were below 1 (i.e. the water
was under-saturated in N,O with respect to the atmosphere) at the inlet, and on four
occasions at the outlet. To a lesser extent than both CO, and CH,, mean N,O concentrations
for the full sampling period also saw an increase from inlet (0.5 ug N L™) to reservoir (1.3 ug N
L"), and a decrease from reservoir to outlet (0.5 pg N L™). Minimal temporal or spatial
variation, was seen in N,O concentrations in the inlet (range 0.3 to 0.6 pg N L) and outlet
(range 0.4 to 1.3 pug N L™), with the exception of two single-sample peaks during drawdown in
the reservoir (range 0.4 to 21.6 pg N L), around a month after peaks in CH, concentration.
The larger of these two N,O peaks was nearly 40 times larger than the mean reservoir non-

drawdown concentration (0.6 ug N LY).

147



Concentrations of DOC and DIC exhibited a contrasting pattern of increased concentrations
from inlet to reservoir, or decrease in concentrations from reservoir to outlet. Across the full
sampling year, mean DIC concentrations were highest in the inlet (16.4 mg L™), followed by
the outlet (15.7 mg L") and reservoir (14.6 mg L™). Mean DOC concentrations were highest in
the outlet (6.2 mg L"), with little difference in the reservoir (6.0 mg L™) and lowest in the inlet
(4.6 mg L™). DOC concentrations at the reservoir and outlet vary together, although the inlet
concentration is both consistently lower and more consistent over time following the
drawdown (July-November). DIC exhibited much higher temporal than spatial variability, with
concentrations ranging from 2.3 to 37.4 mg L™. A lower range in DOC concentrations was seen
across the sites (2.5 to 14.2 mg L™). Mean reservoir DIC concentrations were lowest in winter
(11.3 mg L") and highest in late summer and early autumn (18.1 and 15.5 mg L™, respectively).
Concentrations of DIC are elevated in both the reservoir and outflow compared to the inflow
post-drawdown and later in the year (Figure 5.3). Mean reservoir DOC concentrations were
lowest in spring and winter (4.3 and 4.8 mg L, respectively) and highest in summer and
autumn (8.0 and 7.7 mg L™, respectively). There was no clear difference in reservoir mean DIC
and DOC concentrations when comparing drawdown and non-drawdown periods (Table 5.1).
The only water quality variable showing a significant relationship (r = 0.58, p = 0.02) with CH,
concentration was DIC, this model also explaining 66% of variance, with fixed effects

explaining 21%.

Mean NH," concentrations across the year were highest in the outlet (139 pg N L), followed
by the inlet (122 ug N L™) and reservoir (112 ug N L™) (Table 5.1). There was a wide range in
concentrations (0 to 1300 pg N L™), with the highest in the outlet post-drawdown. The inlet
saw little variation in mean concentrations between the drawdown (122 pg N L) and non-
drawdown (123 pg N L) periods. The reservoir had higher mean NH," concentrations during
drawdown compared to non-drawdown (138 vs. 104 pg N L), whilst the opposite was
observed at the outlet (82.4 pg N L™ during drawdown and 177 pg N L™ for non-drawdown).
Concentrations of NO;™ followed a similar spatial pattern to the three dissolved gases, with an
increase in mean concentrations from inlet (189 pg N L™) to reservoir (272 pg N L), and a
decrease from reservoir to outlet (215 pg N L™). There was also a wide range (19 to 2140 pg N
L™) of concentrations across sampling locations, with maximum occurring in the reservoir
during drawdown. When comparing drawdown with non-drawdown sampling, mean NOj
inlet, reservoir and outlet concentrations were all higher post-drawdown but with least
variation seen in the reservoir (267 during drawdown vs. 274 ug N L™ after). Concentrations of

NO, showed the least spatial and temporal variation of N species. The outlet had the highest
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mean concentration across the full year (mean 3.9 pg N L), followed by the reservoir (mean
2.6, range 0 to 53 pg N L") and lowest concentrations were observed in the inlet (1.7 pg N L™).
During drawdown, concentrations were on average higher than the non-drawdown period
across all sites this period also showed greatest range in concentrations. The only variable to
correlate significantly (r = 0.57, p <0.01) with N,O concentration was TIN, the best fit model
explained 74% of variation, with fixed effects explaining 8%. For all other variables and

interactions no significant relationships were observed.
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Table 5.1 Water chemistry parameters and concentrations of different C and N species for

Waltersmuir inlet (a), reservoir (b) and outlet (c). Results show mean, standard error and

range, with a comparison provided for the full sampling period (Jan 2016-Jan2017) and

drawdown period (April-July 2016).

Waltersmuir Inlet (a)

Variable
measured

Full year

Drawdown

Non-drawdown

CHa (Mg CL™Y)

CO, (ugCL™)
N,O (ug N L)
epCH,
epCO,

epN,0

DIC (mg L)
DOC (mg LY

NH," (ug N L™)

NO; (ug N L™)
NO, (ugNL™)

Temperature (°C)

pH

Conductivity (uS

-1
cm )
DO (mgL™)

2.71+0.30 (0.32 - 9.66)
498.78+27.25 (211.91 -
764.51)

0.47+0.01 (0.32 - 0.62)
53.26+9.80 (6.80 - 338.08)
1.74+0.13 (-0.25 - 2.92)
0.95+0.06 (-0.05 - 1.30)
16.44+1.05 (2.63 - 33.04)

4.57+0.24 (2.45 - 7.09)
122.18+41.37 (0.00 -
1169.30)
188.50+33.33 (19.00 -
839.00)

1.70+0.33 (0.00 - 10.00)
9.70+0.72 (3.20 - 18.40)
6.8610.07 (6.08 - 7.57)

81.92+6.13 (39.80 - 159.00)
5.87+0.25 (3.57 - 9.35)

2.29+0.64 (0.91 - 9.66)
399.78+42.04 (231.22 -
681.74)

0.44+0.02 (0.34 - 0.53)
58.79+23.56 (18.98 - 338.08)
1.51+0.26 (-0.25 - 2.82)
0.96+0.10 (-0.05 - 1.30)
18.16+1.17 (13.19 - 26.03)

4.41+0.43 (2.84 - 7.09)
121.04487.74 (3.20 -
1169.30)

87.69+28.17 (19.00 - 410.00)

2.31+0.75 (0.00 - 10.00)
12.36+1.01 (6.30 - 18.40)
7.07+0.09 (6.54 - 7.45)

110.56+9.40 (50.20 - 159.00)
6.08+0.44 (4.04 - 9.35)

2.99+0.27 (0.32 - 5.24)
563.14+28.01 (211.91 -
764.51)

0.49+0.02 (0.32 - 0.62)
49.66+6.09 (6.80 - 94.24)
1.89+0.14 (-0.07 - 2.92)
0.94+0.08 (-0.03 - 1.28)
15.32+1.53 (2.63 - 33.04)

4.66+0.28 (2.45 - 6.39)
122.93439.94 (0.00 -
569.50)

254.03+46.78 (51.50 -
839.00)

1.30+0.23 (0.00 - 5.00)
7.97+0.78 (3.20 - 13.90)
6.73+0.10 (6.08 - 7.57)

63.30+4.66 (39.80 - 115.90)
5.73+0.29 (3.57 - 8.63)
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Waltersmuir Reservoir (b)

Variable
measured

Full year

Drawdown

Non-drawdown

CH, (ngCLY)

CO, (ug CL™)
N,O (ug N L)

epCH,
epCO,
epN,0

DIC (mg L)
DOC (mg L)

NH," (ug N L)

NO; (ug N L™)

NO, (ugN L")
Temperature (°C)

24.82+8.83 (0.41 - 393.70)
1048.65+66.02 (298.50 -
3708.72)

1.33+0.44 (0.38 - 21.55)
128.17+30.38 (8.49 -
1974.50)

3.68+0.26 (0.67 - 14.18)
2.24+0.61 (-0.09 - 29.83)
14.59+0.76 (2.48 - 37.37)
5.97+0.30 (2.64 - 14.24)
111.53+15.77 (1.20 -
740.10)

272.16%31.93 (25.50 -
2140.00)

2.59%0.72 (0.00 - 53.00)
8.83+0.50 (1.10 - 17.80)

94.73+33.93 (0.51 - 393.70)
1331.80+201.26 (479.53 -
3708.72)

3.96+1.83 (0.39 - 21.55)
370.56+115.97 (30.53 -
1974.50)

5.10£0.76 (1.68 - 14.18)
6.01+2.48 (0.56 - 29.83)
16.56+1.31 (10.52 - 29.79)
5.32+0.67 (2.64 - 14.24)
138.32+39.00 (10.30 -
572.50)

267.24+120.65 (25.50 -
2140.00)

4.88+3.03 (1.00 - 53.00)
12.18+0.89 (6.60 - 17.80)

3.97+0.28 (0.41 - 9.78)

964.20+58.05 (298.50 -
2161.58)

0.55+0.01 (0.38 - 0.69)

55.88+3.03 (8.49 - 124.85)
3.26+0.24 (0.67 - 7.81)
1.12+0.04 (-0.09 - 1.55)
14.00£0.89 (2.48 - 37.37)

6.16+0.33 (2.86 - 12.08)
103.54£16.92 (1.20 -
740.10)

273.62+22.03 (49.00 -
819.00)

1.91+0.24 (0.00 - 10.00)
7.82+0.52 (1.10 - 14.90)

pH 6.68+0.05 (5.72 - 7.58) 6.70+0.09 (5.72 - 7.38) 6.67+0.05 (6.03 - 7.58)
Conductivity (uS 115.41+10.06 (39.90 -
cm™) 72.61+4.17 (32.00 - 191.00) | 191.00) 59.85+2.85 (32.00 - 116.20)
DO (mg L") 5.03+0.13 (2.70 - 7.26) 4.98+0.31 (2.70 - 6.89) 5.05+0.14 (2.91 - 7.26)
Waltersmuir Outlet (c)
Variable
measured Full year Drawdown Non-drawdown

CH, (pgCL™)

CO, (ug CL™)
N,O (ug N L)

epCH,
epCO,
epN,0

DIC (mg L)
DOC (mg LY

NH," (ug N L™)

NOs (ugNL”)
NO, (ugN L")
Temperature (°C)
pH

Conductivity (uS
cm™)

DO (mg LY

7.23+1.88 (0.48 - 47.90)
746.60+71.15 (232.37 -
1895.05)

0.54+0.03 (0.36 - 1.26)

97.50+21.22 (9.65 - 496.19)
2.64+0.27 (0.50 - 6.83)
1.15+0.08 (-0.04 - 2.74)
15.72+1.10 (2.34 - 32.58)

6.24+0.50 (2.84 - 14.18)
138.49+41.89 (0.80 -
1305.20)

215.30+26.65 (59.50 -
640.00)

3.91+1.21 (1.00 - 38.00)
9.84+0.74 (2.80 - 18.80)
7.02+0.07 (6.08 - 7.67)

78.7246.54 (36.40 - 163.00)
5.31+0.29 (1.61 - 10.70)

12.43+3.88 (0.61 - 47.90)
495.15+20.14 (395.75 -
621.02)

0.55+0.06 (0.36 - 1.26)
164.84+39.01 (13.54 -
496.19)

2.06:0.10 (1.54 - 2.87)
1.29+0.17 (-0.04 - 2.74)
17.37+1.49 (4.64 - 25.57)
5.36+0.86 (2.84 - 14.18)

82.39+22.45 (0.80 - 296.40)
164.38+41.92 (59.50 -
587.00)

5.62+2.89 (1.00 - 38.00)
12.65+0.96 (7.20 - 18.80)
7.22+0.10 (6.45 - 7.67)

111.15+9.97 (36.40 - 163.00)
5.960.46 (4.06 - 10.70)

3.67+1.29 (0.48 - 19.93)
918.65+102.23 (232.37 -
1895.05)

0.53+0.01 (0.45 - 0.69)

51.43+17.93 (9.65 - 254.01)
3.04+0.44 (0.50 - 6.83)
1.05+0.08 (-0.03 - 1.31)
14.59+1.52 (2.34 - 32.58)

6.85+0.59 (3.14 - 12.73)
176.88+68.25 (5.55 -
1305.20)

250.13+33.05 (63.00 -
640.00)

2.74+0.48 (1.00 - 8.00)
7.92+0.82 (2.80 - 13.00)
6.88+0.09 (6.08 - 7.66)

56.52+3.35 (37.70 - 91.20)
4.8740.34 (1.61 - 7.19)
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Figure 5.3 Temporal variability of GHG, DOC and DIC concentrations within the Waltersmuir

inlet, reservoir and outlet. The shaded area represents the 11 week drawdown period from
April-July 2016.
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5.3.2.1 GHG evasion from Waltersmuir reservoir water surface

Estimated evasion rates from the water surface are shown in Table 5.1, along with the CO,
equivalents in terms of 100-year global warming potentials per the IPCC AR5 report (IPCC,
2014). Evasion rates for all three gases increased during the period of drawdown (Figure 5.4),
with an almost fourfold increase in CH, evasion compared to the full sampling year mean.
Although C loss via CO, is more than an order of magnitude greater than via CH,, their CO,
equivalent values are much more comparable; on the basis the warming impact of open water
CO, emission exceeds that of CH, by a factor of 2.3 over the year, but their contributions are
approximately equal (and both considerably higher) during the drawdown period. Despite the
low level of supersaturation observed for N,O, its high CO, equivalent value led to it
contributing around 10% of total GHG emissions from the water surface on an annual basis,

and 16% during the drawdown period.

Table 5.2 Mean, standard error, minimum and maximum values of estimated open water CH,,
CO,, and N,0 evasion flux at Waltersmuir and global warming potentials, estimated using the

IPCC ARS reported approach (IPCC, 2014).

Global warming potential
Water surface evasion GHG (ug m?s™) 2 4
(CO, equivalents pg m™s™)

CH, | Full sampling year | 0.16 £ 0.06 (0.002-2.64) | 5.48 £ 1.95 (0.08-89.64)
During drawdown | 0.63 £0.22 (0.004-2.64) | 21.38 + 7.41 (0.14-89.64)

CO, | Full samplingyear | 12.86+1.28 (0.67-63.89) | 12.86 + 1.28 (0.67-63.89)
During drawdown | 20.43 +3.81 (3.41-63.89) | 20.43 + 3.81 (3.41-63.89)

N,O | Full sampling year 0.007 + 0.003 (0.000-0.16) | 1.98 +1.00 (-0.09-49.02)
During drawdown 0.03 +0.01 (0.00-0.16) 8.02 £ 4.13 (0.06-49.02)
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Figure 5.4 Reservoir evasion at Waltersmuir with spikes occurring during the drawdown period

(shaded area).

5.3.3 Drawdown area GHG fluxes and sediment properties

There was a visible difference in the appearance of the sediments from the shoreline to the
central (middle) area of the reservoir. Terrestrial leaf litter was present in chambers 1 and 2.
Chambers 3-6 located on the sloping section were heavily-desiccated from sediment drying
out (Figure 5.1), and chambers 7-9 had higher moisture levels (Table 5.3). Chamber 1 also had
high moisture levels but also had layers of leaf litter, likely preventing drying out. These spatial
observations between chambers reflect a similar trend in the water-filled pore space (Table
5.3), and to some extent also the change in pH from shoreline to central. Sediments from

chambers 7-9 were generally more alkaline (pH 6.2 to 6.8) than chambers 1-6.

CO, flux rates broadly followed the soil moisture trend and were largest in the littoral zone

sediments (chambers 1 to 3, 12.3 + 1.78 to 10 + 2.74 g m™ d), decreasing down the slope
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(chambers 4 and 5) and towards the centre of the reservoir basin (chambers 6 to 9) (Figure
5.5). Across all chambers, mean CO, flux was 6.54 + 0.66 g m™ d"* ranging from -0.96 to 31.7 g

m?2d™

In contrast, CH, fluxes were largest in the wettest and central area of the reservoir (chambers
6109, 21.9 + 19.9 to 291.6 + 87.7 mg m™> d), but close to no net flux in the drier chambers
(chamber 1to0 5, 5.4 + 5.5 to -0.6 + 0.5 mg m™ d’, respectively) (Figure 5.5). The central area
experienced cycles of drying and rewetting due to the fluctuating reservoir water level
compared to the sediments (chambers 1 to 5) closer to the shore which were able to dry out
and desiccate over the 11-week drawdown period. Variation in N,O fluxes across the transect
were considerably smaller than for CO, and CH,, with a mean flux of 15.5 + 4.5 mg’2 m?d?
(range -1.56 to 2504 mg m™ d*). Largest mean N,O fluxes were measured from chamber 5, 8

and 9.

Ammonium and NO;™ concentrations were larger, but more variable in the sediment compared
to the water (Table 5.1, Table 5.3). Sediment NO; concentrations decreased from the shore
edge (chambers 1 and 2) to the slopes (chambers 3-7) and further to the middle of the
reservoir, with mean concentrations at chambers 8 and 9 around 20 times lower than on the
slopes (Table 5.3). This trend was much weaker for NH,". As for NO;, the sediment TC content
decreased from the reservoir edge to the middle of the reservoir, with a marked fall-off from
chamber 1 to chamber 2 followed by a steady decrease by chamber 9 (Table 5.3). Although
DOC was also highest at chamber 1, it varied non-linearly along the transect, with a decrease
through the chambers on the slope followed by an increase of similar scale towards the

middle of the reservoir.

Although spatial trends of GHG fluxes from the exposed sediment were observed (Figure 5.5),
mixed effects modelling found these were not explained well by the observed sediment
variables measured. The only significant relationship (r = -0.31, p < 0.01) found was between
CO; flux and pH, where the model explained 45% of the variance, with fixed effects explaining

35%.

Water level fluctuations over the drawdown period exposed between 13% and 86% of
sediments from the total reservoir area. The results show the point measurements are most
strongly influenced by their position along the transect into the reservoir, suggesting that
areas within a certain elevation range can have similar net fluxes. The spatial differences in
fluxes could also be explained by variation in sediment erosion, transport and deposition

zones across Waltersmuir. Despite Waltersmuir being a small reservoir, differences in
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sediment deposition can also influence biological and geochemical cycles, especially in terms

of organic matter and nutrient dispersion.

Figure 5.7 shows both pooled cumulative fluxes from the reservoir sediment and evasion rates
from the water body. The drawdown period contributed 53% (11200 kg) of CO,, 77% (69 kg) of
CH,4, and 98% (27 kg) of N,O emissions to the respective annual total emissions. Expressed in
CO, equivalents, the drawdown period contributed 66% (21600 kg CO,eq) of CO,eqg-weighted

emissions for the year.
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Table 5.3 Summary of sediment properties at 5-10 cm depth taken during flux measurements from April — July 2016. The mean values and range (in

brackets) of measurements from each variable are included in the table. *For Total C and N, n = 3 from each chamber.

+

ID NH, NO; DOC DIC Soil Moisture Bulk density Total Total carbon
pH WFPS (%) 5
(n=) (mg N/L) (mg N/L) (mg/L) (mg/L) (%) (gem™) nitrogen (%)* (%)*
1 1.91(0.67 - 3.03(0.28 - 9.51 (1.65 - 6.57 (0.23 - 5.63(5.29 - 59.36 (19.72 - 58.35 (45.55 - 0.29 (0.24 - 0.53 (0.48 - 12.42 (11.39 -
(11) 4.50) 7.44) 17.74) 15.99) 6.34) 116.52) 93.82) 0.32) 0.61) 14.28)
2 1.31(0.47 - 4.00(1.40 - 4.59 (2.49 - 8.51(0.17 - 5.79 (5.62 - 30.49 (17.23 - 51.68 (34.98 - 0.54 (0.47 - 0.15(0.12 -
5.02 (4.87 - 5.14)
(10) 2.58) 7.69) 9.44) 47.86) 6.10) 60.32) 67.09) 0.61) 0.17)
3 1.01 (0.08 - 1.83(0.35 - 4.35(2.82 - 5.46 (0.30 - 5.76 (5.51 - 25.17 (17.70 - 60.99 (48.06 - 0.64 (0.51 -
0.06 (0-0.11) | 4.48 (4.45 - 4.49)
(10) 1.75) 5.03) 6.32) 16.57) 5.87) 66.24) 78.11) 0.71)
4 1.08 (0.29 - 1.59(0.52 - 5.23(0.29 - 4.75 (0.08 - 6.00 (5.69 - 31.20 (6.06 - 54.91 (42.88 - 0.65 (0.53 -
0.07 (0-0.12) | 4.36 (4.15-4.57)
(10) 1.93) 4.88) 14.81) 12.21) 7.23) 91.51) 62.38) 0.72)
5 1.24(0.10 - 1.57 (0.26 - 4.85(2.29 - 4.49 (0.15 - 5.92 (5.65 - 24.13 (9.70 - 56.70 (40.79 - 0.64 (0.59 -
0.03(0-0.09) | 4.06 (3.58-4.37)
(9) 2.75) 3.49) 10.17) 14.80) 6.21) 49.65) 68.07) 0.71)
6 1.31(0.20 - 1.42 (0.54 - 4.92(2.47 - 5.94 (0.20 - 5.87 (5.62 - 29.29 (14.81 - 54.78 (37.56 - 0.59 (0.42 -
0 3.65(3.18-3.92)
(6) 2.80) 2.06) 6.73) 15.69) 6.00) 51.18) 67.65) 0.67)
7 1.57(0.06 - 1.02 (0.21 - 6.47 (2.41 - 12.19 (0.27 - 6.39 (6.19 - 35.69 (23.73 - 72.66 (59.16 - 0.66 (0.522 -
0.06 (0-0.09) | 3.98(3.71-4.33)
(6) 4.31) 3.23) 13.18) 46.84) 6.64) 61.15) 80.55) 0.77)
8 1.29(0.26 - 0.25 (0.06 - 6.68 (3.22 - 5.55(1.39 - 6.56 (6.45 - 56.59 (43.45 - 86.25 (75.99 - 0.56 (0.50 -
0.04 (0-0.11) | 3.88(3.74-3.97)
(6) 3.29) 0.52) 13.38) 12.88) 6.68) 100.77) 95.17) 0.65)
9 0.91 (0.05 - 0.11(0.01 - 7.96 (4.68 - 8.90(1.31- 6.43 (6.21 - 59.10(39.26 - 89.21 (72.64 - 0.51(0.45 -
0.06 (0-0.11) | 3.68(3.41-3.99)
(5) 1.33) 0.18) 15.00) 14.82) 6.76) 100.75) 110.79) 0.60)
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Figure 5.5 Sediment fluxes along the chamber transect (1-9 represent Chamber ID) from the

drier reservoir edge (chamber 1) to the wetter centre (chamber 9) during the period of

drawdown.
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Figure 5.6 Boxplots summarising the main sediment properties measured at 5-10 cm depth
simultaneously to sediment flux measurements from April to July 2016 during the period of
water level drawdown at chambers 1 (reservoir littoral edge) to 9 (centre of reservoir). Further

information on the sediment properties are presented in Table 5.3.
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Figure 5.7 Cumulative evasion from upscaled sediment and aquatic evasion from UAV derived

DEM (shown in Figure 5.1).

5.4 Discussion

5.4.1 GHG concentrations and evasion rates in the aquatic system

This research presents the first estimate of GHG concentrations and evasion fluxes from a UK
reservoir, taking into consideration inputs, outputs and drawdown zone sediments.
Waltersmuir reservoir was oversaturated in CO,, CH,; and N,O throughout this 13 month study
(Table 5.1), with concentrations greatest during the drawdown period. The oversaturation
indicates that continuous release of all three GHGs to the atmosphere is possible, from a
smaller water surface area during warmer spring and summer months. Our results show large

increases in estimated GHG reservoir surface concentrations during the drawdown period.
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5.4.1.1 Carbon dioxide

The origin of CO, in the inlet stream has been observed elsewhere as a result of high CO,
concentrations in soil water, which is released as excess gas when reaching surface waters
(Hope et al., 1997; Prairie et al., 2017). This pathway is more important in low order streams
such as Waltersmuir’s inlet, but is unlikely to influence the reservoir CO, balance as the stream
is small, and that the mass influx is too small to be equal to the reservoir DIC (Butman and
Raymond, 2011; Prairie et al., 2017). Furthermore, the higher CO, concentrations in the
reservoir compared to the inlet indicate that this could not have been the primary source of
CO, emissions from the reservoir. The reduction in CO, concentration from the reservoir to the

outlet can be caused by degassing as water leaves the reservoir (Deshmukh et al., 2016).

The higher concentrations seen in Waltersmuir reservoir compared to the inlet (Table 5.1) is
likely explained by in-situ degradation of allochthonous DOC and POC in the bottom sediments
or water column by photochemical and/or microbial processes (Pace and Prairie, 2005). In
addition, the longer water residence time in the reservoir is also a key factor in the conversion
of DOC into CO, (Prairie et al., 2017; Sobek et al., 2007; Vachon et al.,, 2017), along with
increased evaporation can also lead to increased CO,. A reduction in DOC, however, was not
observed from inlet to reservoir, which would have corroborated this hypothesis. In fact, DOC
concentrations were actually higher in the reservoir and outlet than in the inlet stream,
particularly in the post-drawdown period, which is consistent with the general tendency for
net DOC production in nutrient-enriched water bodies, resulting from autochthonous primary
production (Evans et al., 2017). Primary production would be expected to consume CO, from
the water column, and could help to explain the lower level of CO, supersaturation during the
post-drawdown period. A further contributor to both CO, emissions and DOC production at
this time could be the addition of daily fish feeding in late August, adding both nutrients (P and

N) and carbon to the system.

In the absence of higher CO, in the inflow compared to the reservoir, or reduced DOC in the
reservoir, it appears that another mechanism is required to explain the high rates of CO,
evasion during the drawdown period. One potential mechanism is that CO, is also produced by
oxidation of CH, by methanotrophs (Guérin and Abril, 2007). This could be an explanation for
the co-occurrence of peaks in CH; and CO, concentrations during drawdown at Waltersmuir.
Evasion is also controlled by the concentration gradient and gas transfer velocity, with the
inlet and outlet impacted by turbulence, with wind being more important in the reservoir. The
gas transfer rate is likely the dominant control in the moving water, whereas the

concentration gradient is more important in the reservoir. The observed CO, and CH, peaks

162



could also be explained by the gases being forced out the sediment by hydrostatic pressure

(DelSontro et al., 2011).

In the last two weeks of drawdown, vegetation began to emerge in the desiccated sediment of
the littoral zone, with the potential to retain C and nutrients in the system (Reverey et al.,
2016). Following the refilling of the reservoir, an increase in CO, concentrations was detected
in the reservoir and outlet (but not the inlet), which could be linked to plant dieback and
decomposition upon submersion, or increased moisture triggering a microbial response with

now more nutrients available.

In a synthesis paper by Aufdenkampe et al. (2011) median areal CO, outgassing in temperate
zone (25-50°) lakes and reservoirs is estimated at 80 g C m™ yr™, with boreal and arctic (50-
90°) lakes and reservoirs estimated at 130 g C m™ yr''. Median CO, evasion at Waltersmuir
(56°N) is lower than these estimates at 65 g C m™ yr'. Waltersmuir's observed CO,
concentrations are similar to those from Nam Theun 2 Reservoir, Laos, where concentrations
ranged from 1 to 3500 pg C L7, with 85% of all measurements showing supersaturation
(Deshmukh et al., 2018). This might be unexpected, as Waltersmuir is much older (more than
half a century vs. a decade) and located in a northern temperate climate rather than the
warmer monsoon subtropical climate, both factors linked to lower reservoir C emissions that
would be expected at Waltersmuir compared to the Laos reseroivr (Barros et al., 2011). There
are also a lack of temperate reservoir drawdown studies to make comparisons in more similar

climate systems.

Mixed effects modelling found a significant relationship of increased CO, with decreased pH.
Many previous studies have also reported the same relationship (Crawford et al.,, 2013;
Waldron et al., 2009; Wallin et al., 2013) and, in fact, pH is widely used to estimate pCO, when
direct measurements are unavailable. Over the pH range observed at Waltersmuir (Table 5.1)
most carbon is stored as dissolved CO, (Hofmann and Schellnhuber, 2010) and so is readily

available for degassing.

5.4.1.2 Methane
Maxima in CH, concentrations (Figure 5.3) were coincident with rainfall events (Figure 5.2),

which largely refilled the reservoir from near-minimum water levels during drawdown. This is
in contrast to the storm event of late September 2016, which had no effect on water level and
also no visible effect on GHGs. Variation in hydrostatic pressure with water level plays an
important role in regulating CH, emissions (Harrison et al., 2017; Beaulieu et al,, 2017). A

potential explanation of these peaks is that increasing hydrostatic pressure with water level at
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Waltersmuir allowed CH,; to accumulate in sediment, and this was subsequently released to
the water column once the water levels dropped (the reservoir still being in drawdown) and
the system equilibrated to the restored lower hydrostatic pressure (Beaulieu et al., 2017). This
process has been shown to induce ebullition in both reservoirs and tidal estuarine
environments (Beaulieu et al., 2017; Deshmukh et al., 2014; Eugster et al., 2011; Harrison et

al., 2017).

Whilst ebullition is not accounted for in this study, it was estimated that the drawdown period
disproportionately contributes to annual fluxes. It is likely that the relative importance of this
period would be even more significant with ebullition included and therefore further study is
needed to accurately quantify this important pathway. For example, Beaulieu et al. (2017)
found ebullition measured to contribute 94% of CH, emissions, including 3% from a 24-hour
experimental drawdown, from a eutrophic reservoir in the USA. They also found surface
reservoir dissolved CH, ranged from 0.4 to 843 pg C L™ with an overall mean of 18 ug C L™.
Waltersmuir’s highest concentration was 47% of their maximum, but Waltersmuir’s mean
concentration was 37% higher than their reservoir mean surface CH, concentration. A broader
study of USA reservoirs by Harrison et al. (2017) found ebullition during drawdown alone to

contribute to more than 90% of annual CH, emissions.

Mixed effects modelling found a significant relationship of increased CH, concentration with
DIC. Key sources of DIC (dissolved CO, H,CO; HCO;, and C032') in freshwater are bedrock and
mineral dissolution, biogenic CO, and atmospheric CO, (Butman and Raymond, 2011; Wallin et
al., 2011). Catchment bedrock at Waltersmuir is dominated by basalt (54%), sandstone (28%)
and conglomerate (15%) so bedrock and mineral dissolution is likely not an important factor.
(Xiong et al., 2007) also found a positive correlation with CH, fluxes and DIC in the water
column of a fish farm in China, hypothesising a link with the need for a supply of carbon in
order for microbial production of CH4, and an increase in DIC, POC, and DOC with the decay of
organic matter in the sediment. Dinsmore et al. (2013) proposed that observed patterns in
stream water DIC and CH, could be a product of temperature dependent water solubility, but
we did not find a significant relationship between water temperature and DIC or CH,
concentrations at Waltersmuir. Anaerobic microbial communities in cold, anoxic, and
saturated soils degrade organic C, producing both CO, and CH, through fermentation,
anaerobic respiration and methanogenesis (Lee et al., 2012). The correlation between DIC and
CH,; could therefore, be an effect of anaerobic CO, production simultaneously to the
production of CH,. Houser et al. (2003) suggested the amount of DIC at depth, in excess of the

surface concentration, is a measure of the significance of anaerobic microbial CH, production.
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They found, past a minimum threshold concentration of excess DIC, CH, increased in direct
proportion to excess DIC. This Waltersmuir study did not collect measurements of DIC at
depth, which would allow evaluation of the relevance of this result. Methane evasion from
Waltersmuir reservoir water surface averaged 0.1620.06 ug m™ s over the sampling period,
with a higher rate over drawdown of 0.63+0.01 ug m™ s™. Kling et al. (1991) measured CH,
evasion from several arctic Alaskan lakes of 0.08 pg m™ s, half Waltersmuir’s annual figure.
Surface evasion from Lake Hallwil (Switzerland) measured between June 2015 and August
2016 averaged 9.6 mg m™ d™* which is comparable to Waltersmuir annual mean of 10.4 mg m™

d* (Donis et al., 2017).

5.4.1.3 Nitrous oxide
Although many studies of N,O emissions have focused on lotic systems (Beaulieu et al., 2008;

Venkiteswaran et al., 2014), relatively few have examined lakes or reservoirs (e.g. Guérin et
al., 2008; Huttunen et al., 2002; Beaulieu et al., 2015). Longer residence times in lentic systems
allow more extensive N processing (Beaulieu et al., 2015), suggesting they may be important
N,O sources. Further, reservoirs may support even higher N,O emissions due to higher N

loading and processing rates (Harrison et al., 2009).

Waltersmuir exhibited oversaturation in N,O throughout the study period, consistent with
reports from a variety of lakes and reservoirs (Guérin et al., 2008; Liu et al., 2011), reinforcing
the suggestion that many lentic systems are a source of N,O to the atmosphere. Beaulieu et al.
(2015) found 80% of 20 reservoirs surveyed in the USA to be oversaturated with N,O, with

only one being undersaturated.

Mixed effects modelling found a significant relationship of increased N,O with TIN. Positive
correlations between N,O and NO, and NO; have been reported for a variety of freshwater
ecosystems including small streams (Baulch et al., 2011; Beaulieu et al., 2008) and reservoirs
(Liu et al., 2011). A potential explanation for this correlation could be the production of N,O as
a by-product of nitrification (Thuss et al., 2014). Although NO, concentrations at Waltersmuir
were low, and in-situ nitrification is the most important source of NO, in the epilimnion of
lakes and reservoirs (Beaulieu et al., 2015), the magnitude of nitrification-driven N,O also
depends on NH," concentration (Hu et al., 2013). NH," was more available than NO,, with
maximum concentrations occurring during drawdown (Table 5.1). A study by Hu et al. (2013)
observed a rapid increase in N,O concentration with increased fish feed load; but this was not

seen at Waltersmuir.
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5.4.2 GHG fluxes from exposed sediments
Waltersmuir’s sediment flux was not explained well by the measured environmental variables,
suggesting flux rates are determined either by a large number of weak mixed model effects, or

by variables which were not measured.

5.4.2.1 Sediment CO; flux

High CO, emissions (on the order of g CO, m? d™) have been reported from dry sediments in
rivers, reservoirs and ponds (Gémez-Gener et al., 2016, 2015; Hyojin et al., 2016; Obrador et
al., 2018). CO, flux at Waltersmuir varied by a factor of almost 6 between the location, from
12.3g m™ d* at chamber one to 2.1 g m? d™ at chamber nine (and a mean of 6.5 g m?> d™).
Hyojin et al. (2016) conducted chamber CO, flux measurements along a transect in the
drawdown area of Soyang reservoir, South Korea. They also found large spatial variation (by
more than a factor of 20), but found the reverse pattern of higher fluxes closer to the water:
around 100 g m™ d* for the chamber closest to the water edge, and 44 g m™ d* for the
chamber that was flooded less. Observations from the drawdown area of the Three Gorges
Reservoir, China were closer to those at Waltersmuir, averaging 11.0 g m?2d*(Liet al., 2016).
A later study found the drawdown area sediment emitted CO, at up to 6 times the rate of

diffusion from reservoir surface water (Deshmukh et al., 2018).

Waltersmuir’s highest sediment CO, fluxes were in the upper littoral zone area, decreasing
towards the centre of the reservoir (Figure 5.5). Fluxes also changed from initial exposure to
rewetting temporally. During longer desiccation periods, microbial activity is likely to be
reduced (Schimel, 2007) and a decreasing pH might further reduce activity (Xiang et al., 2013).
This is consistent with Fromin et al. (2010), who found that sites which were drier for longer
(as with those situated at the reservoir edge) showed the highest CO, flux. However, Weise et
al. (2016) found in an experimental study that the highest fluxes were from sediments

exposed to cycles of drying and rewetting.

During the last two weeks of drawdown, the emergence of Persicaria hydropiper and Littorella
uniflora could also have contributed to the higher fluxes observed in the littoral zone
chambers, as root respiration can account for 55% of surface CO, (Andrews et al., 1999). Gas
diffusion may also be increased by changes in sediment texture and porosity (Cable et al.,
2008). Obrador et al. (2018) found similar patterns in a study of temporary Mediterranean
ponds where exposed, vegetated sediments had higher CO, fluxes than the exposed, bare
sediments during the autumn-spring period where water was present. Although these

temporary ponds were overall CO, sources (mean 4.74 g m? d?), they also found negative
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fluxes in four ponds during the ‘wet’ spring. Other recent studies on temporary aquatic
systems have found them to be active sites of CO, emissions during their dry phases (Gomez-

Gener et al., 2016; Schiller et al., 2014).

During drawdown, the Waltersmuir sediments were exposed to cycles of drying and rewetting.
When dry, these sediments were more exposed to UV radiation, which can kill large
proportions of microbial biomass (Hunting et al., 2013). UV can also cause photo-degradation
and -dissolution, which can change the chemical composition of organic matter by degrading

recalcitrant fractions and producing CO, (Mayer et al., 2011).

Waltersmuir’s sediments exhibited desiccation during drawdown (Figure 5.1), and these cracks
can enhance O, penetration, altering biogeochemical processes and nutrient fluxes (Caraco et
al., 1989). Also, release of labile organic material may be enhanced under drier conditions due
to higher oxygen availability (Fierer et al., 2003). With desiccation comes reduced CO,
outgassing, ammonification, and nitrification, leading to an increase in labile organic C and N
in the sediment, while anaerobic processes such as methanogenesis and denitrification are

inhibited (Arce et al., 2015, 2014; Reverey et al., 2016).

5.4.2.2 Sediment CH4 flux
Large variations in CH,; flux measurements have been reported from the few available

reservoir sediment drawdown studies. The higher fluxes reported by Chen et al. (2009) were
from a newly created drawdown area. The CH, sink of -33.2mgm?d™ in the drawdown
sediment reported by Li et al. (2016) was explained by increased air temperature and solar
radiation promoting soil and root respiration. A later study by (Yang et al., 2014) found a
similar spatial pattern to Waltersmuir, with CH, flux increasing by three orders of magnitude
along a transect from dry land to open water (mean of 0.024 mg m? d™* to 74.4 mg m?2 d%).
Although comparable to Waltersmuir at the low end, Waltersmuir’s chamber 8 exceeded this
higher figure by a third, and chamber 9 by almost a factor of 3. Yang et al. (2014) explain this
pattern by fluctuating water levels affecting sediment properties such as C, N, bulk density and
redox. The littoral zone CH, flux of the Miyun Reservoir, China was 6.5 times higher than open
water flux (31.2 mg m? d™ and 4.8 mg m™ d™, respectively) (Yang et al., 2012) and similar to
Waltersmuir’s mean CH, flux across chambers. A study of summer drought in a Mediterranean
fluvial network found low (mean 3.2 mg m™ d™*) CH, fluxes in dry river and impoundment bed
sediments, comparable to Waltersmuir’s upslope chambers 1-5. Likewise, sediment CH, flux in
an Amazon lake decreased from mean 14.2 mg m™ d™* to zero when exposed to air

(Koschorreck, 2000).
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Greater CH, flux is seen at chambers 8 and 9 (Figure 5.5) which experienced more frequent
inundation and less desiccation, creating more favourable anaerobic conditions for CH,
production. Net methane production has been found to begin at soil moistures above 60%
WEFPS in a study on tropical and temperate soils (von Fisher and Hedin, 2007). Both chambers
8 and 9 at Waltersmuir averaged at least 86% WFPS, with chambers 1-6 each averaging below
the 60% threshold. Water level fluctuations have also been found to reduce microbial
populations and consequently reduce CH, production, even after water levels and anoxic
conditions recover, as there is a delay in returning to favourable redox conditions (Freeman et

al., 1994).

Hotspots of CH, emissions have been found in areas of increased sedimentation, caused by
promotion of organic matter delivery to anoxic sediments (Beaulieu et al., 2016; DelSontro et
al.,, 2011). Chambers 7-9 were located at the bottom of the reservoir and had higher DOC
concentrations than the slope chambers, potentially from increased sediment erosion and

organic matter delivery to the bottom of the basin.

CH, production can also be inhibited by acidic sediment, particularly below a pH of 5.5
(Achtnich et al., 1995). At Waltersmuir, chambers 1-6 each had mean pH below 6, with
chambers 7-9 averaging between 6.4 and 6.6. As highlighted in section 5.3.3, chambers 8 and
9 had very low NO; concentrations compared to chambers 1-7, around 20 times less. Peters
and Conrad (1996) found methanogenic microbial community growth occurs when alternative
electron acceptors such as NO3 are depleted. Following the drop in hydrostatic pressure, CH,4
in the sediments could have been rapidly released through ebullition (Beaulieu et al., 2017;
Deshmukh et al., 2014) but not captured at this study’s measurement frequency. For example,
in an Amazon floodplain lake, CH, emissions were only observed during the first few days after
drying and became negligible in the dry sediments for the rest of the study period

(Koschorreck, 2000).

Another explanation for lack of driving variables in the sediment mixed effects model is that a
large proportion (89%) of measured CH, fluxes were statistically indistinguishable from zero at
the 95% confidence level. In these desiccated sediments, the increased O, penetration
discussed above can also inhibit methanogenesis (Megonigal et al., 2004), although some
studies did find low rates of CH, production in dry, oxic soils (von Fischer and Hedin, 2007).
Methanogens have also been found to be more sensitive to desiccation than O, exposure in an

experiment on dry paddy soil (Fetzer et al., 1993).
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5.4.2.3 Sediment N;O flux
When comparing Waltersmuir’s sediment fluxes to other studies e.g. Li et al. (2016) also

studied sediment N,O flux from the drawdown zone of the Three Gorges Reservoir, China,
finding a mean of 3.6 mg m? d” (less than a quarter of Waltersmuir's mean), and linking a
reduction in N,O emissions to changes in physical sediment properties caused by the varying
water levels. At a shallow temperature estuary in the USA, sediments were on average a small
net N,O sink of -0.024 mg m™ d™, but fluxes ranged from negative to positive (-0.105 to 0.082

mg m~>d™!) (Foster and Fulweiler, 2016).

As with CH,4, a high proportion (82%) of measured fluxes were statistically indistinguishable
from zero (at the 95% confidence level). Although this lack of variance limited our explanatory
power, that these values were so low is informative as there are very few reports in the
literature of N,O emissions from drawdown areas and so this makes a contribution. The low
NO;" concentrations in Waltersmuir sediment could reflect insufficient supply from impaired
nitrification due to the drying effect on the sediment (Mikha et al., 2005). NO;" was found to
be negligible in the saturated sediment most likely due to anaerobic conditions, increasing as
the sediment dries out and mineralisation occurs, and then decreasing again as the sediment

desiccates.

5.4.3 Upscaling of sediment and aquatic evasion

Upscaled evasive fluxes suggest that the drawdown period contributed a large percentage
(CO, 53%, CH, 77% and N,0O 98%) of Waltersmuir’s total GHG emissions, which is a similar
result to other studies (e.g. Chen et al., 2009; Harrison et al., 2017). Methane emissions from a
eutrophic USA reservoir during an annual drawdown were found to constitute more than 90%
of annual CH, emissions (Harrison et al., 2017). In the Three Gorges Reservoir, Yang et al.
(2012) estimated that drawdown area CH, emissions accounted for 42-54% of the total CH,
surface water emissions. Beaulieu et al. (2017) found the drawdown period constituted 67% of
the annual CH, flux also in a eutrophic USA reservoir, and like this study, did not directly
account for ebullition. That we did not capture ebullition flux means this research may have
underestimated aquatic CH, flux. These spikes also suggest that the system is highly-dynamic
which will not be well reflected in the weekly sampling regime, with the first initial drop in
water level likely to generate an episode of CH, efflux. The inclusion of sensors and/or eddy
covariance measurements has the potential to improve temporal understanding during these

short lived and often missed, episodic events when water levels are changing.

In the Nam Theun 2 Reservoir, Laos, Deshmukh et al. (2018) estimated over a 4-year survey

period, that CO, emissions from the drawdown area contributed to 40-70% of total reservoir

169



emissions. Such result is comparable to Waltersmuir’'s CO, contribution (53%) but also
highlights the importance of longer-term sampling as GHG emissions are temporally highly
variable. Results from Waltersmuir support existing understanding, and adding the first UK
drawdown study also suggests that results are similar to CO, and CH, in other regions, but still
little is known about the contribution of drawdown to N,O emissions. The results from
Waltersmuir and other studies also suggest that there could be potential for reservoir
management strategies to reduce GHG emissions during periods of water level drawdown,
especially if planned as was the case at Waltersmuir. For example, the rate of water level
change could be further controlled so that it is low enough to not cause large episodes of
ebullition. If CH, could be held within the sediment for longer to maximise oxidation, this

could result in greater release of CO, which is a less potent GHG (Beaulieu et al., 2018).

Although there is no evidence to suggest the chamber transect is atypical (extending from
reservoir shoreline to centre, covering changes in elevation and sediment properties), it
inevitably only provides partial coverage of the total exposed sediment area of the reservoir,
and could only be sampled periodically. Emissions of all three GHGs can be highly variable in
both space and time, and uncertainties in estimated total evasion are therefore large. Previous
studies have used the average emission rate multiplied by the surface area of the zone where
emissions were measured from (Abril et al., 2005). An area that has received relatively little
attention is the river-reservoir sediment transition zone. Beaulieu et al. (2017) found diffusive
CH, fluxes there to be 10 times larger than in the main reservoir body of a eutrophic

Midwestern USA reservoir, but few other studies exist.

5.5Conclusions
This research presents the first estimate of GHG concentrations and evasion fluxes from a UK

reservoir, taking into consideration inputs, outputs and drawdown zone sediments. Our results
show larger effluxes of reservoir surface GHG are likely during the drawdown period. Such
episodic events would occur from physical displacement of accumulated sediment gases,
which can contribute significantly to total reservoir emissions. This study only accounted for
diffusive fluxes from the reservoir surface, as well as time-averaged fluxes from exposed
sediments, but additional contributions by ebullition would likely increase CH, fluxes and
future studies should account for this pathway (e.g. DelSontro et al., 2010). Upscaled fluxes
suggest that the drawdown area was a major component of total reservoir GHGs, contributing
53% of CO,, 77% of CH,4, and 98% of N,O. The three-month drawdown contributed to a total of
66% of CO,eq-weighted emissions for the year. This study adds to the growing body of

evidence that suggests reservoir drawdown zones are active areas of biogeochemical cycling
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and can stimulate CH,, CO, and N,O release. This research joins a growing body of literature
indicating that temperate zone reservoirs (as well as those of the tropics) could generate

globally significant levels of CH, emission (DelSontro et al., 2010; Harrison et al., 2017).

This study provides a rare insight into the potential effects of an extreme drawdown event on
GHG fluxes and carbon and nitrogen transformations in the sediment, and the effect of
sediment drying and rewetting on GHG fluxes. Spatial patterns of the sediment fluxes appear
responsive to the chamber position from the edge of the reservoir. This was likely linked to the
heterogeneous sediment structure and complex moisture gradients that changed quickly over
the 11 week drawdown period, creating both aerobic and anaerobic conditions. Drying
sediments produced more CO, but less CH,;, with CH, emissions occurring at the wetter
chambers at the margins of the water surface. As the reservoir is drawn down, there will be a
‘fringe’ of high CH, emissions at the edge of the water surface, which will move as the water
level drops, with an expanding area of high CO, emissions outside this wet area. These first
estimates show that drying reservoir sediments are active sites for respiration and associated
CO, release to the atmosphere with similar results being found in reservoir drawdown zones
and dry streambeds (e.g. Catalan et al., 2014; Gémez-Gener et al., 2016). Future research on
drawdown sediments would benefit from studies investigating microbial metabolism in drying
sediments through desiccation to rewetting to provide better mechanistic understanding on
the gas flux controls. Results also suggested that moisture availability and sediment structure
were important factors but further research would be required e.g. investigation of how
textural sediment characteristics change moisture, C and N flux under fluctuating water levels.
With extreme climate events projected to occur more frequently, affecting terrestrial and
aquatic ecosystem C balances (Reichstein et al., 2013) and placing increased demand on water
resources, it is even more important to evaluate the effects of drawdown as a mechanism for

increased reservoir GHG emissions.
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6 Overall discussion, synthesis and conclusions

This discussion brings together the findings from Chapters 3 to 5 to address the aims and
objectives stated in Chapter 1. The overall aim of this research was to investigate the release
of greenhouse gases (CO,, CH, and N,0) in temperate freshwater reservoirs across Scotland
and North Wales. This was achieved by a field based approach which enabled the modelling of
drivers of GHG concentrations from reservoirs. This chapter places the thesis within a wider
context, comparing concentration and flux measurements between chapters, and to other
temperature studies. Finally, the consequences of the study findings for the management of C
and N concentrations in reservoirs and their catchments are outlined, along with

recommendations for future research and the wider implications of the results.

6.1 Catchment comparisons: In-depth vs. seasonal sampling

The spatial survey in Chapter 3 also included Baddinsgill, Black Esk and Waltersmuir in the
sampling campaigns which were also sampled more frequently as shown in Chapters 4 and 5.
The question, is seasonal sampling i.e. only 4 times a year, a good enough measure of GHGs in
reservoirs in Scotland and Wales? Table 6.1 shows that epN,O is well resented in the seasonal
survey with similar low concentrations found at Baddinsgill and Black Esk. However, as
Waltersmuir underwent a drawdown and fish were then introduced in late summer, N,O at
Waltersmuir is underrepresented. The opposite is the case with CH, at Waltersmuir, with
higher oversaturation in the spatial survey due to sampling within the drawdown period.
Baddinsgill also provides a reasonable comparison across in-depth and spatial campaigns for
GHGs. Black Esk however, shows an underestimate in CH,; within the spatial campaign. As
discussed earlier, CH, has more episodic release, especially when sampling from the shallow
littoral zones. Results suggest that seasonal sampling provides a good estimate of GHG
concentrations in relatively stable, more natural reservoirs i.e. without management
interference as was the case with drawdown, especially for N,O and CO,. However, CH, is
captured most poorly in the spatial campaign which highlights the high temporal and spatial

variability of CH, release.

173



Table 6.1 lllustrates the differences in seasonal vs. in-depth sampling at Baddinsgill, Black Esk

and Waltersmuir reservoirs as mean excess partial pressures.

Mean Excess partial pressure
Spatial epCO, epCH, epN,0
Baddinsgill 3.1 24 1.2
Black Esk 5.0 87 2.2
Waltersmuir 3.4 174 1.3
In-depth
BAlres 2.5 31 1.2
BA2res 3.8 29 1.4
BA3res 2.5 19 1.1
BElres 53 131 1.5
BE2res 3.1 154 13
BE3res 3.8 114 1.6
Waltersmuir 3.7 128 2.2

A summary of mean reservoir GHG fluxes in CO,-equivalents from the spatial campaign in
Scotland and Wales, and also the in-depth reservoirs from Chapters 4 and 5 are provided in
Figure 6.1. In terms of CO,, Black Esk the largest contributor which likely reflects the forest
felling, high DOC loads to the catchment and increased capacity of the reservoir providing a
fresh labile carbon supply to the system. Waltersmuir shows largest CH,;, N,O and total flux of
all the sampled reservoirs, most likely due to the very different management regime with
extreme water level fluctuations, as well as the addition of extra carbon and nitrogen in the

aquaculture feed.
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Figure 6.1 Summary of mean reservoir GHG fluxes in CO,-equivalents from Scotland, Wales
and the in-depth sampled reservoirs. N,O and CH, were multiplied by their 100-year GWP,
(IPCC, 2014). All values are in mg CO,-equivalents m™? d™ and expressed as mean * standard
error. Values are only for aquatic evasion within the reservoirs i.e. excluding stream and

sediment evasion.

6.2 Recommended further research

Following the results and discussions in this thesis, and to build upon the work accomplished,
a number of further field and laboratory based studies could be conducted. Brief descriptions
of such recommendations are made below, particularly in relation to improving process
understanding of GHG dynamics in UK reservoirs. These future recommendations also

recognise the limitations in the current studies methodological approach i.e. lack of ebullition
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measurements and sampling from the middle of the reservoir and at depth. As with most
studies, this research can also be improved by a greater number of replicates, a more frequent

sampling regime and longer time series.

Depth and spatial surveying: As sampling was only permitted from the bank edge of the
reservoirs, this research would benefit from boat sampling campaigns to fully capture spatial
variability in C and N concentrations and GHG evasion across the surface of the reservoir. This
could be achieved through seasonal, or summer and autumn campaigns at both Baddinsgill
and Black reservoirs. At the same time, water samples could be collected at different depths
to determine if C and N concentrations change, and temperature profiling could be conducted
using a thermistor chain to assess stratification. This would also help determine whether the
bank samples collected are representative of the reservoir system or only reflect the water

quality in the topmost layer if stratified.

Ebullition: The drawdown zone of reservoirs can be important areas of ebullition, for example,
due to changes in hydrostatic pressure and increased contributions of terrestrial derived
organic matter as discussed previously. An ebullition campaign would be particularly beneficial
at Waltersmuir reservoir (Chapter 5) during the drawdown period to further quantify the CH,
pathway as water levels fluctuate and more accurately quantify the annual reservoir
emissions. As ebullition flux is episodic in nature, exclusion of this pathway could lead to an
overall underestimation in total reservoir CH, flux measured at Waltersmuir reservoir. Future
research should determine the importance of ebullition as a conduit of GHGs from UK
reservoirs to the atmosphere, especially since it is often poorly quantified and infrequently

studied. In doing so, a more complete GHG budget for the reservoirs would be achieved.

This would also require boat work, which could be conducted alongside the above suggestion.
The spatial variability in this pathway could be investigated by a series of transects from the
littoral edge to the middle of the reservoir (shallow to deeper regions, with greatest ebullition
expected to occur in shallower waters i.e. <10 m) (DelSontro et al., 2010). If conducted
seasonally, this would provide information on the magnitude of CH, through this pathway. The
most common method for measuring ebullition is by employing inverted funnels coupled to
gas collectors to capture the ascending bubbles. As ebullition is intermittent, funnels should be
left out over several days but to avoid CH, diffusion from the funnel material and de-
dissolution in the water, samples should be collected within 24 hours. If left longer, fluxes
could also be underestimated due to microbial oxidation of the trapped CH,. Alternatively,

ebullition could also be measured by hydroacoustic techniques or eddy covariance towers (e.g.
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DelSontro et al., 2010, 2011; Eugster et al., 2011). Hydroacoustics quantifies ebullition
indirectly based on bubble size and density in the water column. Consideration would need to
be giving to flux tower placement, i.e. the centre of the reservoir would be optimum, so the
flux footprint covers greatest area of bubbling. This would be the least intrusive method to

provide near-continuous (30 min scale) to measure total fluxes (Schubert et al., 2012)

Continuous sensor measurements of C species: Results from Chapters 3-5 showed both high
spatial and temporal variability in C species from spot sampling. Such measurements are time-
consuming to collect and analyse by gas-chromatography but have been very useful in
providing a broad interpretation of environmental processes, but it limits comprehension of
processes that are highly variable in space and/or time. Concentrations of dissolved CO, in two
of the Black Esk inlet waters were determined continuously using Vaisala CARBOCAP non-
dispersive infra-red (NDIR) CO, sensors (e.g. Johnson et al., 2010), along with stage height,
water temperature, electrical conductivity, pH and dissolved oxygen. Results are not
presented in this thesis due to issues with the equipment and more data quality checks being
required beyond the timescale of this PhD project. To provide more insights into C dynamics
within aquatic systems, particularly short-lived hydrological events or in the case of water level
fluctuations during drawdown, continuous measurements using sensors could be incorporated
into future research. Instrumented sensors could be installed at inlet and outlet streams, and
within the reservoir itself to determine the concentrations of CO, and a range of hydrological
parameters. Due to the often remote location of reservoir catchments, thought would need to
be given to power supply and site accessibility of sensor equipment. Future work would also
be beneficial to develop a method that would allow continuous monitoring of the C pool
simultaneously (CO,, CH, and DOC) to allow deeper understanding of variability and processes.
For example, steps have been made using an ultraportable GHG analyser which quantifies CH,
and CO, simultaneously (Gonzalez-Valencia et al., 2014) and Boulart et al. (2010) provides a
review of in-situ dissolved methane sensors for marine applications that could be adapted to
inland waters. Near continuous DOC sampling measurements exist using pump samplers (e.g.
Clark et al., 2008) or continuous automated spectrophotometric absorbance methods (e.g.
s::can and spectro::lyser; Koehler et al., 2009) will help capture changes in both DOC quantity
and quality from shifting pathways and sources as well as changes due to in-stream

biogeochemical transformations at scales that would not be captured using ‘grab samples’.

In Chapter 5 at Waltersmuir reservoir, GHG concentrations showed episodic pulsing during the
drawdown period as water levels fluctuated. This needs to be considered in greater detail as it

may lead to error in emission estimates in up-scaled estimates from infrequent sampling
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regimes. Either high-frequency measurements using eddy covariance techniques, sensors or a
sampling regime which allows a quick response to rainfall events in addition to standard
periodic measurements may therefore provide a basis for further investigation into the peaks
in GHG concentrations observed in Waltersmuir during drawdown. The floating walkway
surrounding the salmon cages at Waltersmuir would be an ideal location for high frequency
measurement equipment to be installed, allowing real time changes in drawdown to be
quantified as well as system-level emissions if eddy covariance was used. An extended
temporal study (i.e. over at least a 3-year period) would help build a fuller picture of the
temporal dynamics of drawdown on C and N fluxes within reservoirs. The longer timescales
would permit the inclusion of a more ‘normal’ drawdown year outside an extended period
used for dam wall maintenance in this study. The opportunity to continuously sample from the
on start, throughout, and during the full refilling of the reservoir would require closer
communication with the water company or reservoir manager to ensure sampling efforts
captured specific lowering and refilling events. In addition, data sampling from another
reservoir also undergoing planned drawdown in a different geographic location will help
account for different catchment characteristics and management regimes, as well as adding to

the limited amount of C and N data from drawdown monitoring.

Radiocarbon dating and isotopic signatures: To quantify the role of inland waters on GHG
emissions, it is important to understand the hydrological and biological processes that link
sources in the terrestrial system to aquatic fluxes (Vonk and Gustafsson, 2013). The
differences in concentrations seen between the inlets, reservoirs and outlets in Chapters 4 and
5 suggest that there are different processes occurring within streams and reservoirs. Future
work that incorporates radiocarbon (**C) analysis and following the method of e.g. Garnett et
al. (2015) would provide a unique tracer that can be used to identify the source of CO,, CH,
and DOC, and quantify the time between C fixation and return to the atmosphere in both
reservoirs and streams. This would also help answer questions such as how much DOC is
retained within the reservoir, how much carbon is lost to CO, or CH,, how much to the
sediments, and are ‘old’ C stocks in the reservoir being degraded? An example of such
understanding is presented in a study on riverine C release from four UK peatlands by Billett et
al. (2007). They found a significant difference between the isotopic signature of DOC and CO,
lost by surface water evasion, with results indicating that CO, and DOC released from
peatlands are somewhat decoupled and potentially controlled by different mechanisms

(hydrological vs. biogeochemical) and sources (biogenic vs. geogenic). Samples for **C analysis
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of CO,, CH,; and DOC could be collected over 3-4 seasons from a range of reservoir types and

ages.

Greenhouse gas evasion: Evasion is an important component in catchment carbon and GHG
budgets that is controlled by two key factors; the concentration gradient across the water-air
boundary and the gas transfer coefficient which represents the physical rate that gas evades
across the boundary (Billett et al., 2004; Garnett et al., 2015). Evasion was estimated in
Chapters 3-5 but future work should directly measure the gas exchange coefficient (k) for both
streams and reservoirs. For example, K could be calculated using sulphur hexafluoride (SF) via
a whole-reservoir trace-gas spike and/or by the flux rate of SFg in flux chambers (Denfeld et al.,
2013; Garnett et al., 2015). Further research is also needed to develop methods and models
that would allow high temporal resolution of GHG evasion rates to be estimated based on
measurable stream morphological and hydrological characteristics (e.g. depth, width, slope,
flow, velocity, water temperature, substrate type), and which can be tested at landscape
scales to improve annual estimates of evasion loss across multiple sites. Future studies should
aim to further bridge GHG exchange knowledge across disciplines, especially integrating the

physical limnology component to biogeochemical studies of aquatic systems.

Aquatic plants and algae: Results from Chapter 3 suggested that GHG concentrations were
affected by the presence of algae and/or aquatic plants. Future research should investigate
the potential influence of plant-mediated GHG transport (e.g. Chanton and Whiting, 1995;
Cole et al.,, 2000). For example, CO, absorption has been found to increase through
photosynthesis by the presence of aquatic plants. Plants can also fuel CH4 production if dense
mats deplete surface water oxygen. This could be achieved by chamber measurements, similar
to those used at Waltersmuir, or by a mesocosm study that can investigate fluxes from
individual plant communities present in the reservoir of interest. A mesocosm approach could
also allow the control of temperature and water levels to simulate different growing season

conditions and under different climate scenarios.

Reservoir management: An increasing number of water companies across the UK are installing
ResMix destratification systems (WEARS, Australia) aimed at improving reservoir source water
quality and reduce water treatment costs (e.g. Elliott and Swan, 2013). The ResMix pumps
warmer oxygen rich surface waters to deeper bottom waters where oxygen is required and
can eliminate problems related to reservoir stratification and gradients in dissolved oxygen. A
system was installed at Black Esk reservoir (Chapter 4) during the last sampling year but not

enough information was available to evaluate, if any, the impact on edge sampling GHG
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concentrations. Future work could assess the impact of ResMix operation on C and N dynamics

within the reservoir and recommend changes to operation if required.

Up-scaling of GHG emissions to reservoir and UK wide scales: GHG fluxes from the drawdown
area were up-scaled based on elevation range of chamber placement which was assumed to
have similar sediment moisture gradients from shoreline to the middle of the reservoir
spatially across the whole system. Up-scaling of point measurements of fluxes to lake-scale
and regional estimates is challenging, particularly when assumptions have to be made. A big
weakness of the chamber method is the inability to interpolate measurements over large
scales due to the spatial variability in fluxes which can vary by several orders of magnitude
over relatively short distances (Chadwick et al., 2014) as seen in Chapter 5. The spatio-
temporal variability and the use of different measurements approaches (e.g. headspace,
evasion calculations and static chambers) can add multiple levels of uncertainty to flux
estimates and is rarely quantified in studies. The accuracy of the emission estimates is also
limited by methodological constraints, particularly for CH, as ebullition can be the dominant
pathway but the ability to accurately measure this flux is hampered by its spatio-temporal

variability and difficulty in assessing ebullition rates at the system scale (Beaulieu et al., 2017).

Uncertainty can be considerable in estimating cumulative flux over the experimental period
from sparse and variable measurements. Uncertainties need to be properly propagated to
provide confidence intervals on emission factors calculated at the local and national sales. The
methods most commonly used in the literature to calculate cumulative fluxes are i) simple
averaging all measurements (e.g. Skiba et al., 2013) or ii) to interpolate and integrate by
trapezoidal rule integration (e.g. Matson et al., 1996) which involved the linear interpolation
between data points, calculating the area of each trapezoid formed and summing these areas
as used in Chapter 5. Several shortcomings with these methods are highlighted in Levy et al.
(2017) such as simple averaging gives equal weight to points, trapezoidal integration is
sensitive to noise in the data, there is no straightforward way to quantify introduced
uncertainty, and no information such as expectations based on weather, sediment conditions
is incorporated. Bayesian approaches are being increasingly taken e.g. Levy et al. (2017) used a
Markov Chain Monte Carlo method to provide uncertainties on model parameters, calculated
fluxes and can also account for measurement error from chamber measurements, and a
similar approach could be used to quantify uncertainties of the up-scaling approach at

Waltersmuir (Chapter 5).
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Another way to integrate respiration fluxes would be to derive an exponential model of
instantaneous CO, flux vs. temperature, but due to the variation in moisture content at
Waltersmuir, it could be confounded. Similarly, CH; and N,0 could be modelled as a function
of temperature and water filled pore space. Up-scaling emissions based on predictors of GHG
emission rates could result in a more accurate estimate of fluxes and once that can be up-
scaled to diverse regions with divergent reservoir size. Predictive models could also include
other environmental covariables that predict GHG emission rates, for example, land use and
soil variables if empirical relationships with GHG emissions could be demonstrated. However,
due to the few data points, and limited significant relationships found between GHGs and
variables from the mixed effects modelling (Chapter 5) it was not felt that this was would be a
reliable approach. Basic linear interpolation between chamber measurement points makes
significant assumptions which leaves room for uncertainty, and it would be important to
identify areas in the reservoir sediment which may not be well represented by the sampling
methodology e.g. the inlet-sediment transition zone. Other interpolation methods e.g. kriging
and polynomial will also be affect by the same problem as linear interpolation due to the
spatial variability of fluxes. A further advantage of using an eddy covariance method in future
research, and especially in drawdown area studies, is that it can measure and integrate flux
data directly over larger areas continuously without disturbing the sediment environment. An
eddy covariance approach would work well in large homogeneous areas like the exposed
drawdown sediment at Waltersmuir, however, it would not be able to address the issue of
spatial variability in reported fluxes as seen in Chapter 5 or identify ‘hot spot’ areas. It is also
important to note that eddy covariance also requires sensitive equipment that requires high
power supply and so can be expensive (Hensen et al., 2013) which may not be practical for all

projects.

Results from Chapter 3 provide insight into the magnitude of GHG concentrations and evasion
from a variety of reservoir catchments in Scotland and North Wales. Due to logistical and cost
limitations, sampling was restricted to the thirty sites which provided a snapshot of typical
drinking water catchments in UK uplands covering a range of geologies, rainfall gradients and
catchment land covers. A very similar magnitude in GHG concentrations is reported by
Whitfield et al. (2011) for Irish lakes, suggesting the results provide a representative sample of
UK reservoir GHG concentrations. This also suggests that up-scaling of GHG concentrations
and evasion could be possible in the UK for lakes and reservoirs. Although unlikely
representative of all UK reservoir types, future research efforts could be made on quantifying

concentrations and evasion from reservoirs in highly degraded peatland catchments (e.g.
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Pennines; Stimson et al., 2017), in catchments with limestone and/or chalk geology (e.g. in
Yorkshire), and in regions with intensive agriculture (e.g. East Anglia). This further sampling,
combined with utilising the GIS-based inventory of UK lake and reservoir catchments, and UK
Met Office meteorological stations across different regions could permit reservoir emission

up-scaling across the UK.

6.3 Implications for catchment and reservoir management and

recommendations
It is important to consider how this research and proposed future research could supplement
management practices that could be followed in UK drinking water reservoir catchments to
minimise C and N impacts on water quality. Drinking water provision across the UK is heavily
reliant on peatland-fed reservoirs, suggesting that peatlands play an important role in UK
water security (Xu et al., 2018). Water supply reservoirs in the UK have an estimated storage
capacity of 1.8 km® and 73% (1.3 km?) are peat-fed (Xu et al., 2018). Approximately 1.6 km> yr™
of mixed-source peat-fed water is consumed in the UK i.e. supporting 43% of the UK
population. Across the 30 reservoirs sampled in Chapter 3, results found a median of 83% of
‘HOST — Total Peat’ across catchment areas where many of the sampled reservoirs are also

peat-fed.

In recent years, water companies across the UK have been adopting integrated catchment
management practices to reduce diffuse pollution at source in drinking water supply
catchments, which also helps reduce treatment costs and meet regulatory requirements
(Spiller et al., 2013). This process relies on local, catchment specific knowledge and data,
including stakeholder knowledge (e.g. farmers), land use and hydrogeology. For example,
Scottish Water had an ongoing catchment management programme at Black Esk and
Baddinsgill reservoirs (Chapter 4) prior to and through some of this PhD research looking at
colour, DOC and other water quality variables (pers. comm, data not shown). Many catchment
management investigations are reactionary and focus on a single pollutant issue in isolation,
e.g. increased organic carbon and colour issues, which results in water companies not making
the most of an integrated approach to improve drinking water quality (Bloodworth et al.,
2015). At Black Esk reservoir, the catchment management and sampling programme focussed
efforts at five locations, three of which ran into the main inlet stream (BE3in in this study) and
samples from two inlets covered in this PhD were excluded, BElin and BE5in, which had
catchment soils of 100% dystrophic blanket peat and 100% peaty gleys, respectively. Annual

mean areal DOC load at BE5in was the highest in Black Esk catchment, estimated at 105+ 15 ¢
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C m? yr'! (Chapter 4) which is likely attributed to the high percentage of peaty soils in the
catchment. The sampling frequency of the catchment management programme was also low
i.e. 8 samples were collected in 2015 which increased to 11 in 2016 for BE2in which may have
missed key events. Future catchment management programmes could benefit from exploring
the sub-catchment characteristics first via GIS analysis to identify potential dominant pollutant

sources which could help focus sampling efforts.

It can be difficult to prioritise areas of catchment management due to catchment
heterogeneity and the range of pollutants that should meet the requirements of EU Drinking
Water Directive (98/83/EC) and ‘good’ ecological and chemical status according to the EU
Water Framework Directive (WFD; 2000/60/EC). In Scotland, The Public Water Supplies
(Scotland) Regulations 2014 ensures high quality water supply and details acceptable levels of
elements/substances in drinking water knows as the Prescribed Concentration or Value (PCV).
For example, pH levels should be in the 6.5-9.5 range, the PCV for conductivity is 2500 uS cm™
at 20°C, nitrite is 0.5 mg L or 0.10 at the treatment works, nitrate is 50 mg L"l, ammonium
0.50 mg L™ of which median levels and concentrations from the spatial survey of reservoirs in

Scotland (Chapter 3) fell below the PCV.

According to Xu et al. (2018), arable and livestock hill farming are common land use activities
on water-supply peatlands, especially in the UK. Of the thirty sampled reservoirs in Chapter 3,
ten reservoirs had arable activities in their catchments but at very low catchment coverage
(<3%), however hill sheep farming was much more common, particularly in North Wales. Cefni
catchment in North Wales was found to have highest N,O concentrations, most likely linked to
the improved grassland and arable activities within its catchment from diffuse pollution. A
marsh wetland immediately surrounds the reservoir with cattle and sheep farming beyond
where agro-chemicals are used (Hatton-Ellis, 2015). At this catchment, riparian buffer strips or
setting ponds could be implemented around the catchment. Fertiliser application is commonly
used to enhance crop growth but if not managed, excess N and P can leach from soils into
waters, which in turn, can induce eutrophication and lead to algal blooms, of which can be
toxic. In Chapter 3, five of the reservoirs in North Wales had algae present during summer
sampling, including at Cefni, Dolwen and Plas Uchaf which had highest N,O concentrations.
From a drinking water perspective, algae blooms can reduce water quality and negatively
affect the treatment process e.g. by clogging filters, producing unwanted odours and tastes
(Henderson et al., 2008). Water companies could implement floating constructed wetlands to

reduce potential algae bloom formation, which also has the potential to reduce the
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contribution of DOC release by algae depending on specific plant species used (West et al.,

2017).

Both Black Esk and Baddinsgill reservoirs (Chapter 4) have managed catchments (e.g. forest
felling, muirburning, grouse management, sheep farming) which can cause changes to aquatic
C and N concentrations at different time periods throughout the year. Although the influence
of forest felling was not specifically quantified in this study, the disturbance to the peaty soils
in the catchment cold potentially increase C release from what was a relatively stable C store,
to the water network. Overgrazing can often lead to vegetation and peatland erosion, which
can increase fluvial aquatic C loss and downstream water treatment costs (Dawson et al.,
2010; Stanley et al., 2012). For example, across Baddinsgill catchment, there were numerous
areas of eroding and bare soils, often in areas with high poaching from sheep and cattle and at
edges of water courses (e.g. near BAlin and BA2in which saw higher areal mean DOC flux).
Poaching has been found to detach sediment from both land and river banks (Skinner et al.,
1997). There were many damaged fences around the catchment which allowed sheep and
cattle direct access to the water courses, in such areas, fencing should be more regularly

checked and maintained.

Removal of peaty sediment and DOC is the largest cost (e.g. chemical usage, labour and waste
removal) in raw water treatment for many UK utility companies (Whitfield et al., 2011), and
any remaining DOC can react with the disinfectant to produce harmful disinfectant by-
products such as regulated carcinogens (Chow et al., 2003) and can also stimulate microbial
re-growth in the distribution system (e.g. Niquette et al., 2001). For example, to meet drinking
water standards, a water company in England, UK spends ~£150,000 per annum on sediment
removal in the 200 km?® Bamford catchment (Xu et al., 2018). In temperate regions,
degradation of peatlands is thought to be increasing due to rising temperature and drought

frequency (Clark et al., 2010) which could also see a rise in future sediment removal activities.

Highest inlet DOC concentrations at Baddinsgill were from BAlin and BA2in which also had
high annual loads; however, BA5in had highest areal mean C flux for DOC (Chapter 4). In the
UK, the largest DOC source to surface water is from catchments with high percentage of peat
soils (Armstrong et al., 2010; Dawson et al., 2002). When walking between sampling locations,
the area between BAlin and BA2in had old drainage ditches that were overgrown with moss
and vegetation but could still be acting as a conduit for C entering the inlets and reservoirs. A
handful of the reservoirs visited in Chapter 3 also had areas of bare peat surface which can

contribute to high organic C loads and colour. Also at Baddinsgill, the area around BAlin,
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BA3in and BA5in sampling points had exposed peaty soils and large overhanging stream banks
which are exposed to wind and rain erosion. On a few sampling occasions, there was evidence
of bank collapse which results in large peaty deposits being washed downstream to the
reservoir. To prevent this, bank re-profiling and vegetation planting could be one possible
solution to protect the peaty soils from erosion. It is recommended that on-foot inspections of
the area between these two sub-catchments are carried out to identify potential restoration
efforts that could be made e.g. peatland drain blocking has been found to lower DOC and

colour values by 60-70% (Wallage et al., 2006).

Catchment officers employed by water companies could work closer with stakeholders (i.e.
farmers, land owners, forestry commission) to facilitate local catchment knowledge, especially
at a sub-catchment to km? scale where water quality monitoring can be more limited. As
discussed earlier, the integration of high frequency sensor measurements into the catchments
are more likely to capture water quality impacts at sub-catchment scales from catchment
activities that may not be detected from manual sampling at fortnightly to monthly intervals.
Water companies should continue working with research institutes and utilising PhD
studentships to support the monitoring of problematic catchments to implement more

frequent sampling regimes.

Scotland plays a large role in EU and International aquaculture, with being the largest
producer of farmed salmon in the EU. In 2016, there were 26 sites of freshwater salmon
production around Scotland (Munro and Wallace, 2016), including at Waltersmuir reservoir.
Results from Chapter 5 at Waltersmuir reservoir identified increased CO, emissions, DIC and
DOC concentrations after August which coincided with the time of fish re-stocking and daily
feeding of the fish. Approximately 12 tonnes of feed with a composition of 45.2% carbon, 7.9%
nitrogen and 1.4% phosphorous was used between August and March. Approximately 4
tonnes of salmon were stocked in August and 10-11 tonnes removed in March. The food
conversion ratio (FCR) is commonly used in aquaculture to define the amount of dry food
consumed per wet fish biomass produced (i.e. feed given/weight gain) and is an indicator of
feed efficiency in fish farming, with an average FCR for salmonids to be 1.0 to 1.2 (Hasan and
Soto, 2017). At Waltersmuir, this equates to approximately an FCR of 1.7 to 1.8. Improving the
FCR inline with recommendations through better feed management and monitoring could
have the potential to reduce GHG emissions and C from aquaculture but more research would
be required to verify such changes e.g. through the use of sediment traps under cages (Corner
et al.,, 2006). In this study, Corner et al. (2006) also reported on the carbon assimilation

efficiency in farmed marine Scottish, where ~50% of the salmon feed pellet was organic
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carbon (similar to the 45% used at Waltersmuir), 3% of feed was assumed uneaten and lost
directly to the environment, 14% of the carbon consumed was used for fish growth, and 60%
was respired or excreted by the fish, resulting in 74% of the organic carbon in the pellets were
digestible. For salmonids, ~35-40% of ingested N is retained for growth, ~50% excreted as
ammonia and urea and 10-15% lost in faeces (Talbot and Hole, 1994). The nitrogen content of
pellet dry weight is typically ~6-6.5% (Ackefors and Enell, 1990) which is lower than the N
content in the Waltersmuir feed. Ackefors and Enell, (1990) also produce a nitrogen load from
marine cage-fish farming which shows for every ton of fish produced, 61 kg of nitrogen
released is dissolved in water and 17 kg as particulate, and 10-30 kg is estimated to be
released from the sediment. The use of fish feed with high N and C content is a major factor
for the levels of C and DON observed in Waltersmuir, with additional release likely triggered by

the effect of drawdown.

6.4 Research contributions to the wider-knowledge base

This research has added to an existing knowledge base on C and N concentrations and fluxes in
temperate inland waters and provided some new information which could be utilised in future
studies, as suggested above, or used in industry by utility companies, aquaculture managers

and forestry. The main contributions are summarised below:

1. This research provided three novel contributions (Chapters 3 -5) to the study of C and N
concentrations and estimates of evasion in upland reservoir catchments, particularly in
peatland and forestry dominated catchments. Studies estimating aquatic C and N
concentrations and fluxes in temperate reservoirs, but particularly in the UK, are lacking
and so this research has created a dataset as detailed as in other temperate regions of
Europe, USA and Canada.

2. Chapter 3 quantified C and N concentrations and evasion from thirty reservoirs in Scotland
and North Wales, providing the first baseline understanding of spatial variability of C and
N from a variety of catchment and reservoir types in the UK. This research showed that
the sampled reservoirs are typically oversaturated with CO,, CH, and N,0O, and could act as
carbon sources, but to a lesser extent nitrogen sources due to levels closer to atmospheric
equilibrium. It was also identified that CO, was the dominant GHG, even when GWPs of
CH, and N,O were calculated. This spatial understanding illustrates that future research
would be beneficial to develop greater process understanding of GHG dynamics in UK
reservoirs.

3. Chapter 4 provides the first fluvial C and N export study for lakes and reservoirs in the UK

that accounts for CO,, CH, and N,0, in addition to DOC, DIC and DON. It also provides an
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integrated approach, considering changes in C and N fluxes in inlets, reservoirs and
outlets. Observational datasets using routinely monitored DOC at catchment outlets are
commonly used for assessing variability in concentrations and export (Clark et al., 2010).
However, the spatial scale at which hydrological mobilisation and biogeochemical
transformations take place is often at much smaller scales which will not always be
observed at catchment outlets. As seen in Chapter 4, the input C and N fluxes showed high
spatial variability between sub-catchments, and also differences from the inlets to the
reservoir and the outlet. Such trends would not have been picked up if monitoring only
focussed efforts at the outlet and so this chapter also provides an understanding of the
relative role of the sub-catchments to the C and N balance of the reservoirs. This in turn
can help the utility company prioritise management activities in specific sub-catchments
showing greatest C and N loads, which has the potential to reduce costs at water
treatment works, especially for colour and organic carbon.

Chapter 5 at Waltersmuir reservoir reports the timing, spatial configuration and
magnitude of CO,, CH, and N,O fluxes, taking account of drawdown impacts. This is a
novel, first in the UK study, and makes a valuable contribution to the limited literature in
this field and also emphasised that drawdown fluxes are important.

The GHG emissions reported in this research have the potential to make a significant
contribution to national GHG emissions if up-scaling to UK inland waters was conducted.
The development of methods by the IPCC to account for GHG emissions from ‘Flooded
Lands’ could be used to further aid understanding on national emissions from inland
waters in the UK, which this research could contribute towards.

In addition to an increased understanding of drawdown, results from Waltersmuir
reservoir (Chapter 5) shed some insight on the impact aquaculture has on C and N
dynamics in freshwaters, of which there are a further 25 freshwater sites in Scotland, with
numbers growing globally. The results and data could be of value to the aquaculture
sector, particularly if food usage and associated accumulation of C and N in the water
body can be reduced, or water level management controlled to lessen the effects of
hydrostatic pressure on C and N release from sediments.

Greater uncertainty exists over the magnitude of N,O in aquatic systems and how it varies
spatially within catchments (e.g. Beaulieu et al., 2008). Research in this thesis adds to the
growing number of studies focussing on reservoir N,O concentrations and fluxes in recent
years. Other studies which investigate N,0O in the UK and globally are more typically

conducted in N rich lowland areas which exhibit greater N,O production and emissions e.g.
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Dong et al. (2004) quantified nutrient and N,O emissions from nutrient rich and
oligotrophic rivers in England and Wales. Unsurprisingly, many upland reservoirs and
streams sampled in this research had low N,0 concentrations, reflecting the relatively low
catchment N loading. Despite the low concentrations of N,O in the majority of the
reservoirs, this is still an important finding, and means future sampling efforts can focus on
more nutrient rich environments like Waltersmuir and some of the reservoirs in Wales

which had algae blooms.

In summary, this research has led to a greater understanding of GHG release from reservoirs
across Scotland and North Wales, with particular reference to the spatial and seasonal
variability in C and N concentrations in a variety of reservoir catchments, commonly found
across UK uplands. Magnitudes of GHG concentrations and fluxes were in line with other
temperate systems and even some tropical reservoirs as was the case with Waltersmuir fluxes.
Many reservoirs showed N,0 concentrations to be closer to atmospheric equilibrium,
however, higher concentrations were observed in some North Wales reservoirs which had
agriculture related land uses in their catchments, and algae visible over summer months. It
was shown that CO, and CH, concentrations and levels of oversaturation can be very different
across reservoirs. Evasion of CO, and CH, ranged from a smaller to significant source, with the

high percentage of peat soils in the catchments an important factor.

The in-depth sampling at the managed moorland and coniferous forested catchments of
Baddinsgill and Black Esk reservoirs revealed differences in catchment areal fluxes, and
emphasised the importance of taking an integrative sampling approach when measuring the
reservoir balance and fluvial C and N export. Evasion from inlets was also found to be higher
compared to the reservoirs, with a high degree of both spatial and temporal variability seen.
The annual balance of areal mean C and N fluxes showed both reservoirs to act as sinks for all

measured C and N species compared to inlet and outlet fluxes.

The study at Waltersmuir revealed that drawdown plays an important role in regulating GHG
release from reservoir sediments and the water column, and can contribute disproportionally
to annual reservoir emissions. Moisture dynamics and slope were important factors in
regulating sediment fluxes. With predicted increase in the frequency and intensity of both
droughts and extreme rainfall events (IPCC, 2014), the relative importance of fluctuating water
levels and exposed sediments is likely to increase. Overall, this research has shown that
temperate reservoirs in Scotland and Wales can be quite significant emitters of CO, and CH,,

and to a lesser extent, N,O.
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The discussion on future research directions highlights opportunities that could be further
explored, enhancing the results from this research. The extent of future research
opportunities emphasises the wide range and complexity of C and N dynamics in aquatic
systems. In current funding regimes, fully integrated monitoring is more challenging and thus
more cost-effective alternatives e.g. automated sensors and remote sensing could be
explored. Opportunities surrounding knowledge exchange have not been fully explored in this
study but could be a sensible future approach when assessing where to best focus sampling
efforts, particularly if other researchers across the UK were utilised, allowing also increased
spatial coverage of GHG fluxes. This would also allow needs of stakeholders and scientific
interest to be integrated. There is a need for continued catchment wide monitoring at
reservoirs across the UK to help understanding longer term impacts on GHG dynamics and any

changes in catchment management to water quality and C and N fluxes.
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Appendix | — Flow rating curves

Black Esk reservoir catchment
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Baddinsgill reservoir catchment
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